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Abstract

Arctic freshwater ecosystems are subject to profound climate-driven changes. Air
temperatures are rising, leading to changes that include increased primary production and
enhanced permafrost degradation. These and other climate-related effects interact to
influence the accumulation of mercury in sediments and food webs of Arctic lakes. Mercury
is a neurotoxin that is harmful to human and animal health, and in its methylated form,
mercury can be taken up and biomagnified through food webs. The controls on mercury
deposition, bioaccumulation, and biomagnification are complex and spatially variable. An
area where especially little is known about spatial and temporal variability in mercury
accumulation is in the food webs and sediments of lakes on the Arctic Coastal Plain of

Alaska (ACP), a lake-rich region in northern Alaska.

Sediment cores were collected from three thermokarst lakes on the ACP and analyzed to
understand changes in, and drivers of, Hg accumulation over the past ~100 years (Chapter
2). Mercury accumulation in two of the three lakes was variable and high over the past
century (mean=37.4 pg/m:/year and mean = 45.8 ng/me/year), and largely controlled by
sedimentation rate. Mercury accumulation in the third lake was lower (mean = 6.5
pg/my/year), more temporally uniform, and was more strongly related to sediment Hg
concentration than sedimentation rate. Sediment mercury concentrations were quantitatively
related to measures of sediment composition and VRS-inferred chlorophyll-a, and
sedimentation rates were related to various catchment characteristics. These results were
compared to data from 37 previously studied Arctic and Alaskan lakes. Results from the

meta-analysis indicate that lake thermokarst lakes have significantly higher and more
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variable Hg accumulation rates than non-thermokarst lakes, suggesting that properties of
thermokarst lakes, such as thermal erosion, thaw slumping, and low hydraulic conductivity

likely make these lakes prone to high and variable Hg accumulation rates.

Following the observation that catchment influence varied spatially on the ACP, and that it
affected the amount of, and pathways by which, mercury accumulated in lake sediments
(Chapter 2), I hypothesized that catchment influence may also affect how mercury enters and
accumulates in lake food webs on the ACP. In Chapter 3, six lakes were sampled across a
physico-chemical gradient on the ACP to investigate variability in methylmercury levels
([MeHg]) in Ninespine stickleback (Pungitius pungitius), a fish species that was present in all
lakes. Evidence suggested that bioaccumulation of MeHg through lake food webs was
indirectly affected by degree of catchment influence. Methyl mercury concentrations in
sediments and filter feeding invertebrates were higher in lakes that were inferred to be more
autochthonous (less catchment influence), but higher in periphyton from lakes that were
inferred to be more allochthonous (more catchment influence). Regardless of catchment
influence, benthic invertebrates had higher MeHg levels than zooplankton. MeHg levels in
Ninespine stickleback were significantly related to one tracer of catchment influence,
sulphate concentration in lake water, and length-adjusted MeHg levels in Ninespine
stickleback were best predicted by age-at-size, an indicator of growth (p=0.030). Together,
lake sulphate concentration and fish age-at-size accounted for nearly all of the among-lake
variability in length-adjusted [MeHg] in stickleback (R>=0.94, p=0.006). It is likely that
different sources of production (littoral macrophyte/biofilm vs pelagic phytoplankton) and
food web structure (detrital vs grazing) affect rates of methylation and uptake of MeHg into

the six lake food webs that were studied, but further research is necessary.

viii



As growth was found to be the best biotic predictor of length-adjusted MeHg concentrations
in fish (Chapter 3), the focus of Chapter 4 was to understand effects of parasitism on growth
and mercury concentrations in stickleback. Parasites are an important and often poorly
understood component of aquatic ecosystems. The cestode Schistocephalus pungitii is a
parasite of Ninespine stickleback. Little is known about the effects of parasitism on the
growth and ecology of Ninepsine stickleback, nor how parasitic infection affects MeHg
concentration in this important prey fish species. Fish growth, MeHg concentrations, and
incidence and intensity of parasitism in Ninespine stickleback were investigated using
samples collected from six lakes on the Arctic Coastal Plain of Alaska. Comparisons were
made between parasitized and unparasitized fish. In addition, differences between hosts and
parasites in 8'°N, [MeHg], and caloric density were investigated to assess potential
implications of parasitism on mercury transfer through the food web. There were differences
in infection rate (ranging between 8-98%) and parasitization indices (ranging from 12-23%)
among lakes; however, in all lakes, cestode parasites had significantly lower 8'°N (p<0.0001)

and [MeHg] (p=0.001) than their fish hosts, and tissue from parasitized stickleback had
significantly higher [MeHg] than tissue from unparasitized stickleback (p=0.05). Higher
MeHg concentrations ([MeHg)] in tissue from parasitized stickleback appears to be a result
of decreased growth rates, as there was a positive relationship between infection rate (percent
parasitized) and fish age-at-size (p=0.04), and it was previously shown (Chapter 3) that
[MeHg] in stickleback is positively related to age-at-size. To predators, parasitized
stickleback could actually represent a prey source with relatively lower [MeHg], because the
relative mass and MeHg concentration of the parasite significantly lowers the overall

mercury concentration of the “fish meal” (p<0.01). In addition, parasitized stickleback have a
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similar caloric density to their unparasitized conspecifics (p=0.11). Because higher infection
rates have been observed (>50%) in other Arctic lakes, and because the fecundity of S.
pungitii is predicted to increase with climate warming, it is possible that cestode parasites
could actually create an overall dilution of mercury through the simple food chains of

shallow Arctic lakes.

This thesis represents the first in-depth analysis of mercury accumulation in lake sediments
and mercury concentrations in food webs of lakes on the Arctic Coastal Plain of

Alaska. Results of this research provide further evidence that mercury dynamics in lakes are
complex and can be directly or indirectly influenced by several biotic and abiotic factors. It
is clear that catchment characteristics play a significant, yet not fully understood, role in the
deposition and accumulation of mercury in lake sediments, and that catchment characteristics
also affect methylation and uptake of mercury into the food webs. Results from this research
will ultimately help inform predictions of how fish mercury concentrations may respond to

climate change.
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1 General Introduction

Climate change is expected to have pronounced impacts on Arctic freshwater ecosystems
(Rouse et al. 1997). Although it is widely accepted that the ecology and hydrology of these
systems will be altered, it is difficult to predict specific effects at regional or local scales, due
to an incomplete understanding of how climate-induced changes to freshwater ecosystems
(e.g., warmer summer water temperatures, increased or decreased dissolved organic carbon
and turbidity, etc) will interact and manifest to affect changes in ecosystem structure and
function. Elevated air and water temperatures are causing degradation of permafrost and
changes in the amount and location of primary production, composition of biotic
assemblages, fish growth rates, and parasite infection rates (see Prowse et al. 2006). All of
these factors, along with changes to lake catchments and water chemistry, can have profound

impacts on mercury accumulation in Arctic lake systems.

1.1 Mercury

Mercury (Hg) is a heavy metal that can be harmful to human and animal health. In the
methylated form (methylmercury (MeHg)), mercury is a neurotoxin, and can bioconcentrate
in lower trophic levels before bioaccumulating and biomagnifying through food webs (see
Kidd et al. 1995; Atwell et al. 1998; Lockhart et al. 2005). While there are natural sources of
Hg (e.g., volcanoes, unweathered sediments, and forest fires), the majority of Hg emitted to
the atmosphere originates from anthropogenic sources (AMAP, 2019). As of 2015, artisanal
gold mining comprised nearly 40% of anthropogenic emissions of Hg, followed by coal

combustion (~ 21%; AMAP, 2019). Gaseous elemental mercury (Hg(0)) has a relatively
1



long residence time in the atmosphere (6-9 months; Lindberg et al. 2007) and can thus travel
around the globe on prevailing winds to areas that are remote from sources, including the
Arctic (see AMAP, 2011). It has recently been shown that gaseous elemental mercury can be
taken up directly by northern vegetation (Obrist et al. 2017). Hg(0) can also be oxidized in
the atmosphere, and deposited onto lakes and landscapes (see Lindberg et al. 2007). In
response to environmental regulations, declines in atmospheric mercury emissions have been
observed in recent years in Europe and North America, while they continue to increase in
South and East Asia (see AMAP, 2019). It is difficult to predict future mercury mobilization
to aquatic ecosystems because of effects of climate change on mercury cycling. Even if
anthropogenic emissions of Hg to the atmosphere are curtailed, it is possible that mercury
deposition to lakes will continue to increase due to mobilization of 'legacy’ mercury that is
currently stored in soils and oceans (Corbitt et al. 2011). Recently, Schuster et al. (2018)
found that there was a globally significant amount of mercury stored in Northern Hemisphere

permafrost (~800 Gg Hg).

The methylation of mercury is a complex and not yet fully understood process, by which a
methyl group is added to divalent mercury (see Lehnherr et al. 2014). Mercury methylation
is often thought to occur primarily at the sediment-water interface (e.g., Korthals and
Winfrey, 1987) in aquatic ecosystems; however, methylation can also occur in the water
column (e.g., Watras et al. 1995a, Mauro et al. 2002), catchment (e.g., St. Louis et al. 1994),
and in biofilms (e.g., Mauro et al. 2002). While sulphate-reducing bacteria (SRB) are the
primary methylators in aquatic ecosystems (Compeau and Bartha, 1985), methanogenic

archaea and iron-reducing bacteria have also been identified as methylators (see Lehnherr et



al. 2014). There are several factors that control rates of mercury methylation, including the
amount of bioavailable inorganic mercury, presence of suitable methyl donors, and
environmental conditions (see Lehnherr et al. 2014). Methylation is favoured in anoxic (e.g.,
Olson et al. 1974; Compeau and Bartha, 1985), low pH (e.g., Golding et al. 2007; Winch et
al. 2008) conditions. Concentrations of both dissolved organic matter (DOM) and sulphate
affect mercury methylation, but the effects are complex. Although DOM can act as a
substrate for methylating microbes, DOM can also bind with mercury and make it less
available for methylation (see Ravichandran et al. 2004). Similarly, sulphate can stimulate
SRB, which results in higher methylation rates. However, a product of sulphate reduction is
sulfide, which has a high affinity for/can complex with, divalent mercury - making it
biologically unavailable for methylating microbes (see Lehnherr et al. 2014). Gilmour et al.
(1992) suggest that 0.1-0.5 mM sulphate in sediment is optimal for methylation. Above this

range, methylation is inhibited by sulfide, whereas below this range sulphate is limiting.

MeHg, whether it is derived from in-lake methylation or from the catchment (e.g., St Louis et
al. 1994, Bravo et al. 2017), can enter the water column and bioconcentrate in phytoplankton,
bacteria, and benthic algae (see Morel et al. 1998, Pickhardt and Fisher 2007). Many trace
metals can bioconcentrate in algae and bacteria; however, MeHg not only bioconcentrates
but also bioaccumulates and biomagnifies, which results in increasing portions of total
mercury (THg) being comprised of MeHg as trophic level increases (e.g., Watras and Bloom,
1992). Fish can have concentrations of mercury that are one million times that of the water
they inhabit (Linqvist et al. 1991). Bioconcentration of MeHg from water to primary

producers represents an important step in this process, as phytoplankton often have more than



ten thousand times the concentration of mercury as ambient water (Pickhardt and Fisher

2007).

The majority (80-90%) of MeHg in fish comes from their diet, with the remaining fraction
coming from water (Hall et al. 1997). Originally, it was thought that the efficient
biomagnification of MeHg was due to its liposolubility (Boudou and Ribeyre, 1997);
however, it was later identified that fish have a higher burden of mercury in muscle tissue
than in fats (Boudou and Ribeyre, 1997), and that MeHg is bound to the amino acid cysteine
(Harris et al. 2003). While MeHg is lipophilic enough to cross the cell membrane, it
preferentially binds to proteins, which is why it accumulates more efficiently than inorganic

Hg and is able to biomagnify (see Morel et al. 1998).

Since methylmercury biomagnifies through aquatic food chains, concentrations are highest in
top predators, which are often fish. This can pose a risk for fish-eating wildlife and humans,
and it is through eating fish that humans are primarily exposed to MeHg (AMAP, 2019).
Effects of mercury toxicity can include lack of coordination, impaired cognition, deafness
and blindness (see Rice at al. 2014). Because MeHg binds with cysteine, it is able to cross
the blood-brain barrier and can cross the placenta in pregnant women, which poses a risk for
neonates (see Tchounou et al. 2003). Some Indigenous communities are at an elevated risk

of mercury exposure through diet, as they rely heavily on fish for subsistence (AMAP, 2019).

There are many biotic and abiotic factors that control concentrations of methylmercury in

fish, including the amount of MeHg available for uptake into the food web, rates of



biomagnification through the food web, and fish ecology and life history (see Lehnherr et al.
2014). The amount of MeHg available for uptake into food webs is determined by the
amount of MeHg delivered directly to lakes from catchments, as well as bioavailable THg,
the activity of methylating bacteria in lakes, and demethylation rates (see Lehnherr et al.
2014). The bioaccumulation of mercury in fish can be affected by a myriad of factors
including growth rates (Karimi et al. 2007), trophic position (Kidd et al. 2012), fish age
(Scott et al. 1972), and life history (Swanson et al. 2011); whereas the biomagnification of
mercury through a food web can be impacted by variations in primary production (Pickhardt

et al. 2002), and other physico-chemical factors (e.g., Kidd et al. 2012).

There is considerable uncertainty regarding effects of climate change on mercury
magnification and accumulation in Arctic lake food webs (AMAP 2011). Climate change
may affect the pool of available MeHg and its transfer through lake food webs through
various mechanisms, one of which is increases in sediment mercury accumulation. Since one
of the primary locations for mercury methylation is in sediment porewaters, the delivery of
bioavailable THg can facilitate methylation. Results of paleolimnology studies reveal that
Hg accumulation in Arctic lake sediments increased pre- (ca ~ 1850) to post-industry (see
Landers et al. 1998). Anthropogenically derived mercury can be stored in catchment soils for
years (see Grigal, 2002), and later deposited to lakes. This is of particular concern for lakes
with permafrost soils in their catchments, as permafrost soils store nearly twice the amount of
mercury as the atmosphere, oceans, and all other soils combined (Schuster et al. 2018), and

permafrost is degrading at an accelerated rate (see Grosse et al. 2013).



Permafrost degradation, or thermokarstic activity, can result in mass amounts of catchment
sediment and soil entering a lake (Grosse et al. 2013). These sedimentation events can lead
to the release and downstream transport of stored THg and MeHg (e.g., Hinzman et al. 2005;
Obrist et al. 2017; St. Pierre et al. 2018), as well as solutes like SO4 (e.g., Roberts et al.
2017), and organic matter (e.g., Hinkel et al. 2012) to lakes and lake sediments. With
continued climate change, further increases in sedimentation events are expected to result
from permafrost degradation (see Grosse et al. 2013). Another climate-related mechanism
that could influence mercury accumulation in sediments is increased primary production.
Warmer air temperatures will lead to earlier ice-off in northern lakes, and consequently more
light availability and higher primary production (see Prowse et al. 2006). Warmer
temperatures are also expected to lead to increases in precipitation in the Arctic (Trenberth et
al. 2011), resulting in greater nutrient deposition and higher primary production (Paerl and
Huisman, 2008). Outridge and colleagues (2007) found a strong link between mercury
accumulation in Arctic lake sediments and increases in lake primary production, and
suggested that because algal-derived carbon has a high affinity for Hg, increases in
production result in greater scavenging of mercury from the water column to sediments. Not
only can increases in phytoplankton production enhance scavenging and thus availability of
THg for methylation, but higher primary production can also stimulate methylation in

sediments (Bravo et al. 2017).

Determining net effects of climate-related changes on mercury accumulation in Arctic lakes
is exceedingly complex, as there are many ecological interactions through which a change in

an environmental variable, such as lake temperature or primary production, may result in



either an increase or decrease in mercury concentrations in biota. For example, while higher
primary production may increase mercury accumulation via algal scavenging of Hg from the
water column and increased methylation rates, increased primary production may also
decrease mercury accumulation through either bloom dilution or growth dilution. Following
the observation that there were fish in oligotrophic lakes with much higher mercury
concentrations than conspecifics in more productive lakes, Pickhardt et al. (2002)
experimentally found that increasing algal biomass decreases the mercury concentration of
individual algal cells, and termed the phenomenon ‘bloom dilution.” ‘Growth dilution’ refers
to the phenomenon by which faster growth rates in individual fish lead to lower
concentrations of mercury (Karimi et al. 2007), and fish growth rates are expected to increase
in the Arctic due to both warming water temperatures and increases in primary production
(Reist et al. 2006b). Warming lake temperatures may also increase incidence and severity of
parasitism (e.g., Marcogliese, 2001; Lv et al. 2006), however, which can lead to decreases in
fish growth (e.g., Schultz et al. 2006). The complexity of direct and indirect effects that may
either increase or decrease fish mercury concentrations in Arctic lakes makes it difficult to
make predictions. This is especially true in regions with little data, such as the Arctic Coastal

Plain of Alaska (AMAP, 2011).



1.2 The Arctic Coastal Plain of Alaska

The Arctic Coastal Plain of Alaska (ACP) is a lake-rich region of northern Alaska that
extends from the foothills of the Brooks Range (69.4°N) to the Beaufort and Chukchi seas
(71.3°N) within a zone of continuous permafrost. Approximately 40% of the ACP is covered
in shallow, small isothermal lakes and ponds (Clilverd et al. 2009). Summer water
temperatures range from 7 to 13°C (Hinkel et al. 2012), and waterbodies shallower than ~2m
freeze to the bottom whereas deeper lakes without bedfast ice can become anoxic over winter
(Clilverd et al. 2009). During the summer months, these lakes are well-mixed, and there is a
strong positive relationship between air and water temperatures (Shuter and Post, 1990, Arp

etal. 2011).

Lakes on the ACP are defined as ‘thermokarst’ or ‘thaw’ lakes, as they were formed through
the degradation of ground ice. Many of the lakes on the ACP formed during the transition
between the Pleistocene and Holocene, after the last Thermal Maxima (Grosse et al. 2013).
These lakes are underlain by permafrost, and while thickness of the active layer (top layer of
soil that seasonally thaws) typically varies between 0.6 and 0.8 meters deep (Hinkel et al.
2012), there is evidence that the active layer is deepening as a result of rising air
temperatures (e.g., Jorgensen and Shur, 2007; Plug and West, 2009). Thermokarst events,
or permafrost degradation, are expected to increase in frequency and magnitude with a
warming climate in this region, and will result in thermal erosion, catastrophic lake
drainages, and retrogressive thaw slumps, as well as a deeper active layer (see Grosse et al.
2013). Many of these processes can result in increased catchment-derived inputs of sediment

and soil to lakes, and mobilization of legacy mercury stored in catchment soils.
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Lakes on the ACP have been defined as ultraoligotrophic (Clilverd et al. 2009, often having
chl-a concentrations <3pg/L (Hinkel et al. 2018). As in other Arctic regions, however, it is
expected that these lakes will become more productive with rising air temperatures (see
Prowse et al. 2006). Elevated air temperatures will lead to thinning lake ice (e.g., Arp et al.
2012) and longer ice-free seasons (e.g., Dibke et al. 2011), consequently leading to more
light availability and increased primary production (Huisman et al. 1994). Warmer air
temperatures may also result in greater thermal stability (MaclIntyre et al. 1999; Verburg and
Hecky, 2009) and anoxia, which can cause limiting nutrients (e.g., phosphorous) to
regenerate more rapidly and foster a subsequent increase in production (Wagner and Adrian,
2009). There have been multiple climate-related studies on the ACP, including one on
changing ice regimes (Arp et al. 2012), and another on lake expansions and drainages
(Hinkel et al. 2007). Most of these studies have focussed on changes to the physical
landscape and hydrology; however, Lougheed et al. (2011) resampled a series of tundra
ponds on the ACP that was originally investigated in the 1970’s. The authors found that
there were increases in water temperature, nutrients, and primary production (Lougheed et al.
2011). To date, there have been no studies completed on effects of these changes on mercury

in sediments, water, or biota.

The food webs of ACP lakes are simple, and contain few fish species (e.g., Carey and
Zimmerman, 2014; Laske et al. 2018). The most common fish species are Ninespine
stickleback (Pungitius pungitius) and Alaska blackfish (Dallia pectoralis). Ninespine

stickleback are a small freshwater fish species from the family Gasterostidae that is found



throughout the circum-Arctic, and primarily feeds on zooplankton and dipteran larvae
(Hynes, 1950). Alaska blackfish, a member of the Esocidae family, is another small-bodied
fish species found in Arctic Alaska, Siberia, and the Bering Strait Islands that primarily feeds
on zooplankton and invertebrates (Ostdiek and Nardone, 1959). Both of these fishes can
tolerate low oxygen (e.g., Lewis et al. 1972, Crawford, 1974), and stickleback can also
tolerate high salinities (Nelson, 1968). It is the ability of both of these species to tolerate
winter conditions (e.g., low oxygen, high salinity) that explains their ubiquity in ACP lakes
(Haynes et al. 2014). Less common fish species in lakes on the ACP of Alaska include
Arctic grayling (Thymallus arcticus), Broad whitefish (Coregonus nasus), and Least cisco
(Coregonus sardinella) (Carey and Zimmerman, 2014). It is possible that fish community
composition on the ACP could change with rising air temperatures. An ongoing northward
range shift in some cool-water fishes (e.g., Northern pike (Esox lucius), Yellow perch (Perca
flavescens), Walleye (Sander vitreus)) could lead to resource competition with native taxa
(see Reist et al. 2006b). These range shifts and the concomitant changing community
composition, will change food web structure and likely mercury dynamics; however, data

characterizing these effects are sparse.

Growth of fishes on the ACP may also change with a warming climate. It has been well
established that, within a species, fish grow faster at the warmer extent of their range, as long
as thermal optima are not exceeded (e.g., Lagler et al. 1977). Climate change will likely
increase fish growth directly via warming lake temperatures (Hill and Magnuson, 1990, Reist
et al. 2006b), but if previously well-mixed lakes begin to stratify, growth of fishes, especially

cold-water fishes, may decrease via temperature-related changes in habitat use, including
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exclusion from the warmest epilimnetic and benthic habitats (e.g., Guzzo et al. 2016). As
mercury is often higher in pelagic food chains than in benthic food chains (Power et al.
2002), climate-induced changes in habitat use will likely affect bioaccumulation of Hg in

fishes, but predictions are poorly constrained at present.

Fish growth, food web structure, energy flow, and thus, Hg accumulation, in northern lakes
can be substantially altered by the presence and ecology of parasites. Parasites play an
important but under-researched role in aquatic food webs (Lafferty et al. 2008). They can
increase food chain length and the amount of omnivory, consequently altering overall
structure and function of the food web (Lafferty et al. 2008; Thieltges et al. 2013). Fish
parasites that live inside their hosts are referred to as endoparasites, whereas those that live
on external body surfaces are referred to as ectoparasites. Since many endoparasites divert
nutrients from their host organisms, infection can lead to a reduction in fish growth rate (e.g.,
Shultz et al. 2006). There are several expected direct and indirect effects of climate change
on freshwater parasites. Longer growing seasons and higher temperatures should lead to
more annual generations of parasites (Marcogliese, 2001). Previous research has shown that
infection rates of both eye-dwelling diplostomatid trematodes (Hoglund and Thulin, 1990)
and intestinal acanthocephalans (Eure, 1976) are substantially greater in fish from waters
warmed by industrial cooling water. More recently, a study found that the cestode parasite
Schistocephalus solidus that infects Three-spined stickleback (Gasterosteus aculeatus), had
higher plerocercoid (larval parasite) growth rates in elevated water temperatures (Macnab
and Barber, 2012). In fact, plerocercoids from fish reared in 20°C were on average four

times the weight of those from hosts reared in 15°C, which is especially concerning because
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there are direct relationships between plerocercoid weight and fecundity (Macnab and
Barber, 2012). In the same study, the authors found that infection by S. solidus causes Three-
spined stickleback hosts to seek out warmer microhabitats, which increases the rate of life-
cycle completion (Macnab and Barber, 2012). To my knowledge, no research has been
conducted on the effects of Schistocephalus infections on the energy flow and contaminant
dynamics in Arctic Alaska; however, since they affect fish growth and food web structure,

they will likely affect Hg accumulation in ways that we do not yet understand.
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1.3 Study Area

To address gaps in understanding of the complex interactions that affect Hg accumulation in
shallow thermokarst lakes in the Arctic, I chose to study several lakes on the Arctic Coastal
Plain of Alaska, and examine various aspects of Hg delivery from catchments, lake physico-
chemistry, food web structure, fish growth rates, and parasitism. The lakes in this study were
selected from a group of lakes monitored by the Circumarctic Lake Observation Network
(CALON; Fig 1), and represent three regions on the ACP: the Barrow Region (BRW), the
Atgasuk Region (ATQ) and the Reindeer Camp Region (RDC; Fig 1). Utqiagvik (previously
known as Barrow) is located on the coast of the Beaufort and Chukchi seas and is located in
the BRW region. It is the largest community on the Arctic Coastal Plain, and the
northernmost settlement in the United States of America. The Ifiupiat have lived in
Utqiagvik for the past 1500 years, and of its current population of ~ 4000 people, greater than
60% are Indigenous (Census of Population and Housing, 2013). Atqasuk, located in the
ATQ region, is a community south of Utqiagvik with a population of ~250, with nearly 95%
of the population being Indigenous. The Ifiupiat historically are hunter-gatherers and still
rely heavily on hunting and fishing for subsistence. There are no communities in or near the

RDC region.

As mentioned above, little is known about the deposition and accumulation of mercury in
sediments, or the uptake and bioaccumulation of mercury in the food webs of lakes on the
Arctic Coastal Plain of Alaska. However, we do know that air temperatures in this region are
rising at an accelerated rate (Przybylak et al. 2007), and that concomitant changes, including
increased precipitation (Hinzman et al. 2005), and warming permafrost (~3°C; Clow and

13



Urban, 2002) are occurring. All of these changes could have implications for mercury
accumulation. As such, I sought to characterize patterns and understand drivers of mercury
in the sediments and food webs of lakes on the Arctic Coastal Plain of Alaska, and interpret

results in the context of a changing climate.
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1.4 Thesis Structure and Research Objectives

The overarching goal of this research was to identify patterns and understand drivers of
mercury in the sediments and food webs of lakes on the Arctic Coastal Plain of Alaska.
Using a variety of techniques and approaches, including paleolimnology, stable isotope
analysis, and bomb calorimetry, I investigated and compared transport and accumulation of

mercury among several lakes.

In Chapter 2, I employed a paleolimnological approach to investigate mercury accumulation
rates in sediments of 3 lakes during the past ~ 100 years. I explored drivers of within- and
among-lake variation, and placed results in a larger landscape context by performing a meta-
analysis. Specifically, I aimed to:

a. Characterize patterns of Hg accumulation during the past ~ 100 years in
sediments from three lakes that represented the Barrow, Atqasuk, and
Reindeer Camp regions;

b. Identify environmental variables (e.g., chl-a concentration, organic matter
content, sedimentation rate) that influence temporal patterns of sediment Hg
accumulation within lakes, and compare effects of environmental drivers
among the three study lakes; and,

c. Collate mercury accumulation and other sediment proxy data from previously
published studies on Arctic and sub-Arctic lakes, and interpret sediment Hg

accumulation rates in the context of thermokarst landscape types.
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In Chapter 3, I aimed to investigate biotic and abiotic controls of mercury in food webs of six
lakes on the Arctic Coastal Plain of Alaska. The lakes represented the Atqasuk and Reindeer
Camp regions. I determined levels of methyl mercury in fish and lower trophic level
organisms, and compared concentrations among lakes and between regions. I explored
causes of among-lake and between-region variability by relating mercury levels to a suite of
relevant covariates. In this chapter, my objectives were to:
a. Determine if differences in lake physico-chemistry between the Atqasuk and

Reindeer Camp regions were consistent with inferences generated by the

paleolimnological study (Chapter 2);

b. Test whether there were differences in MeHg between regions and/or among
lakes in abiotic (i.e., water, sediment) and biotic (i.e., bulk zooplankton,
periphyton, benthic invertebrates, and fish) ecosystem compartments that were
consistent with predictions generated by analyses of sediments and lake
physico-chemistry; and,

c. Examine causes of variability in MeHg concentrations in biota by relating

MeHg concentrations to a suite of abiotic and biotic covariates.

Building on the results of Chapter 3, I endeavoured to understand the effects of parasitism on
growth and mercury concentrations in Ninespine stickleback (Pungitius pungitius) in Chapter
4.1 determined the prevalence and intensity of parasitism in each of six study lakes that
represented the Atqasuk and Reindeer Camp regions, and investigated effects of parasitism
on growth, mercury concentrations, and energy density in Ninepspine stickleback. In this

study, I aimed to:
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a. Determine if there were differences in the magnitude of Schistocephalus
pungitii infections in Ninespine stickleback among the six study lakes and
between the two regions;

b. Further elucidate the trophic ecology of S. pungitii parasites by comparing the
trophic position (3'°N) and MeHg concentrations between parasite and host;
and,

c. Examine effects of parasitism on Ninespine stickleback growth, energy

density, and MeHg concentration.

Results from Chapters 2-4 are synthesized in Chapter 5, in which I propose a conceptual

model for the mercury dynamics of lakes on the Arctic Coastal Plain and discuss implications

of results in the context of a rapidly changing climate.
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1.5 Research Approaches

Completion of this research required integration of several different approaches, and included
application of a variety of paleo and contemporary techniques used in limnology and aquatic
ecology. A paleolimnological approach was used to address the objectives in Chapter 2.
Paleolimnology involves the reconstruction of past limnological conditions using chemical,
physical, and biological information that is preserved in lake sediments, and is particularly
useful when long-term monitoring data are unavailable and/or insufficient (Smol, 2009).
Through radiometric dating techniques, approximate dates can be attributed to sections of a
sediment core, and related to changes in numerous biological and chemical indicators.
Paleolimnology has been used extensively to describe environmental change in the Arctic
(e.g., Wolfe et al. 2002; Vadeboncoeur et al. 2003; Smol et al. 2005; Quinlan et al. 2005;
Michelutti et al. 2005). In Chapter 2, I used concentrations of chlorophyll-a in sectioned
sediment cores to infer past primary production, and calculated sedimentation rates (through
radiometric dating) and measured Hg concentrations in sediments to calculate past Hg

mercury accumulation.

A variety of laboratory techniques and methods were applied to contemporary samples that
were collected in support of the studies conducted in Chapters 3 and 4. Stable isotope ratios
of nitrogen (N; 6§!°N) and carbon (C; 6!3C) were used to quantify trophic position and carbon
source, respectively, of Ninespine stickleback, zooplankton, benthic invertebrates, and S.
pungitii. Stable isotope analysis (SIA) is a robust and commonly used tool to examine food
web structure and basal sources of production. Organismal 8'°N values exhibit stepwise

enrichment between trophic levels, which allows for the estimation of relative trophic

18



position (Minagwa and Wada, 1984). Conversely, enrichment of 8'3C is negligible with each
trophic transfer through the food web, and thus can be used to infer origins of dietary carbon
(Rounick and Winterbourn, 1986; Peterson and Fry, 1987; Cabana and Rasmussen, 1996). I
used stable isotope ratios to infer food web structure in the study lakes, to investigate
possible causes of among-lake and between-region variability in biotic mercury

concentrations, and to examine trophic ecology of an under-studied parasite, S. pungitii.

While results from stable isotope analysis can lend insight into food web structure and
predator-prey relationships, complementary application of bomb calorimetry can help further
elucidate prey quality (i.e., energy density) and energy flow in food webs (e.g., Gaye-
Siessegger et al. 2004). In oxygen bomb calorimetry, heat produced from the combustion of
an organic compound is measured under constant pressure in the presence of excess oxygen.
Results can be used to calculate caloric density. Estimates of caloric density of fishes are
required to parameterize bioenergetics models, to quantify importance of distinct predator-
prey linkages, and to draw inferences on energy flow that results from different habitats (e.g.,
Cummins and Wuycheck, 1971; Hartman and Brandt, 1995). I used bomb calorimetry to
quantify the caloric density of stickleback and their cestode parasites S. pungitii, and to

determine whether there were energy differences between parasitized and unparasitized fish.
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1.6 Figures
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Figure 1.1. Map of study lakes on the Arctic Coastal Plain of Alaska. Blue symbols
represent the Reindeer Camp (RDC) region, purple symbols represent the Atqasuk (ATQ)
region, and green symbols represent the Barrow (BRW) region; triangles represent lakes that
were included in the paleolimnological study (Chapter 2) whereas circles represent lakes that
were included in the food web studies (Chapters 3 and 4).
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2 Patterns and controls of mercury accumulation in the sediments of three
thermokarst lakes on the Arctic Coastal Plain of Alaska

2.1 Introduction

Mercury (Hg), in an organic, methylated form (monomethylmercury; MeHg), is a
neurotoxicant that bioaccumulates and biomagnifies through aquatic food webs (see Kidd et
al. 1995; Atwell et al. 1998; Lockhart et al. 2005), and can reach concentrations in fish that
can be harmful to fish-eating wildlife and humans. Post-industrial (ca.1850) increases in Hg
emitted to the atmosphere can largely be attributed to the combustion of coal (Driscoll et al.
2013). In North America, Hg emissions from the power sector have decreased from their
peak in the 1980s due to emissions controls (Slemr et al. 2003); however, there have been
recent increases in coal combustion (and thus, Hg emissions) for electricity production in
other regions, including Asia. In addition, other industrial activities, such as artisanal gold
mining, are emerging as significant contributors to the global atmospheric pool of Hg (see
AMAP, 2011), thus making the future of Hg emissions unclear. Changes in Hg deposition,
and the degree to which anthropogenic emissions have contributed to the pool of Hg in
aquatic ecosystems, are often assessed using paleolimnological approaches, as lake sediments

can act as a natural archive preserving information in the absence of an instrumental record.

In combination with sedimentation rates, mercury concentrations in dated lake sediment
cores are used to produce reliable records of historical Hg accumulation rates (e.g., Biester et
al. 2007). Numerous studies have reconstructed historical Hg accumulation rates in lake
sediments (e.g., Yang et al. 2003; Fitzgerald et al. 2005; Drevnick et al. 2012), and found

near ubiquitous increases in Hg accumulation rates from pre-industry (pre ca. 1850) to
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present. Ratios of modern to pre-industry Hg concentrations (termed enrichment factors), or
Hg accumulation rates (termed flux ratios), are often used to assess anthropogenically driven
changes in lake sediment Hg (e.g., Landers et al. 1998; Bindler et al. 2001). Studies
conducted at temperate latitudes have reported a large range of Hg flux ratios in lake
sediments; 2.1-6.9 in Vermont and New Hampshire (Kamman et al. 2002), 3.6-9.8 in
Minnesota (Engstrom et al. 2007), and 1.6-5.7 (Lorey and Driscoll, 1999) and 3-30
(Bookman et al. 2008) in New York. Variability in flux ratios among these temperate lakes

can largely be explained by distance from point sources of Hg emissions.

Results from studies conducted on sediment cores from Arctic lakes indicate that increases in
Hg flux have occurred from ~1850 to modern times, and that these increases are in general
more modest (a mean flux ratio of 3) than many of those observed in temperate systems (see
Landers et al. 1998) — reflecting greater distance from point sources. Increases in Hg flux
from pre-industry to modern times (a flux ratio >1) have been described for 53 of 56 Arctic
lakes reported in eight different primary and synthesis publications (Hermanson et al. 1998;
Landers et al. 1998; Bindler et al. 2001; Outridge et al. 2007; Muir et al. 2009; Drevnick et
al. 2012; Deison et al. 2012; Drevnick et al. 2016). Reported modern Hg fluxes for lakes in
the aforementioned studies varied by ~30-fold (mean of 14 ug/m?/year), while Hg

concentrations for these same lakes varied ~3-fold (mean of 150 ng/g).

Although increases in the global atmospheric pool of Hg since pre-industry have resulted in
increases in Hg accumulation in the vast majority of lakes studied, the degree of increase

varies, and some of this variation is due to among-lake differences in physical and biological
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characteristics of lakes and catchments. Relative catchment size affects the rate at which
atmospherically derived Hg is delivered to both Arctic (see Drevnick et al. 2012) and
temperate (Grigal et al. 2002) lakes. Lakes that have greater catchment to lake area ratios
(relative catchment sizes) have been found to respond to changes in atmospheric Hg
emissions more slowly than those with smaller catchment to surface area ratios, due to the
storage and gradual release of “legacy” Hg in catchment vegetation, litter, soil and
groundwater (see Grigal, 2002; Harris et al. 2007). Catchment soil composition also affects
delivery of Hg to lakes and lake sediments. Mercury (either anthropogenic or natural) that is
retained in catchment soils is often strongly sorbed to organic matter (OM), and thus the
amount of OM and the rate of OM decomposition can affect the magnitude and timing of
release of Hg from catchments to downstream lakes (see Grigal, 2002). In thermokarst lakes
that receive drainage from OM-rich peats, Hg delivery to lakes can also be affected by

degradation of permafrost.

The potential contribution of legacy Hg (stored in the catchment) to lake sediments is
particularly large for Arctic thermokarst lakes. ‘Thermokarst’ refers to the process by which
ice-rich permafrost soils degrade, causing land subsidence, water impoundment, and the
formation and expansion of surface water bodies, such as lakes. Over 20% (3.6 x 10°km?) of
the northern permafrost region is characterized as thermokarst landscape (Olefeldt et al.
2016). Recently, Olefeldt et al. (2016) delineated the areal extent of three different
categories of thermokarst landscape - hillslope, lake, and wetland — using a conceptual
modeling framework that accounted for presence of distinct thermokarst landforms and other

landscape characteristics, such as ground ice content, terrestrial ecoregion, and presence of
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permafrost peat soils (histels). ‘Lake thermokarst’ landscapes are characterized by lake
initiation, expansion, drainage, and drainage basin formation (Olefeldt et al. 2016). “Wetland
thermokarst’ landscapes are characterized by landforms such as thermokarst bogs, fens, and
shore fens, and ‘hillslope thermokarst’ landscapes by active layer detachment slides,
retrogressive thaw slumps, thermal erosion gullies, beaded streams, and thermokarst water

tracks (Olefeldt et al. 2016).

Rising temperatures resulting from climate change affect the frequency and magnitude of
thermokarstic processes (e.g., thermal erosion, catastrophic drainages, and retrogressive thaw
slumps; see Grosse et al. 2013), and thus Hg delivery to lakes. Thermokarst lakes are
formed through degradation of ground ice, and once a thermokarst lake is formed, it tends to
grow laterally through thermal and mechanical erosion into adjacent ice-rich permafrost
deposits and soils, which can lead to shoreline collapse (Jorgenson and Shur, 2007; see
Grosse et al. 2013). When a lake expands via thermal erosion, large amounts of soil or
sediment, which contain bound Hg, are mobilized and deposited into the lake (see Grosse et
al. 2013). The amount of Hg deposited is largely dependent on soil and sediment
characteristics, and the degree of interaction with atmospherically-deposited Hg over time
(Oswald et al. 2014). Thermokarstic events that affect catchments with soils rich in organic
matter (OM) may result in relatively high Hg delivery to lakes, as soil OM generally has
higher total Hg (Oswald et al., 2014) and a greater proportion as MeHg (see Bravo et al.
2017), whereas thermokarstic events that affect catchments with soils rich in minerogenic

matter could result in Hg concentrations being diluted in lake sediments (Deison et al. 2012).
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Rising temperatures can also influence the delivery of Hg to lake sediments by increasing
lake primary production (Outridge et al 2007). In previous studies, a large portion of post-
industrial increases in Hg in Arctic lake sediments has been attributed to increases in
autochthonous primary production and algal scavenging (Outridge et al. 2007; Stern et al.
2009). The ‘algal-scavenging hypothesis’ originated from observed positive relationships
between sediment Hg concentration and S2 carbon (the algal-derived component of organic
carbon). Kirk et al. (2011) found, however, that in 7 of 14 Arctic lakes, the relationship
between sediment Hg concentration and algal S2 carbon content was not significant,
suggesting that changes in sediment Hg concentrations and fluxes could not be attributed to

changes in primary production alone.

The Arctic Coastal Plain of Alaska is a ‘lake thermokarst’ region that stretches from the
Brooks Range (68°N) to the Arctic Ocean (71°N), and covers an area of approximately 300
000 km?. There is a paucity of information (i.e., no down-core studies) on Hg accumulation
in sediments for lakes on the Arctic Coastal Plain compared to other regions in Alaska and
the Arctic. Studies of temporal patterns in Hg accumulation have been completed on higher
relief lakes further south in Alaska that are not formed or affected by thermokarst processes
(e.g., Allen-Gil et al. 1997; Engstrom et al. 1997; Landers et al. 1998; Fitzgerald et al. 2005).
Fitzgerald et al. (2005) found that Hg accumulation rates in foothills lakes near the Brooks
Range (64°N, 147°W) had increased three-fold since ca. 1850, indicating anthropogenically
driven increases in Hg delivery to these lakes. Based on the finding that pre-industrial Hg
accumulation rates in sediment were higher than those found in other Arctic lakes, Fitzgerald

et al. (2005) also concluded that erosional inputs of Hg to lakes in the Brooks Range were
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relatively more important than in other Arctic lakes. Concentrations of Hg and other metals
have been found to be naturally elevated in sediments of Arctic Alaskan lakes relative to
uncontaminated lakes in other Arctic and temperate regions, due to mineral rich soils (Allen-
Gil et al. 1997). The importance of erosional inputs of naturally derived Hg to thermokarst

lakes on the Arctic Coastal Plain is unknown.

Our overall objective was to consider dominant controls on, and variability among, sediment
Hg accumulation rates in Arctic and subarctic lakes. Specifically, we aimed to: 1)
characterize patterns of Hg accumulation during the past ~100 years in sediments of three
Arctic Coastal Plain lakes in Alaska; 2) identify factors (e.g., Chl-a concentration, organic
matter content, sedimentation rate) that influenced patterns of sediment Hg accumulation,
and compare results among the three study lakes; and, 3) collate mercury accumulation and
other sediment proxy data from previously-published studies on Arctic and sub-Arctic lakes
(n=37), and interpret sediment Hg accumulation rates in the context of thermokarst landscape
types. Results were interpreted in the context of evaluating how changing climate could

affect Hg accumulation rates in Arctic thermokarst lakes.

26



2.1 Methods

Study area

The three lakes for which primary data were collected for this study are located on the Arctic
Coastal Plain of Alaska, an area that extends north from the foothills of the Brooks Range
(68°N) to the Chukchi and Beaufort Seas (71°N). The lakes are located on low-relief tussock
Tundra within a zone of continuous permafrost, and span a distance of three degrees of
latitude. Selected from a larger set of lakes monitored by the Circum-Arctic Lakes
Observation Network (http://arcticlakes.org), the lakes are (north to south) Barrow 100
(BRW 100), Atqasuk 206 (ATQ 206), and Reindeer Camp 312 (RDC 312; Fig. 2.1). These
lakes are representative of other thermokarst lakes in the northern permafrost region, as they
occupy depressions formed by the degradation of ground ice and rely on snowmelt and
summer rainfall to maintain a water balance (Grosse et al. 2013). Specific location and

physiographic information about the study lakes is in Table 2.1.

Sample collection and preparation

In August 2014, sediment cores were collected in duplicate (to provide sufficient mass for
future analyses) from each of the three lakes, using a Glew gravity corer fitted with a Lucite
tube (7.6 cm internal diameter). Sediments were extruded into 0.5 cm segments with a Glew
extruder, placed in 40z Whirl-pak® bags, and kept in the dark at 4°C while in transit to the
laboratory at the University of Waterloo (Waterloo, Ontario, Canada). Samples were then
stored in the dark at 4°C before ~0.5 g subsamples of each core segment were analyzed for

loss on ignition (LOI) to quantify percent organic matter (%OM) and percent mineral matter
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(%MM). LOI analyses were completed at the WATER lab at the University of Waterloo,

following methods from Dean (1974).

Sediment dating and sedimentation rates

Freeze-dried subsamples of sediment from 1 cm intervals were analyzed from one core from
each lake to determine total and supported 2!°Pb activity using an Ortec co-axial HPGe
Digital Gamma Ray (Ortec GWL-120-15) Spectrometer interfaced with Maestro 32 software
(version 5.32; Ortec, 2006) at the University of Waterloo’s WATER Lab.

Chronologies for each sediment core were developed using the constant rate of supply model
(Appleby, 2001), which assumes that the flux of !°Pb from the atmosphere is constant and
adjusts for variations in sedimentation rate (see Figure S2.1-S2.3, Appendix A).
Sedimentation rates were calculated using 2!°Pb dates and cumulative dry mass. All
subsequent analyses were completed on sediment from the one core in each lake for which

chronologies were developed.

Total mercury analysis

Total mercury analysis was completed on homogenized freeze-dried sediment at 1 cm
intervals (beginning at 0.5 cm) at the Biotron Centre for Experimental Climate Change
Research at Western University (London, Ontario, Canada). Sample sizes were
approximately 50 mg. Analyses were completed on a Milestone® DMA-80 Direct Mercury
Analyzer in accordance with U.S. EPA method 7473 (U.S. EPA, 2007). A certified reference
material (MESS-3; Marine Sediment Certified Reference Materials from the National

Research Council, Ottawa, Ontario) was analyzed at the start of each run and after every 10
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samples (mean recovery: 109.9% + 15.3 SD, n=9). Blanks were analyzed at the start of each
run and after every 10 samples (n=4). All Hg concentrations are expressed as ng/g dry

weight.

VRS-inferred chlorophyll-a analysis

Chlorophyll-a (Chl-a) concentrations were inferred using visual reflectance spectroscopy
(VRS) at the Paleoecological Environmental Assessment and Research Lab (PEARL) at
Queen’s University (Kingston, Ontario, Canada). The VRS method provides a means to
infer changes in whole lake primary production, as it detects chlorophyll-a and its
derivatives, which negates the need to account for pigment diagenesis (Michelutti et al.
2010). Briefly, sediments (from intervals alternate to those used for Hg analyses) were
freeze-dried and sieved to 125 pum to homogenize the samples and improve replication.
Following this, sediment from each interval was analyzed using a FOSS NIRS (Near Infrared
Spectrophotometer) system Model 6500 rapid content analyzer to obtain sediment
reflectance. For each interval, chlorophyll-a concentrations were inferred based on the
measured amplitude of a trough in percent reflectance at 650-700nm wavelengths (the red

portion of the spectrum; Wolfe et al. 2006).

Aerial imagery analysis

Historical aerial imagery was obtained from the United States Geological Survey
EarthExplorer https://earthexplorer.usgs.gov/ (USGS, 2016). These images were geo-
referenced using the ArcGIS™World Imagery Basemap (ESRI, 2014). The geo-referenced

lakes were manually converted into polygons, and their surface areas were calculated to
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quantify changes in lake surface area over time. Surface area of Arctic Coastal Plain lakes
tends to increase in spring and early summer due to snow melt. We therefore chose to

quantify and compare lake surface areas between 1948 and 2005, as images in these years
were captured on Aug 2™ and Aug 1%, respectively. Obvious physical changes within the

catchment were also noted using all images. All aerial imagery analyses were completed

using ArcMap™10.2.2 (ESRI, 2016).

Comparisons with other Arctic and subarctic lakes

To provide further context for results, and to compare Hg accumulation rates from our study
to other studies, a literature search for available published down-core data from other
Alaskan and Arctic lakes was conducted. Overall, data were compiled for 37 additional lakes
(33 Arctic, 4 Alaskan subarctic; Fig. 2.1, Table 2.2; see Table S2.1, Appendix A). If
accumulation rates were not reported, sedimentation rate and mercury concentration were
used to calculate them. Where raw or tabular data were not available, values were extracted
from published figures using WebPlotDigitizer v3.10 (Rohatgi, 2016). To account for in-
lake matter transfer and to strengthen among-lake comparisons, focus-corrected
accumulation rates were used when focusing factors were available. Uncorrected rates were
used when focusing factors were not available. All lakes, including the three lakes sampled,
were assigned a landscape type (hillslope thermokarst, lake thermokarst, non-thermokarst)
based on their coordinates and the maps generated by Olefeldt et al. (2016); a lake was
assigned a designation if the dominant landscape type had moderate (10-30%) or high (30-
60%) coverage of a particular landscape type. All data and metadata are located in the Table

S2.1 (Appendix A).
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Data analysis

Statistical tests were completed using R Studio v 1.0.136 with the core packages in addition
to ‘Kendall” (McLeod, 2015). Figures were generated using either SigmaPlot v11.0 (Systat,
2008) or ArcMap™10.2.2 (ESRI, 2016). To determine if there were significant temporal
monotonic trends in Hg accumulation, Hg concentration, and chlorophyll-a, Mann-Kendall
tests were completed for the entire core of each of the three study lakes. Mann-Kendall tests
were also completed on Hg accumulation rates for each of the 37 lakes for which data were
compiled from the literature. Mercury accumulation rates were calculated as the product of
sedimentation rate and Hg concentration. To determine which variable accounted for more of
the variability in Hg accumulation rate, Hg accumulation rates were related to each of
sedimentation rate and Hg concentration using simple linear regressions. To determine if
chlorophyll-a concentrations and/or %OM explained variability in Hg concentrations,
sediment Hg concentrations from each lake were related to VRS-inferred chlorophyll-a
concentrations and %OM using simple linear regressions. Finally, to assess how Hg
accumulation rates varied among thermokarst landscape types, mean Hg accumulation rates
for all 40 lakes (3 sampled in this study, 37 from literature) were compared among lake

thermokarst, hillslope thermokarst, and non-thermokarst, landscapes (determined from

Olefeldt et al. 2016) with an ANOVA and post-hoc Tukey’s test.
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2.3 Results

Historical changes in lake sediment mercury and primary production

The sediment core used in this study from BRW 100, the northernmost study lake, was 16 cm
long. The bottom of the core was dated to 1942, suggesting a relatively high rate of sediment
accumulation (mean 0.04 + 0.02 g/cm?/year). Mercury concentrations ([Hg]) in the BRW
100 core decreased from 101 ng/g to 81 ng/g between 1942 and 2014, and this trend was
significant (Fig. 2.2; Mann-Kendall: S=-61, 1=-0.58, p=0.002). A significant increase in
VRS-inferred Chl-a also occurred between 1942 and 2014 (Fig. 2.2; Mann-Kendall: S=117,

1=0.77, p=0.0001), suggesting that primary production has increased in BRW 100 since

1942. Mercury accumulation rates were variable (mean = 37.4 + 14.7 ug/m?/year), and no
significant monotonic trend was detected (Mann-Kendall: S=-29.0, t=-0.28, p=0.17);
however, episodic increases in Hg accumulation occurred in ca. 1972, 1983, and 1995, with

concomitant increases in sedimentation rate (Fig. 2.2).

The sediment core collected from the latitudinally intermediate lake, ATQ 206, was longer
than the core from BRW 100; the deepest section was 23.5 cm from the surface, and dated to
1878. Sedimentation rate was lower than that observed in BRW 100 (mean 0.01 £ 0.01
g/cm?/year). In contrast to the significant and gradual decrease in sediment [Hg] observed in
BRW 100, a gradual increase in [Hg] from 28 to 81 ng/g was observed between the early
1880s and the early 1990s, followed by a subsequent decrease to 61 ng/g by 2013; a
significant positive trend overall was detected (Fig. 2.3; Mann-Kendall: S= 136, 1=0.648,

p<0.001). Similar to BRW 100, a significant increase in VRS-inferred Chl-a occurred
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between 1878 and 2014 in ATQ 206 (Fig. 2.2; Mann-Kendall: S=125, 1=0.47, p=0.001).
Mercury accumulation rates (mean 6.5 + 1.6 pg/m?/year) increased significantly between the
1880s and 2014, more than doubling from 3.0 to 7.0 ug/m?/year (Fig. 2.3; Mann-Kendall: S=
107, 1=0.42, p=0.04). Although there were overall increases in both [Hg] and Hg
accumulation between the top and bottom of the core, sedimentation and accumulation rates
inferred from the ATQ 206 core were less variable and appreciably lower (sedimentation

rates ~3-4-fold lower, Hg accumulation rates ~ 5.5-6.5-fold lower) than those from either

BRW 100 or RDC 312 (Figs 2.2, 2.3, 2.4).

The southernmost lake, RDC 312, was dated to 1912 at the bottom of the 12.5 cm core,
indicating a sediment accumulation rate (mean 0.08 + 0.07 g/cm?/year) of similar magnitude
to BRW 100 and >4-fold higher than ATQ 206. Mercury concentration increased
significantly between the early 1900s and 2014, from 41 ng/g to 60 ng/g (Fig. 2.4; Mann-
Kendall: S=46, 1=0.70, p<0.001). Unlike the other two lakes, there was not a significant
monotonic increase in Chl-a over time in RDC 312 (Mann-Kendall: S= 38, 1=0.36, p=0.07).
Mean mercury accumulation rate (45.8 + 40.5 pg/m?/year) was more similar to BRW 100
(37.4 pg/m?/year) than to ATQ 206 (mean 6.5 pg/m?/year), and similar to BRW 100, Hg
accumulation was variable with no significant monotonic trend (Mann-Kendall: S= 4.0,
1=0.61, p=0.84). A periodic increase in Hg accumulation in ca. 1943, along with smaller
increases in ca. 1971 and ca. 1986, were coincident with increases in sedimentation rate (Fig.

2.4). The smaller increases in Hg accumulation in RDC 312 occurred at similar times as two

of the events identified in BRW 100 (ca. 1972 and ca. 1983).
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Controls on mercury accumulation and concentration

Mercury accumulation rate (ug/m?/year) is the product of sedimentation rate and Hg
concentration. To determine which of these variables was the dominant control, Hg
accumulation rates were related to both sedimentation rate and [Hg] using linear regressions
applied to data from each of the three lakes. In both BRW 100 and RDC 312, nearly all
(97% and 99%, respectively) of the variability in Hg accumulation rate was explained by
sedimentation rate (simple linear regression, F1,13=400.75, p<0.001, R?>= 0.97; Fig. 2.2
(BRW 100); F(1,10=1628, p<0.001, R?>= 0.99; Fig. 2.4 (RDC 312). In ATQ 206, Hg
concentration explained more of the variability in Hg accumulation (F(,21)=8.75, p<0.001,

R2=0.29; Fig. 2.3) than sedimentation rate (F(121)=1.47, p=0.24, R?>= 0.07).

Controls on Hg concentration varied among lakes. In ATQ 206, where Hg accumulation was
more strongly related to [Hg] than sedimentation rate, there were significant positive
relationships between [Hg] and both %OM (R?=0.70) and Chl-a (R?>=0.28) (simple linear
regression, F>(120>16.52, p<0.001). These positive relationships indicate that Hg delivered
to ATQ 206 is primarily bound to allochthonous and/or autochthonous organic matter; while
we can clearly identify the contribution of autochthonous OM-bound Hg via the relationship
between [Hg] and Chl-a, %OM represents both autochthonous (quantifiable) and
allochthonous (not quantifiable with these data) contributions. In RDC 312, where Hg
accumulation was more strongly related to sedimentation rate, [Hg] concentration was also
significantly and positively related to %OM (R?=0.66) and Chl-a (R?>=0.87) (F>(1,10>19.14,
p<0.001). In contrast, there were significant negative relationships between [Hg] and both

%OM (R2=0.50) and Chl-a (R?=0.40) in BRW 100 (F>(1.13>13.18, p<0.003), but a
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significant and positive relationship between %MM and [Hg] (R>=0.47, F(1,13)=13.18,
p=0.003). These results indicate that Hg in BRW 100 sediments is likely associated more
with mineral matter than with organic matter. The negative relationships between primary
production and [Hg] were likely driven by increases in Chl-a and OM from ~1999-2014, and
indeed when these years were excluded from the analysis, no significant relationship existed
between [Hg] and %OM (F(1,10=4.03, p=0.07, R?>= 0.29). The negative relationship between

[Hg] and Chl-a was weaker, although still significant (F(120=5.27, p=0.03, R>= 0.21).
g g g (1,20) p

To identify potential causes of episodic sedimentation events (with associated increases in
Hg accumulation) in BRW 100 and RDC 312, historical aerial images were analyzed. It
appears that there were increases in lake surface area in both lakes between 1948 and 2005;
surface areas of BRW 100 and RDC 312 increased by 12.7% and 5.4%, respectively, during
this time period (Fig. 2.5, Table 2.1). In contrast, there was a negligible change in the
surface area of ATQ 206 (0.3%) during this same time period (Fig. 2.5, Table 2.1). Other
notable changes in lake morphometry and catchment characteristics can be discerned from
the aerial imagery series. In BRW 100, an access road was constructed at some point
between 1955 and 1973 (Fig. 2.5). An article outlining a funding proposal for this road
narrows the window of road construction to between 1967 and 1973 (Tundra Times, 1966),

which is coincident with a sedimentation event that occurred in ca. 1972 (Fig. 2.2).

Visual interpretation of aerial imagery suggests that catchment hydrology could have
contributed to the sedimentation events observed in the sediment profile for RDC312. RDC

312 has the largest relative catchment size of the three lakes (Table 2.1), and unique
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hydrological features, including an up-gradient lake complex to the south and southeast (Fig.
2.5). Itis also evident that a shoreline collapse occurred along the eastern bank of the lake at

some point (Fig. 2.5); however, this event predates available aerial imagery.

Comparison of mercury accumulation with other Arctic and subarctic lakes

Of the eleven additional Alaskan lakes for which data were available, the majority (8) had
mean Hg accumulation rates that were most similar to that observed for ATQ 206 (6.5 + 1.6
ug/m?/year); that is, much lower (mean Hg accumulation= 4.8 + 3.3 ug/m?/year) and more
uniform (mean temporal standard deviation= 1.4 + 0.6) than what we observed in either
BRW 100 (37.4 + 14.7 pg/m?/year) or RDC 312 (45.8 £ 40.5 ug/m?/year; Table 2.2). When
the additional 33 Arctic lakes with available data, including the seven aforementioned
Alaskan lakes, and lakes from Canada, Greenland, and Norway (Fig. 2.1; Table 2.2) were
separated by landscape type (lake thermokarst, hillslope thermokarst, and non-thermokarst),
significant differences were found in both mean Hg accumulation (ANOVA, F237=17.64 ,
p<0.0001) and temporal variability (standard error, ANOVA, F237=18.83, p<0.0001; Fig.
2.6). Post-hoc Tukey’s tests indicated that lakes in lake thermokarst landscapes had
significantly higher mean Hg accumulation than lakes in non-thermokarst landscapes and
hillslope thermokarst landscapes (p<0.01), and that Hg accumulation in lakes from lake
thermokarst landscapes was significantly more temporally variable than that in hillslope
thermokarst landscapes (<0.0001) or non-thermokarst landscapes (p<0.0001). The lakes that
fall in the lake thermokarst landscape category include the three lakes from this study and
two lakes (2A and 2B) in the Mackenzie Delta Uplands from Deison et al. (2012). Similar to

BRW 100 and RDC 312, sedimentation rate in these two Deison et al. (2012) lakes explained
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almost all of the variability in Hg accumulation rate (simple linear regression R?>0.94,

F>(1,5>97.75,p<0.002).

Mercury accumulation rates increased significantly (similar to ATQ 206) in 28 of the 37
lakes for which data were acquired from the literature (Mann-Kendall, Table 2.2). No
significant monotonic trends were observed in 7 of the lakes (Mann-Kendall, Table 2.2), and
a significant decrease was observed in one lake in the Mackenzie River delta (Mann-Kendall,
Table 2.2). Including the lakes from this study, 14 of 16 (88%) non-thermokarst lakes
displayed a significant increase in Hg accumulation, whereas Hg accumulation increased in
14 of 19 (74%) ‘hillslope thermokarst’ lakes and 2 of 5 (40%) ‘lake thermokarst’ lakes (see

Table S2.1, Appendix A).
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2.4 Discussion

Controls on Hg accumulation

Of the three lakes sampled for this study, two had variable and non-directional temporal
trends in Hg accumulation (BRW 100 and RDC 312) rates that were driven by sedimentation
rate, and one lake (ATQ 206) had a significant (2.4-fold) temporal increase in Hg
accumulation rate that was driven by Hg concentration. Analyses conducted on additional
data collated from 37 subarctic and Arctic lakes revealed that two to three-fold increases in
Hg accumulation since preindustrial times have been widely observed in lakes in the
Northwest Territories (see Muir et al. 2009), Nunavut (Hermanson et al. 1995), Norway
(Drevnick et al. 2012), Greenland (Bindler et al. 2001), and Alaska (Fitzgerald et al. 2005).
Observations of no directional change (see Muir et al. 2009) and/or decreases (Deison et al.
2012) in Hg accumulation were less common. Several features of BRW 100 and RDC 312
and their catchments may explain the relatively high and variable sedimentation rates
observed, and the lack of temporal trend in Hg accumulation rate. These interpretations may
be applicable to the similar trends in sedimentation and Hg accumulation rates observed for
lakes 2A and 2B from Deison et al. (2012), and allow for more informed predictions and
understanding of Hg accumulation rates in lakes in lake thermokarst regions (Olefeldt et al.

2016) that have similar physical characteristics.

BRW 100 is a typical example of a thermokarst lake on the Arctic Coastal Plain; it is
elliptical in shape, and oriented to the northwest (see Grosse et al. 2013). An access road was
constructed to BRW 100 between 1967 and 1973, which aligns with one of the major
sedimentation events (ca 1972). Aside from possible land use change-related sediment
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inputs, the high and variable sedimentation rate may also reflect thermokarstic activity or
surface runoff events associated with low soil hydraulic conductivity. Thermokarst lakes are
subject to several shoreline erosive processes, including thermal erosion and mechanical
erosion via wave action (see Grosse et al. 2013). The silty, ice-rich catchment sediments of
the thermokarst lakes of the Arctic Coastal Plain make them prone to enhanced shoreline
erosion (see Grosse et al. 2013), which likely contributed to lateral growth in BRW 100
(12.7% since 1948), and sedimentation events not related to road construction. Sedimentation
events could also reflect pulses of material delivered to BRW 100 during spring snowmelt or
large precipitation events; previous data indicate that the catchment soils of BRW 100 are
poorly drained (Jorgensen and Grunblat, 2013), and thus more prone to pulses rather than

gradual and continuous sediment delivery.

While visual analysis of aerial imagery indicates that thermal shoreline erosion could have
contributed to the variable and high sedimentation rate in RDC 312, as it too appears to have
expanded (to a lesser extent, 5.4% since 1948), it is likely that erosive processes related to
terrestrial catchment hydrology (i.e., relative catchment size and presence of up-gradient lake
complex) had a greater influence on sedimentation rate and thus Hg accumulation. RDC 312
is not a typical thermokarst lake; although it is in a zone of continuous permafrost and in a
lake thermokarst region, lake morphology and catchment composition are distinctly different
from BRW 100. For example, BRW 100 is surrounded by polygonal ground indicative of
degrading ground ice, which is absent from the area surrounding RDC 312. RDC 312 is also
at a higher elevation than low-relief BRW 100 (as it borders Brooks Range), and has a

smaller area, but larger relative catchment size. Its proximity to Brooks Range exposes it to
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higher storm intensities than are typical near the coast (Miller, 1963). Finally, RDC 312 is
located in the Arctic silty lowland, where soils are silty with a thick organic-rich surface
layer. Previous data indicate that these soils likely have an even lower hydraulic conductivity
than the catchment soils of BRW 100 (Jorgensen and Grunblat, 2013). Large relative
catchment size (compared to BRW 100), and low hydraulic conductivity could facilitate
overland flow and pulses of sediment (and Hg) from surface erosion. Since two of the major
sedimentation events in each of BRW 100 and RDC 312 occurred around the same time
(early 1970s and mid 1980s) it is possible that they were triggered by regional weather events
(e.g., high precipitation, abnormally warm or windy year), although the 1972 BRW 100 event
was almost certainly driven by the road construction. BRW 100 and RDC 312 had variable
and high sedimentation and Hg accumulation rates, and we suggest that this is largely due to
a combination of thermokarst activity and runoff over catchment soils with low hydraulic
conductivity. We suspect that similar factors explain the variable and high sedimentation and

Hg accumulation rates in lakes 2A and 2B from Deison et al. (2012).

Compared to the other four lakes located within a lake thermokarst region, ATQ 206 had
relatively low and consistent Hg accumulation rates that were more similar to those observed
further south in Arctic Alaska. There was a significant increase over time in Hg
accumulation in ATQ 206, and the magnitude of this increase was similar to what was
observed in the five Alaskan lakes near the Toolik Field Station originally investigated by
Fitzgerald et al. (2005). These five lakes collectively showed a ~2.5-fold increase in Hg
accumulation rates since preindustrial times (before ca.1850), which the authors attributed to

a combination of increases in atmospheric deposition and enhanced erosion of soils
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(Fitzgerald et al. 2005). While the sediment core from ATQ 206 did not quite extend to pre-
industrial times (pre-1850), a similar 2.4-fold increase was observed in Hg accumulation
between 1883 and 2013. Although the lakes studied by Fitzgerald et al. (2005) are much
smaller in surface area than ATQ 206, the Fitzgerald et al. (2005) lakes have several physical
attributes that are similar to ATQ 206 (e.g., relatively small catchment to surface area ratio,
coarse catchment sediments) and that could explain why sedimentation and Hg accumulation

rates in these lakes were dissimilar to those observed in BRW 100 and RDC 312.

Relatively high hydraulic conductivity in ATQ 206 and in the Fitzgerald et al. (2005) lakes
may partially explain the relatively low and invariable sedimentation rates and the relatively
low Hg accumulation rates in these lakes. The Fitzgerald et al. (2005) lakes and ATQ 206
have catchment soils with a greater fraction of sands (Fitzgerald et al. 2005; Jorgensen and
Grunblat, 2013). These coarse catchment sediments likely have higher hydraulic
conductivity; hydraulic conductivity tests on soils near ATQ 206 in the Arctic sandy lowland,
and on soils near RDC 312 in the Arctic silty lowland, indicated that soils near ATQ 206
were twice as conductive as those near RDC 312 (J. Koch, unpublished data). While
conductivity tests were not performed near BRW 100, catchment conductivity is likely low
(relative to ATQ 206), since it is located in the Arctic peaty-sandy lowland, where soils in
swales are poorly drained (Jorgenson and Grunblat, 2013). We suggest that the relatively low
sedimentation and Hg accumulation rates in ATQ 206 and the Fitzgerald lakes (when
compared to BRW 100 and RDC 312) can be explained by a combination of high hydraulic

conductivity, small relative catchment sizes, and an absence of catchment land-use
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disturbance and appreciable thermokarst activity (e.g., thermal erosion/lateral expansion, or

slumping).

Mercury accumulation rates were more strongly related to Hg concentration than
sedimentation rates in ATQ 206, and Hg concentration was positively related with both
%OM and VRS-inferred Chl-a in both ATQ 206 and RDC 312. In BRW 100, Hg
concentration was negatively related to both %OM and VRS-inferred Chl-a. Positive
relationships between Hg concentration and indicators of lake primary production (%OM and
VRS-inferred Chl-a) in ATQ 206 and RDC 312 can be explained by the affinity of the
oxidized Hg species, Hg(II), for reduced complexes in organic matter (e.g., thiols; see
Ravichandran et al. 2004). This complexation can occur in (but is not restricted to) the lake
or in the catchment, and as such the transfer of OM from the terrestrial catchment can be an
important source of Hg. Since we did not quantify the proportion of OM originating from
the terrestrial catchment (allochthony) versus the lake (autochthony) it is difficult to
disentangle the positive relationships between Hg concentration and %OM; however it is
likely that both allochthonous and autochthonous sources contributed to the OM in each of
the lakes. Many researchers have attributed post-industrial increases in Hg accumulation to a
form of autochthonous complexation termed “algal scavenging” (Outridge et al. 2007; Stern
et al. 2009). Algal scavenging could explain the positive relationship between Hg
concentration and Chl-a observed in ATQ 206 and RDC 312. The negative relationship
between Hg concentration and primary production in BRW 100 is less straightforward.
Unlike ATQ 206, RDC 312, and many temperate lakes, the Hg in this lake is not primarily

associated with organic, but rather minerogenic matter, as evidenced by the significant
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positive relationship with %MM. Although Hg can be deposited directly onto lakes, it is
clear from the strong relationship between sedimentation rate and Hg accumulation that
catchment contributions have historically been important in Hg delivery to BRW 100. The
negative relationship between %OM and Hg concentration was driven by samples that
represent the time period 1999-2014, when an increase in autochthonous primary production
(indicated by Chl-a) was observed. Since Hg is more closely associated with minerogenic
matter in this lake, it is possible that the increase in number of algal cells resulting from
greater primary production decreased the Hg concentration in each algal cell (and
consequently the sediment), via a similar mechanism to bloom dilution (Pickhardt et al.
2002). This inference is supported by the fact that when the years 1999-2014 (when a
noticeable increase in Chl-a was observed) are excluded from the analysis, there is no

relationship between [Hg] and %OM.

The future of Hg accumulation in thermokarst lakes

Results from this study allow for some predictions about future trends in Hg concentration
and accumulation in thermokarst lakes. As temperatures continue to rise, growing seasons
will lengthen, and there will likely be a continued increase in autochthonous primary
production (i.e., more algal cells) in Arctic lakes (Prowse et al. 2006). Additionally, rising
temperatures are expected to result in increases in thermokarstic activity (e.g., thermal
erosion, thaw slumping; see Grosse et al. 2013), and enhanced runoff (Barnett et al. 2005),
which could increase the amount of terrestrial organic matter entering lakes from catchment
sources. As the data from this study indicate, each of these climate-affected processes could

have disparate effects on sediment Hg concentration depending on the fraction (i.e., organic
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matter or minerogenic matter) with which the Hg in a given lake is most closely associated,
and the composition/conductivity of catchment soils. Our results suggest that an increase in
primary production could lead to an increase in sediment Hg concentration in both ATQ 206
and RDC 312 due to complexation with organic matter (i.e., algal scavenging), and a
decrease in sediment Hg concentration in BRW 100 due to dilution of minerogenic
sediments. There is also potential for an increase in sediment Hg concentration in RDC 312
due to either increased runoff or enhanced thermokarstic activity, as its catchment has a thick
organic surface layer. Since Hg concentration was the dominant driver of Hg accumulation
in ATQ 206, if sedimentation rates in this lake remain low and steady, an increase in Hg
accumulation could be expected with increased primary production. Conversely, if
sedimentation rates in BRW 100 and RDC 312 remain high and variable, an increase in
primary production (and concomitant increases and decreases in Hg concentration in RDC
312 and BRW 100, respectively) would likely not have a notable impact on Hg accumulation

in these lakes, since sedimentation rate is the dominant driver of Hg accumulation.

Predicted temperature-driven increases in primary production and thermokarstic activity in
Arctic regions are well documented; however, these processes are not always collinear.
Longer ice-free seasons should lead to an increase in phytoplankton production, as seen in
BRW 100 and ATQ 206 in this study (e.g., Prowse et al. 2006); however, thermokarstic
events such as retrogressive thaw slumps (prominent in hillslope thermokarst landscapes)
have been found to decrease phytoplankton production (Thienpont et al. 2013). Although the
temporal scale and resolution of aerial photograph coverage precluded the direct assessment

of thaw slump activity in this study, it is important to consider the potential mechanisms thaw
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slumping could drive. A thaw slump results in a massive amount of permafrost soil entering a
lake. Permafrost soils have comparatively higher ionic concentration than the overlying
active layer due to persistent leaching, so concentrated solutes enter the system with the
sediment (Kokelj and Burn, 2003). Base cations facilitate the absorption and flocculation of
humic substances (coloured dissolved organic matter), and although the inundation of ion-
rich minerogenic soils from a thaw slump may temporarily limit light, it can lead to greater
water clarity in the long term (Thompson et al. 2008). This increased clarity can lead to
increased macrophyte growth, and potentially a shift away from phytoplankton dominance
(Thompson et al 2008), which could decrease sediment [Hg] by reducing the capacity for
“algal-scavenging”. Of the three study lakes, RDC 312 is the only lake that is currently
macrophyte-dominated; however, it is unclear how long it has been in this state.
Additionally, thaw slumping itself can lead to a dilution of Hg in surface sediments (Deison
et al. 2012). Thus, effects of rising temperatures on Hg accumulation and concentration in
thermokarstic lake sediments will depend on catchment size and catchment sediment
composition, as well as a variety of variables that control primary production, and frequency

and magnitude of thermokarstic events

Future Hg accumulation rates in the study lakes could also reflect changes in atmospheric
deposition (Fitzgerald et al. 2005). Although the lakes studied here have not historically
displayed a distinct atmospheric Hg signal (increase to peak Hg concentrations in 1970s
followed by recent decrease; e.g., Engstrom et al. 1997), it is possible that this could change.
Legislation has led to a decrease in Hg emissions by the power sector in North America since

the 1980s (Slemr et al. 2003); however, since this legislation is not globally applicable and

45



Arctic Alaska receives considerable Hg inputs from Asia and Russia (see AMAP, 2011),
future emissions are unpredictable. If emissions were to continue to decline, it could have an
impact on Hg concentration and accumulation in the Arctic Coastal Plain lakes. Changes in
emissions would likely be detected first in lakes with small relative catchment sizes, like
ATQ 206 and BRW 100, before lakes with large relative catchment sizes, like RDC 312, due
to the important and longer-term influence of Hg (both anthropogenic and natural) stored in
catchment soils (see Grigal, 2002; Fitzgerald et al. 2005; Harris et al. 2007). Further research
is required to effectively predict the timeframe and magnitude of the impact of reduced

atmospheric emissions on Hg in lake sediments.

Thermokarst landscapes cover more than 20% of the northern permafrost region (Olefeldt et
al. 2016), and available data from this study and previously published work suggest that the
highest and most variable Hg accumulation rates occur in lakes in thermokarst regions. We
suggest that low hydraulic conductivity and thermokarstic processes (e.g., thermal erosion,
retrogressive thaw slumps) lead to high and variable Hg accumulation rates. Available data
cover only a fraction of the global thermokarst landscape (i.e., lake thermokarst and hillslope
thermokarst); however, the vast majority of this landscape is located in Arctic Russia, where

presumably lakes with variable and high Hg accumulation rates also exist.
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2.5 Conclusions

Results of this study demonstrate that lakes on the Arctic Coastal Plain of Alaska have
variable Hg accumulation histories with different underlying controls. Sedimentation rate
drove Hg accumulation in the lakes where it was found to be high and variable, and high and
variable sediment and Hg accumulation rates were more prevalent in lakes on thermokarst
landscapes than on non-thermokarst landscapes. It can be inferred that Hg accumulation in
other lakes with similar characteristics (i.e., ice rich catchment sediments, large relative
catchment size, and low hydraulic conductivity) on ‘lake thermokarst’ or ‘hillslope
thermokarst’ landscapes could also be driven by sedimentation rate. Conversely, Hg
accumulation rates in lakes with small relative catchment sizes and conductive catchment
soils could be driven more by factors that control Hg concentration, such as primary
production and organic matter inputs. It is imperative that variability in landscape setting and
lake physical characteristics, such as relative catchment size, catchment soil composition
(grain size, ice content), and hydraulic conductivity, are reflected in predictions of future Hg

accumulation in Arctic lakes.
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2.7 Figures
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Figure 2.1. Study lakes on the Arctic Coastal Plain of Alaska (BRW 100, ATQ 206, RDC
312) and other lakes with published sediment Hg accumulation data; circles represent lakes

in this study, crosses represent comparison lakes.
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Figure 2.2. Temporal profiles of sediment mercury concentration, accumulation rate, sedimentation rate, percent organic matter, and
percent mineral matter, and VR S-inferred chlorophyll a for lake BRW100 on the Arctic Coastal Plain of Alaska sampled in August

2014.
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Figure 2.3. Temporal profiles of sediment mercury concentration, accumulation rate, sedimentation rate, percent organic matter, and
percent mineral matter, and VR S-inferred chlorophyll a for lake ATQ206 on the Arctic Coastal Plain of Alaska sampled in August

2014.
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Figure 2.4. Temporal profiles of sediment mercury concentration, accumulation rate, sedimentation rate, percent organic matter, and
percent mineral matter, and VRS-inferred chlorophyll a for lake RDC312 on the Arctic Coastal Plain of Alaska sampled in August

2014.
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Figure 2.5. Historical aerial images from 1948, 1955, 1971, 1982, and 2005 of three study
lakes (BRW 100, ATQ 206, and RDC 312) on the Arctic Coastal Plain of Alaska; the
imagery is property of the United States Geological Survey (USGS, 2016).
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Figure 2.6. Box and whisker plots for mercury accumulation rates for 36 circumarctic and 4
subarctic Alaskan lakes on different landscape types, as defined in Olefeldt et (2016). The
range bars 95% confidence intervals; boxes show the inter-quartile ranges (25%-75%), the
horizontal line indicates the median. The lakes in ‘lake thermokarst’ panel represent, in
order: BRW 100, ATQ 206, and RDC 312 (this study), and lakes 2A, and 2B (data from
Deison et al. 2012). Accumulation rates are significantly higher and more variable in Lake
Thermokarst lakes than Non-thermokarst lakes and hillslope thermokarst lakes.
Accumulation rates are focus-corrected when data were available (see Table S2.1, Appendix
A).
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2.8 Tables

Table 2.1. Physical characteristics and summary Hg accumulation results of the three study
lakes (BRW 100, ATQ 206, RDC 312) on the Arctic Coastal Plain of Alaska; Hg
accumulation trends were assessed using Mann-Kendall tests (a p value <0.05 denotes a
significant temporal trend and the Kendall’s tau denotes the direction and magnitude of the
relationship; McLeod, 2015); catchments were delineated, and percent growth was calculated

using ArcMap™10.2.2 (ESRI, 2016).

BRW 100 ATQ 206 RDC 312
Latitude (decimal degrees) 71.24163 70.41557 69.95348
Longitude (decimal degrees) -156.77391 -156.98128 -156.63817
Surface area (km?) 1.7 1.8 0.7
Catchment area (km?) 24.0 22.8 29.9
Catchment to surface area ratio 13.7 12.8 41.0
Growth since 1948 (%) 12.7 -0.3 5.4
Landscape type lake thermokarst lake thermokarst lake thermokarst
Mean Hg accumulation 37.4 6.5 45.8
(ng/m?/year)
Standard deviation 14.7 1.6 40.5
Hg accumulation trend no trend positive no trend
Kendall’s tau (t) 0.28 0.42 0.61
Mann-Kendall p value 0.17 0.04 0.84
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Table 2.2. Mean Hg accumulation and Mann-Kendall results for thirty-seven previously
studied Arctic and subarctic lakes; landscape types were designated using the maps generated
by Olefeldt et al 2016; further lake information available in appendix A.

Lake Country Landscape Mean Hg c Trend T p
Type Accum.
(ug/m?/year)
2-A Canada lake 62.23 18.04  neg -0.71 0.019
2-B Canada lake 23.88 13.58  pos 0.91 0.007
Amituk Canada non-thermokarst 1.34 0.56 pos 0.70 0.02
AX-AJ Canada hillslope 32.55 13.79  pos 0.94 <0.001
BI-02 Canada hillslope 6.53 1.86 pos 0.39 0.047
BK-AH Canada hillslope 2.73 0.59 n/a -0.39 0.062
Brady USA non-thermokarst 11.84 2.30 pos 0.46 0.033
Burial USA hillslope 5.69 1.45 pos 0.71 0.019
CF-11 Canada non-thermokarst 1.07 0.62 pos 1.00 0.009
Char Canada non-thermokarst 1.49 0.62 pos 0.89 0.0001
Daglet USA non-thermokarst 10.23 1.99 pos 0.78 0.002
Daltjerna Norway non-thermokarst 22.70 4.81 pos 0.78 0.0001
DV-E Canada hillslope 4.02 0.66 n/a 0.67 0.308
Efficient USA hillslope 2.44 0.91 pos 0.64 <0.0001
Forgetful USA hillslope 3.16 0.83 pos 0.49 0.013
Hazen Canada hillslope 2191 2.29 n/a -0.10 0.442
Lake 53 Greenland  non-thermokarst 3.69 1.32 pos 0.86 <0.0001
Lake 70 Greenland  non-thermokarst 6.23 3.00 n/a 0.41 0.127
Matacharak USA non-thermokarst 2.33 1.00 pos 0.83 0.002
MB-AC Canada hillslope 12.56 2.56 pos 0.84 <0.0001
MB-S Canada hillslope 6.77 0.40 n/a 0.00 1
Mcleod USA hillslope 2.65 0.70 pos 0.48 0.006
North Canada hillslope 1.35 0.53 pos 0.82 0.0003
Nunatak Greenland  non-thermokarst 8.24 1.62 pos 0.81 0.016
Ossian
Sarsfjellet Norway non-thermokarst 4.00 1.86 pos 0.72 0.009
Perfect USA hillslope 5.85 1.61 pos 0.88 <0.0001
Relaxing USA hillslope 2.48 0.99 pos 0.85 <0.0001
Rocky Basin Canada non-thermokarst 2.35 1.00 pos 1.00 0.03
Romulus Canada hillslope 7.77 2.65 pos 0.78 0.002
Rummy Canada hillslope 6.80 0.94 n/a 0.62 0.072
SHI-L4 Canada non-thermokarst 6.46 3.03 pos 0.82 <0.0001
SHI-L7 Canada non-thermokarst 20.34 5.61 n/a 0.17 0.602
Surprise USA hillslope 3.83 2.10 pos 0.90 <0.0001
Vassauga Norway non-thermokarst 7.30 3.35 pos 0.93 0.002
West Canada hillslope 8.21 4.13 pos 0.76 0.006
Wonder USA hillslope 2.59 1.26 pos 0.93 0.002
Yterjorna Norway non-thermokarst 12.21 9.69 pos 0.84 <0.0001
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3 Fish growth rates and lake sulphate explain variation in mercury levels in
Ninespine stickleback (Pungitius pungitius) on the Arctic Coastal Plain
of Alaska

3.1 Introduction

Mercury (Hg) is a neurotoxin, and in its methylated form (methyl mercury; MeHg) it can
biomagnify and bioaccumulate in aquatic food webs (see Kidd et al. 1995; Atwell et al. 1998;
Lockhart et al. 2005), often reaching concentrations that are high enough to affect the health
of humans and fish-eating wildlife (e.g., Lockhart et al. 2005). There are several interrelated
physical, biogeochemical, and ecological variables that can influence the methylation,
uptake, and bioaccumulation of Hg in aquatic ecosystems and food webs. Ultimately, MeHg
concentrations ([MeHg]) in fish are governed by the amount of available MeHg at the base of
the food web, the rate of biomagnification through the food web, and the rate of

accumulation in individual organisms (see Lehnerr et al. 2014).

The amount of MeHg available at the base of lake food webs is controlled by the amount of
bioavailable inorganic Hg and the activity of methylators, typically sulphate-reducing
bacteria (SRB; Compeau and Bartha, 1985; King et al. 2000). Several environmental
variables interact to affect rates of mercury methylation, including concentrations of SO4
(Gilmour et al. 1992) and dissolved organic matter (DOM; Graham et al. 2012; Graham et al.

2013), as well as temperature, redox conditions, and pH (see Ullrich et al. 2001).

Elevated sulphate concentrations can stimulate SRB; however, there is an optimum above

which sulphate can inhibit methylation, as sulphate reduction produces sulfide which can
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bind with inorganic Hg making it less bioavailable (Gilmour et al. 1992). Similarly, DOM
can stimulate SRB, because microbes can use OM as an energy source (see Ravichandran et
al. 2004). In some cases, however, high concentrations of DOM can inhibit methylation,
because the formation of Hg-DOM complexes results in a decrease in the amount of
bioavailable Hg (see Ravichandran et al. 2004; Paranjape and Hall, 2017). This is less likely
to occur in acidic waters, where the charge on the DOM-sulfide binding site is weaker.
Sulphate reduction, and consequently methylation, is also favoured in environments with low
oxygen (see Ullrich et al. 2001) and warmer temperatures (Bisogni and Lawrence, 1975;
Korthals and Winfrey, 1987). It was traditionally thought that mercury methylation primarily
occurred in lake sediment pore-waters (Korthals and Winfrey, 1987); however, more recently
it has been found to occur in the water column (Watras et al. 1995a, Mauro et al. 2002), in
biofilm associated with macrophyte beds (Mauro et al. 2002), and in the catchments (St.

Louis et al. 1994; Bravo et al. 2017) of lakes.

Authors of a recent study investigated the effects of organic matter composition on
methylation rates and MeHg concentration in boreal lake sediments (Bravo et al. 2017).
Overall, bacterial activity and methylation rates were higher in sediments with autochthonous
(phytoplankton-derived) organic compounds. Lake sediments that were dominated by
allochthonous (terrestrial-derived) organic compounds had lower methylation rates, but
higher overall MeHg concentration. The results suggested that allochthonous OM is less
labile, and not as bioavailable for bacterially mediated methylation in situ, and thus that
significant methylation was occurring in lake catchments (Bravo et al. 2017). This work

illustrated that the origin and composition of organic matter has important implications for
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mercury methylation rates and concentrations, and should be considered in predictions of

effects of climate-induced change on mercury bioaccumulation.

Once methylated, the uptake of Hg into lake food webs and accumulation in fish is
influenced by several factors, including primary production (Pickhardt et al. 2002), fish
growth rates (Karimi et al. 2007), age, condition (Scott et al. 1972), trophic position (Kidd et
al. 2012), and life history (Swanson et al. 2011). Although increases in primary production
can lead to greater scavenging of Hg from the water column (Outridge et al. 2007) and higher
methylation rates, high primary production can also decrease the amount of MeHg entering
the food web through bloom dilution (Pickhardt et al. 2002). Primary production also affects
growth and feeding ecology of fish, and Hg concentrations are generally higher in slower
growing (Karimi et al. 2006), older fish (Scott et al. 1972), and fish that feed at higher

trophic positions (e.g., Kidd et al. 2012).

Although mercury emissions to the atmosphere are generally decreasing globally (Slemr et
al. 2003; see AMAP, 2019), a rapidly changing climate is leading to complex effects on
methylation and bioaccumulation of mercury in aquatic ecosystems. For example, while
increases in lake primary production may be expected as a result of warmer water
temperatures (Michelutti et al. 2005), increases in primary production can act to either
increase or decrease fish Hg concentration via different mechanisms (as stated above).
Warmer temperatures can also increase methylation rates (see Ullrich et al. 2001) and

mobilization of bioavailable THg from northern lake catchments (Rydberg et al. 2010).
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Climate change is also affecting fish growth rates (Reist et al. 2006b) and food web structure

(Perrson et al. 1996), both of which can affect fish Hg concentration.

Predicting effects of climate-induced change on mercury methylation, uptake, and
bioaccumulation in aquatic food webs is especially urgent in the Arctic, where warming is
occurring at an accelerated rate (IPCC, 2007). Indigenous communities rely heavily upon
fish consumption for subsistence, and current fish mercury levels affect the health of fish-
eating wildlife, such as loons (Scheuhammer et al. 2008; Evers et al. 2014). There is a
particular paucity of mercury data for the Arctic Coastal Plain of Alaska (ACP), as identified
in a review of temporal trend studies that have been conducted in the circum-Arctic (AMAP,
2011). The ACP is a lake-rich region in northern Alaska that stretches from the foothills of
the Brooks Range (68°N) to the Beaufort and Chukchi Seas (71°N). Many lakes on the ACP
are developed from the degradation of ground ice (i.e., thermokarst lakes), and thermokarstic
processes that shape the development and succession of these lakes (e.g., thermal erosion,
catastrophic drainages, and retrogressive thaw slumps) are increasing in frequency and

magnitude with rising air temperatures (see Grosse et al. 2013).

Increased frequency and prevalence of thermokarst activity can affect Hg accumulation in
Arctic freshwater ecosystems in several ways (e.g., Deison et al. 2012; Chapter 2, 2018).
Direct effects include mass transport of Hg, such as when retrogressive thaw slumps occur,
and Hg bound to catchment materials is transported to downstream lakes and streams.
Indirect effects include potential reductions in algal scavenging of Hg; this can occur when

thermokarst activity results in increased turbidity and corresponding decrease in
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phytoplankton biomass (Thienpont et al. 2013). Methylation rates can also be affected by
thermokarstic activity, as a result of increased inputs of OM and SO from the catchment

(Kokelj et al. 2009).

As part of a study on the accumulation of Hg in sediments of lakes on the ACP, (Chapter 2)
conducted a meta-analysis on published data from the circum-Arctic and found that sediment
mercury accumulation was higher and more variable in thermokarst lakes than non-
thermokarst lakes. Additionally, these authors identified that the mercury accumulation in the
sediments of some thermokarst lakes on the ACP are more influenced by their catchment
than others (Chapter 2). The “higher catchment influence” lakes were found to have high
and variable sediment Hg accumulation rates, while the “lower catchment influence” lakes
were found to have relatively low and consistent sediment Hg accumulation rates. In the
“higher catchment influence” lakes, primary production (inferred from sediment Chl-a) was
lower and sediment Hg accumulation was linked to sedimentation events, while in the “lower
catchment influence” primary production was higher and related to Hg concentration, which

was driving Hg accumulation (Chapter 2).

Earlier work indicated that primary production and sedimentation events are both a product
of catchment characteristics, and are spatially variable on the Arctic Coastal Plain of Alaska.
Both primary production (including source of organic matter, Bravo et al. 2017) and
sedimentation events have the potential to affect the methylation and uptake of mercury into
the food web. Since primary production and sedimentation events can be climate-mediated,

it is especially pertinent to understand the controls of MeHg concentration in the fishes and
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other biota of ACP lakes with different levels of catchment influence. On the ACP, the
Reindeer Camp (RDC) region is an area with lakes that likely have higher catchment
influences (e.g., larger relative catchment sizes, lower hydraulic conductivity), while the
Atqgasuk (ATQ) region is an area with lakes that have lower catchment influence (e.g., small
relative catchment sizes, high hydraulic conductivity; Chapter 2). As such, the primary
objectives of this study were to: 1. Determine if there are physico-chemical differences in
water chemistry between lakes in the Reindeer Camp and Atqasuk regions that are consistent
with differences in catchments outlined in Chapter 2. Determine if there are differences
between the Atqasuk and Reindeer Camp regions in MeHg concentrations in sediment,
periphyton, zooplankton, invertebrates, and fish; and, 3. Identify drivers of MeHg in different
food web components by relating MeHg concentrations in sediment, periphyton,
invertebrates, and fish to possible explanatory variables, including water chemistry variables,
and stable isotope ratios of carbon and nitrogen. I predicted that the lakes from the Atqasuk
region, which have lower catchment: lake area ratios (outlined in Chapter 2) would be
relatively more autochthonous than those in the Reindeer Camp region, which have higher
catchment : lake area ratios. If true, we expected that MeHg concentrations in fish and lower
trophic level biota would be higher in the more allochthonous lakes than in the more
autochthonous lakes, due to higher inputs of Hg, OM, and ions in the allochthonous lakes.
We further expected that differences in mercury concentrations between regions would be
related to variables that indicate source and amount of primary production (e.g., Chl-a,

DOC).
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3.2 Methods

Study area

The six lakes in this study are located on the Arctic Coastal Plain (ACP) of Alaska (Fig 3.1),
which extends north from the Brooks Range (68°N) to the Beaufort and Chukchi Seas
(71°N). The six study lakes are located within a zone of continuous permafrost on Tussock
Tundra, and were selected from a larger set of lakes monitored by the Circum-Arctic Lakes

Observation Network (http://arcticlakes.org). Two regions are represented by the selected

lakes, the Atqasuk (ATQ) region (lakes: ATQ 200, ATQ 201, ATQ 206), and the Reindeer
Camp (RDC) region (lakes: RDC 308, RDC 309, RDC 311). The lakes in this study are
shallow (2-4 m), small (0.5-2.5 km?), well-mixed, and do not strongly stratify. The food
webs of ACP lakes are simple, and contain few fish species (e.g., Carey and Zimmerman,
2014; Laske et al. 2018). The most common fish species are Ninespine stickleback
(Pungitius pungitius) and Alaska blackfish (Dallia pectoralis). The ACP is a heterogeneous
landscape, and as such, there are hydrological and other physical differences between the
ATQ and RDC regions; briefly, catchments in the ATQ region are small relative to lake
areas, and are characterized by sandy, well-drained soils with high hydraulic conductivity
(Chapter 2; Koch, unpublished data, 2015). Based on the results of Chapter 2, I a priori
classified these lakes as “lower catchment influence.” Catchments in the RDC region are
larger relative to lake area than catchments in the ATQ region (Chapter 2), and are located in
the ACP foothills transition zone, which is an area where topography and ice-rich soils lead
to bank erosion and shoreline subsidence (Hinkel et al. 2012). Catchment soils in the RDC
region are silty with a thick organic-rich surface layer (Jorgensen and Grunblat, 2013), and

have a lower hydraulic conductivity (Koch, unpublished data, 2015) than those in the ATQ
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region (Chapter 2); this makes them prone to higher overland flow. I a priori classified the
RDC lakes as “higher catchment influence.” Visual assessment revealed that lakes in the
RDC region have much greater macrophyte cover (~>75%) in their littoral zones than those
in the ATQ region (~<10%). Select physico-chemical data on each of the lakes are presented

in Table 3.1.

Sample collection and preparation

In August 2016, a variety of biotic (i.e., fish, macroinvertebrates, zooplankton, macrophytes,
periphyton/biofilm) and abiotic (water and sediment) samples were collected from each of
the six study lakes. Fish were collected using a combination of fyke nets and minnow traps.
Upon collection, fish were sacrificed, measured for fork length and weight, and frozen whole
at -20°C for future analyses of stable isotope ratios and mercury (total mercury for all fish,
methyl mercury for a subset; more details below). The only fish species collected from all
lakes was Ninespine stickleback (Pungitius pungitius). As such, further analyses focused on
this species. No piscivorous fish were collected from any of the study lakes; however, Arctic
grayling (Thymallus arcticus; ATQ 200, ATQ 206) and Alaska blackfish (Dallia pectoralis;
ATQ 206, RDC 309, RDC 311) were found in a subset of lakes. Benthic macroinvertebrates
were collected using a combination of dip-netting and Ekman dredging (250 pm mesh). After
collection, invertebrates were sorted, identified to taxonomic Family, and frozen at -20°C for
future analyses of stable isotope ratios and total (where possible) and methyl mercury
concentrations. Bulk zooplankton samples were collected from the pelagic zone of each lake
by pumping 60 L of water through 53 um mesh. A sub-sample was preserved in ethanol, and

this was used to determine taxonomic resolution, and to estimate zooplankton abundance
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(individuals/L; Guernon, 2019). A second sub-sample was frozen -20°C for analyses of

stable isotope ratios and total and methyl mercury concentrations.

Water samples were collected from the approximate centre of the lake. Secchi depth was
estimated, and in situ measurements of lake temperature and dissolved oxygen (profiles)
were taken with a YSI Professional Plus Handheld meter, along with measurements of
conductivity and pH. Grab water samples were collected for nutrients, turbidity, and ions.
Several liters of water were collected in brown Nalgene bottles and filtered onshore using

ethanol-rinsed 0.42 um filters. Unfiltered water samples for Hg analysis were collected via a

surface grab using the ‘clean hands-dirty hands’ technique (U.S. EPA, 1996). Filtered water
samples for Hg analysis were collected by using a peristaltic pump and an acid-washed
Teflon line that was deployed slightly below surface. Water samples were filtered through
quartz QMA filters that had been muffled at 450°C for 20 minutes and stored in acid-washed

petri dishes. Filters were mounted in acid-washed re-usable cartridges. All water samples
were preserved with ultra-trace HCI at a concentration of 1% by volume. Following
collection of filtered water for Hg analysis, the same filtering apparatus was used to collect

samples for analyses of DOC and DIC.

After water samples were collected, sediment samples were collected from the same

approximate mid-lake location using an Ekman dredge. The top 2 — 3 cm of sediment was
collected using an acid-washed Teflon spoon before being frozen at -20°C prior to analysis of

total and methyl mercury concentrations. Periphyton samples were collected by hand and by
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syringe from algal mats and macrophyte beds, and frozen prior to stable isotope and total and

methyl mercury analyses.

Laboratory analysis

All biological samples (fish, invertebrates, zooplankton, biofilm) and sediment samples were
freeze-dried using a LabConco FreeZone operated at -54°C and 0.014 mBar for 48 hours.
Freeze-dried samples were ground to a uniform powder using scissors inside borosilicate
scintillation vials or a mortar and pestle. Prior to freeze-drying, whole stickleback had their
otoliths and guts removed, and macroinvertebrates were sorted by family and removed from

shells where applicable (i.e., mussels, snails).

Total Hg analysis on 260 fish (mean=44=+12 (s.d.)/lake) was completed at the University of
Waterloo, Waterloo, Ontario, Canada, using an Ohio Lumex PYRO-915+ (100-240V,
50/60Hz, 700W; Burger et al. 2004). Approximately 10-15 mg of dry tissue was used for
THg analysis. The mean method detection limit was 0.02 £ 0.01 pg/g (dry weight). The
mean relative percent difference between duplicate samples was 9.54+5.6% (n=28), and the
mean percent recovery of certified reference material was 95.9+7.4% (n=33; DORM-4,
National Research Council of Canada 2012). Results from method blanks (n=38) were

consistently below the method detection limit.

Analyses of methylmercury (MeHg) concentrations on fish, zooplankton, benthic
invertebrates, periphyton, and sediment were completed at the Biotron Analytical Services

Laboratory at Western University, London, Ontario, Canada. Briefly, a potassium hydroxide
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solution (KOH) was added to sample tissues prior to hot block digestion (Bloom and
Fitzgerald, 1988), and the resulting extracts were speciated by gas chromatography and
analyzed using cold vapor atomic fluorescence spectroscopy on a Tekran 2700 Automated
MeHg Analysis System following U.S. EPA method 1630 (U.S. EPA, 1998). Ten to 15 mg
of tissue from a subset (10%) of Ninespine stickleback were analyzed for methylmercury
whereas all invertebrates, zooplankton, sediment, and periphyton samples were analyzed for
methylmercury. The method detection limit was 0.009 ng/g (dry weight). Mean relative
percent difference between duplicates was 9.6+9.5% (n=28), and mean percent recovery of
certified reference material was 85.5+14.4% (n= 24; DORM-4, National Research Council of
Canada 2012). Results from method blanks (n=27) were consistently below the detection

limit.

Analyses for stable carbon and nitrogen isotope ratios were completed on the fish,

invertebrates and zooplankton at the Environmental Isotope Laboratory at the University of
Waterloo, Ontario. Stable isotope ratios are expressed as delta values (8'3C, 8'°N) in parts
permil (%o) relative to international standards (Pee-Dee Belemnite and N, gas, respectively).
Analytical error for 8'*C and 8'°N never exceeded 0.3 and 0.2%o, respectively, based on

measurements of standardized reference materials cross-calibrated to the international

standards, and standardized reference materials comprised no less than 20% of samples. The
mean relative percent difference between duplicate samples was 1.2+1.8% (n=104) for 5'°C

and 6.4+8.3% (n=104) for §!°N.
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To estimate fish age, one sagittal otolith from each fish was submerged in water and
photographed (Leica Application Suite version 4.0.0, Leica Microsystems [Switzerland]
Limited) at 40x magnification under a dissecting microscope (Leica M60) at the USGS
Alaska Science Center, Anchorage, Alaska. Two independent readers counted visible annuli
under reflected light (Jones and Hynes 1950; DeFaveri et al. 2014). If results from the two

readers did not agree, a third reader provided an independent estimate (< 7%).

Water samples were analyzed for a suite of standard water chemistry parameters (e.g.,
nutrients, ions, dissolved organic carbon) at the University of Alberta Biogeochemical
Analytical Service Laboratory in Edmonton, Alberta. Total and methyl mercury analyses in
water were completed at the Biotron Analytical Services Laboratory at Western University,
London, Ontario. Water samples were analyzed for SUVA (the UV absorbance at 254 nm,
normalized for DOC concentration). The SUVAxss was quantified using the methods
outlined in Weishaar et al. (2003) with a Spectramax® M2 spectrophotometer (Molecular
Devices Corp., Sunnyvale, CA, USA) in the Watershed Hydrology Group Laboratory at

McMaster University, Ontario, Canada.

Data analysis

All statistical analyses were completed using R Studio v 1.0.136 and R v 3.5.1 with core
packages, as well as “Ismeans” (Lenth et al. 2016) and “vegan” (Oksanen et al. 2018)
packages. Figures were generated using Sigmaplot v 11.0 (Systat, 2008) or Arcmap™10.2.2
(ESRI, 2016). As mentioned above, MeHg analyses were completed on a subsample of fish

(10%) that were analyzed for total mercury. A mean ratio of [MeHg] to [THg] was calculated
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for stickleback in each lake, and this ratio was used to convert all of the THg concentrations
in stickleback to estimated MeHg concentrations; MeHg concentrations were then used in all
other data analyses (Table S3.1 Appendix B). When data were not normally distributed a,

log. transformation was applied, and for all significance testing, alpha was set to 0.05.

To address objective 1 and determine if there were physico-chemical differences in water
chemistry between regions on the ACP consistent with those outlined in Chapter 2, a
principal components analysis on lake chemistry variables was generated. Additionally, t-
tests were used to compare other water chemistry variables including DOC : Chl-a, THg, and

MeHg.

To address objective 2 and determine if there were differences between the ATQ and RDC
regions in MeHg concentrations in sediment, periphyton, zooplankton, and invertebrates, t-
tests were used. For the zooplankton MeHg, values presented are from a bulk sample, and
for the invertebrate MeHg concentrations, values presented represent a mean across all taxa
present in each lake; community composition data can be found in Table S3.2 (Appendix B).
Because mercury is known to increase with fish length (e.g., Bodaly et al. 1993), an
ANCOVA was used to assess regional differences in fish MeHg, with the log. of length as a
covariate and lake as the categorical variable to standardize for fish length, and a least-
squares mean of fish [MeHg] was calculated for each lake, henceforth referred to as LSmean
[MeHg]. The LSmean [MeHg] were then used as a responding variable for further data

analyses (i.e., correlation analyses and general linear models).
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To address objective 3 and identify drivers of MeHg in different ecosystem components in
this region, a combination of analyses was used. To identify potential drivers of mercury
methylation, Pearson’s product-moment correlations were used to identify significant
relationships between water chemistry covariates (SO4, DIC, Cl, DOC, DOC : Chl-a, TN,
TP, pH, Turbidity, Chl-a) and %MeHg (a proxy for methylation) in sediment and periphyton.
General linear models were then used to model % MeHg by statistically significant and
ecologically relevant covariates. To better understand the trophic ecology of each region, t-
tests were used to compare zooplankton abundance and carbon and nitrogen stable isotope
ratios in biota between regions. Finally, to identify drivers of fish [MeHg], Pearson’s
product-moment correlations were used to identify significant relationships between fish
LSmean [MeHg] and biotic (e.g., age-at-size) and abiotic variables (SO4, DIC, Cl, DOC,
DOC : Chl-a, TN, TP, pH, Turbidity, Chl-a). General linear models were then used to model
fish LSmean [MeHg] by the variables with a significant correlation with fish LSmean

[MeHg].
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3.3 Results

Lake Chemistry

Physico-chemical properties of the lakes differed between the two regions (Table 3.1). The
RDC lakes had higher concentrations of dissolved inorganic carbon (DIC), dissolved organic
carbon (DOC), sulphate (SOs), and chloride (Cl) than the ATQ lakes, indicating relatively
stronger catchment influences in the RDC lakes. The ATQ lakes had comparatively higher
Chl-a concentrations indicating higher autochthonous production (Table 3.1). Additionally,
the RDC lakes had higher SUVA, indicating that organic carbon in these lakes is more
aromatic (Table 3.1). Results of a principal components analysis conducted on the water
chemistry data (Fig 3.2) further illustrate differences between regions. PC1 explained 67%
of the variability in water chemistry among the study lakes, and appears to reflect a gradient
of allochthony to autochthony; variables associated with terrestrial/catchment influence (i.e.,
DIC, DOC, Cl, SOs) have negative loadings on PC1 (Fig. 3.2), whereas indicators of higher
autochthonous production (i.e., Chl-a, TP and turbidity) have positive loadings on PC1 (Fig.
3.2). All of the ATQ lakes had positive PC1 loadings, indicating greater autochthony,
whereas all of the RDC lakes had negative PC1 loadings, indicating greater allochthony, (Fig
3.2). There was a significant difference between PC1 scores of the RDC lakes and the ATQ
lakes (T-test; t=4.29, p=0.01, df= 3.98). Additionally, the RDC lakes had a significantly
higher mean DOC : Chl-a ratio than the ATQ lakes, further indicating the greater importance

of allochthonous inputs to the RDC lakes (T-test; t=3.83, p=0.04, df=2.68; Fig 3.3).

Methyl mercury concentrations in water, sediment, and periphyton
As results from water chemistry analyses revealed significant differences between regions in

several variables that affect mercury accumulation and methylation, total and methyl mercury
70



concentrations in water, sediment, and periphyton were compared between the ATQ and
RDC regions before being related to possible covariates (e.g., pH, DOC). There were no
significant differences in concentrations of total (T-test, t=1.44, p=0.29, df=2.02) or methyl
mercury (T-test, t=1.20, p=0.35, df=2.0) in unfiltered water samples. Concentrations of total
and methyl mercury in filtered water could not be statistically compared between regions
because several values of MeHg were less than the method detection limit (MDL=0.006
ng/L). While there was no significant difference between regions in [THg] in sediment (T-
test; t=2.03, p=0.16, df=2.31; Fig 3.4a-c), mean [MeHg] (T-test; t=15.69, p<0.01, df=2.02;
Fig 3.4a-c) and mean percent MeHg (of total Hg) were significantly higher in the ATQ
region than in the RDC region (T-test; t=8.56, p<0.01, df=2.35 Fig 3.4a-c). Similarly,
although there was no significant difference in [THg] in periphyton between regions (T-test;
t=1.06, p=0.38; Fig 3.4a-c), both mean periphyton [MeHg] (T-test; t=3.02, p=0.04, df=3.79;
Fig 3.4a-c) and mean percent MeHg differed significantly between the regions (T-test;
t=2.79, p=0.05, df=4.0 Fig 3.4a-c). Whereas [MeHg] and %MeHg in sediment were
significantly higher in the ATQ region, [MeHg] and %MeHg in periphyton were
significantly higher in the RDC region. These results indicate that while methylation in lake
sediments is higher in ATQ lakes, methylation in littoral periphyton and associated biofilms
is higher in the RDC lakes. To investigate the relative importance of different methylation
sites in the study lakes, %MeHg in sediment was compared to %MeHg in periphyton for
lakes within each region. There was no significant difference between %MeHg in sediment
and % MeHg in periphyton in the ATQ lakes (Paired t-test; t=0.62, p=0.59, df=2); however,
in the RDC lakes, %MeHg in periphyton was significantly higher than % MeHg in sediment

(Paired t-test; t=0.12.77, p=0<0.01, df=2, Fig 3.4c).
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To further investigate the cause of differences between regions in %MeHg, %MeHg in
sediment and periphyton for each lake were correlated with relevant water chemistry
variables, including major ions, DOC, pH, nutrients, and chlorophyll-a. Percent MeHg in
sediment was significantly and negatively correlated with several catchment-associated
variables, including SO4, Cl, DOC, and DOC : Chl-a, whereas percent MeHg in periphyton
was significantly and positively correlated with some of these same variables, including SO4
and Cl (Table 3.2). Since the positive correlations between %MeHg in periphyton and the
catchment indicator variables could represent a causative methylation mechanism, %MeHg
in periphyton was related to SO4 concentrations in the water column (as the correlation with
SO4 was the strongest, and because SO4 was significantly correlated with CI; Pearson
product-moment correlation, r= 0.84, p=0.03). SO4 concentration explained >75% of the
variability among lakes in %MeHg in periphyton (Linear regression, R?=0.77, F(1.4=17.75,

p=0.01, Fig 3.5).

Methyl mercury concentrations in zooplankton and benthic invertebrates

As zooplankton are typically exposed to water column MeHg (diffused from sediments) via
phytoplankton, I expected that [MeHg] in zooplankton would be higher in the ATQ lakes
than in the RDC lakes. MeHg concentrations in zooplankton ranged between 4.65-16.31
ng/g dry weight (Fig 3.6) and, unlike concentrations in sediment and periphyton, did not
differ significantly between regions (T-test, t=0.79, p=0.51, df=2.08). To aid in interpreting
results of stable isotope analyses on fish, zooplankton abundance was compared between
regions. Although statistically insignificant (T-test, t=0.28, p=0.80, df=3.99), there were
obvious differences between regions in zooplankton abundance, which ranged from 1 to 98

individuals/L in the study lakes.
72



Similar to the results for zooplankton, MeHg concentrations in benthic invertebrates did not
mirror the regional patterns found for either sediment or periphyton, and there was no
significant difference between region (T-test, t=1.69, p=0.17, df=3.82). Mean [MeHg] in
benthic invertebrates (mean of all taxa) for each lake ranged from 26.9-50.7 ng/g dry weight
(Fig 3.6), which was between 2.2-8.5 times higher than bulk zooplankton MeHg

concentrations (Fig 3.6).

Benthic invertebrate community composition was not assessed, nor was benthic invertebrate
abundance quantified. Presence/absence of invertebrate taxa are presented in Table S3.2
(Appendix B). Only a few macroinvertebrate taxa were common between regions and
captured in all lakes. Taxa that were collected in all lakes, and which had enough mass for
analytical comparison between regions included Sphaeridae, Chironomidae, and
Tanypodinae. Methyl mercury concentrations in Sphaeridae, a type of filter-feeder, were
significantly higher in ATQ lakes than in RDC lakes (T-test, t=2.45, p=0.04, df=4, Fig 3.7);
however, there were no significant differences in [MeHg] between regions in Chironomidae
(collector-gatherers; t-test, t=1.33, p=0.27, df=3.15; Fig 3.7), or Tanypodinae (predator-

engulfers; t-test, t=0.31, p=0.78, df=2.50; Fig 3.7).

Trophic Ecology

In light of the regional differences in [MeHg] in some ecosystem components, as well as the
regional differences in primary production, inter-lake variability in zooplankton abundance,
and qualitative observations of variability in types and abundance of benthic invertebrate
taxa, mean stable C and N isotope ratios of zooplankton, invertebrates, and fish were

compared between regions to assess energy pathways and trophic structure. In both regions,
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the fish were "N-enriched by ~4-5 %o compared to the primary consumers (zooplankton and
invertebrates), indicating that, as expected, they are feeding at a higher trophic position (Fig
3.8). The fish fell between zooplankton and benthic invertebrates in carbon isotope space in
both regions (Fig 3.8). Separation of benthic invertebrates and zooplankton in carbon isotopic
space was greater in the RDC lakes than in the ATQ lakes (Fig 3.8). There were differences
in 813C between the regions, which is indicative of differences in basal carbon sources. Fish
(T-test, t=2.86, p=0.05, df=3.71) and benthic macroinvertebrates (T-test, t=5.19, p=0.02,
df=2.35) had significantly depleted '3C in the RDC lakes compared to the ATQ lakes.
Zooplankton also had more negative 8'3C in the RDC lakes than in the ATQ lakes, but the

difference was not statistically significant (T-test, t=1.38, p=0.23, df=3.13).

Mercury concentrations in Ninespine stickleback

Because there were differences between regions in [MeHg] in sediment and periphyton, and
because lakes in the RDC region appeared to be more influenced by their catchments and the
food webs to have different basal resources, I expected [MeHg] in stickleback to differ
among lakes, and to be higher in the RDC region. MeHg concentrations in stickleback
differed significantly among lakes and were significantly related to fish length. In addition,
the relationship between [MeHg] and fish length differed significantly among lakes (i.e.,
interaction term was significant; ANCOVA, R>=0.78 F(11,48=84.14, p<0.0001). Least-
squares mean (at the mean length; 50 mm) [MeHg] did not differ significantly between
regions, however (T-test, t=1.05, p=0.35, df=3.98), since one lake from the ATQ region
(ATQ 201) had relatively high LSmean [MeHg], while one lake from the RDC region (RDC

309) had relatively low LSmean [MeHg] (Fig 3.9).
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To determine drivers of among-lake variability in LSmean [MeHg] in stickleback (at the
mean length of 50mm), relevant biotic and abiotic covariates were related to LSmean
stickleback [MeHg] using Pearson’s product-moment correlation (Table 3.3). Contrary to the
expectation that mercury concentrations in fish would be most closely related to variables
that indicate source of production (allochthonous vs autochthonous), neither DOC nor Chl-a
were significantly correlated to LSmean [MeHg] in stickleback (Table 3.3). There was,
however, a significant positive correlation between LSmean [MeHg] in stickleback and
LSmean age (at the same standardized size of 50 mm; generated from an ANCOVA relating
age to lake and loglength; R?=0.76, F(11237=70.78, p<0.0001) (Pearson’s product-moment
correlation, r=0.85, t= 3.29, p=0.030, df=4 Fig 3.10a). Additionally, there was a significant
positive correlation between lake SO4 concentration and LSmean [MeHg] in stickleback
(Table 3.3, Fig 3.10b). Stickleback age-at-size and lake logSO4 concentration were not
significantly correlated (Pearson’s product-moment correlation, r=0.47, t=1.07, p=0.35,
df=4). No other variables, either biotic or abiotic, were significantly related to LSmean
[MeHg] in stickleback (Table 3.3). A general linear model including both SO4 concentration
and stickleback age-at-size (interaction term not significant, p>0.05) accounted for 94% of
the variability in length-adjusted mean [MeHg] in stickleback (R?>=0.94, F(23=41.87,

p=0.006).
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3.4 Discussion

Lake Chemistry

Based on the results from Chapter 2, I predicted that water chemistry data would reflect
relatively greater autochthony in the ATQ (low catchment influence) lakes, and relatively
more allochthony in the RDC (high catchment influence) lakes. This prediction was
supported by results from the multivariate analysis of water chemistry, which showed that
lakes in the RDC region were associated with variables that indicate higher catchment
influence, including higher concentrations of ions and DOC. In contrast, the ATQ lakes were
associated with variables that indicate higher autochthonous production, including
concentrations of chlorophyll-a and total phosphorous. In addition, RDC lakes had higher
DOC : Chl-a ratios; as Chl-a is a proxy for in-lake production, a lower DOC : Chl-a ratio

indicates a larger proportion of autochthonous production (see Rose et al. 2015).

The physico-chemical differences in lakes between the ATQ and RDC regions were first
addressed in Chapter 2, where I found that Hg accumulation in lake sediments was heavily
influenced by catchment processes (i.e., sedimentation rate) in an RDC lake, and in-lake
processes (i.e., primary production) in an ATQ lake. The higher catchment influence in the
RDC lakes was inferred to be a product of catchment soils and hydrology. The ATQ lakes
are located on sandy well-drained soils, have high hydraulic conductivity, and small relative
catchment sizes (Chapter 2; Koch, unpublished, 2015). In contrast, the RDC lakes have much
larger relative catchment sizes (Chapter 2), are located on silty catchment soils with a thick
organic-rich surface layer (Jorgensen and Grunblat, 2013), and have a lower hydraulic
conductivity (Koch, unpublished, 2015). Based on the results of chlorophyll-a analyses
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completed in this study, along with anecdotal visual observations (aerial) of macrophyte
extent, I suspect that differences in degree of catchment influence have led to phytoplankton
dominance in the ATQ lakes, while in-lake production of RDC lakes is macrophyte-
dominated. Studies have shown that in lakes with high sediment inputs, such as those with
thermokarstic activity (Mesquita et al. 2010; Chapter 2), primary production is dominated by
macrophytes, since inputs of minerogenic soils can result in ionic-organic compounds
precipitating from water column, which leads to greater water transparency and

establishment of emergent vegetation (Stabel, 1986; Kalff, 2001).

Differences in lake water chemistry between regions were not reflected in differences in
water column [THg] or [MeHg], or in the [THg] of sediment or periphyton. However, there
were differences between regions in [MeHg] and %MeHg in both sediment and periphyton,
suggesting that lake physico-chemistry does influence the location and rates of mercury
methylation. Percent MeHg can be used as a proxy for net methylation rates, such that a
higher %MeHg indicates higher net methylation (Drott et al. 2007). As rates of methylation
and demethylation were not directly quantified, %MeHg (of total) was used an indicator of
net methylation. I thus infer higher net methylation rates in sediments of the more
autochthonous ATQ lakes, and higher net methylation rates in periphyton in the more

allochthonous RDC lakes.

Autochthonous primary production was higher in the ATQ lakes than the RDC lakes.
Greater autochthonous production can impact mercury methylation in multiple ways. Higher

algal densities increase the capacity for elemental mercury to be scavenged from the water
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column and delivered to the sediment porewaters (e.g., Outridge at al. 2007); however, a
negative relationship between primary production and mercury delivery to the sediments has
also been found (Kirk et al. 2011). Although water column mercury concentrations were not
significantly different between regions, fluxes of mercury to sediments in the ATQ lakes may
thus be greater because of algal scavenging; however, if this were the case, I would expect
higher THg in the sediments of the ATQ lakes, which was not observed. Primary production
can also impact methylation by increasing the amount of bioavailable organic matter. I
suggest that the higher inferred methylation rates in the sediments of the ATQ lakes are
likely a product of greater autochthony increasing methylation rates, which is consistent with
the work of Bravo et al. (2017) on boreal lakes. These authors found that in lakes where the
organic matter was dominated by phytoplankton-derived compounds, the sediment Hg
methylation rates were higher, since this carbon is more labile and available to be used as a
substrate for methylating bacteria (Bravo et al. 2017). The higher specific ultraviolet
absorbance (SUVA) values in RDC lakes provide further evidence that carbon could be less
bioavailable in those lakes. SUVA represents the UV absorbance of a water sample at 254
nm, normalized for DOC concentration. There is a significant positive correlation between
SUVA at 254 nm and the aromaticity of carbon (Weishaar et al. 2003), and it is humic
(allochthonous) substances that comprise the aromatic fraction of DOC (Weishaar et al.
2003). Therefore, although the more allochthonous RDC lakes have larger catchment inputs
(e.g, sediments, ions), the organic matter entering the systems is on average more

recalcitrant, and subsequently less bioavailable to bacteria and other organisms.
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Net methylation appears to be higher in periphyton of the RDC lakes than in periphyton of
the ATQ lakes or in sediment of the RDC lakes. This result is unsurprising because although
the majority of mercury methylation is thought to occur in anoxic sediment porewaters
(Gilmour et al. 1992), there is recent evidence that beds of macrophytes provide an
environment ideal for dense periphyton growth — the biofilms that characterize periphyton
include sulphate reducing bacteria, and can be methylation “hot spots” (Mauro et al. 2001).
Results from various studies on waterbodies in Brazil (Mauro, 2001), Florida (Mauro et al.
2002), and Wisconsin (Mauro et al. 2002) indicate that methylmercury production was
elevated in periphyton associated with macrophyte beds. In this study, not only is periphyton
far more abundant (qualitative, anecdotal observation) in the RDC lakes due to macrophyte
dominance, but it also likely receives greater inputs of sulphate and bioavailable Hg(II) from
the catchment. Percent MeHg in periphyton was positively correlated with both SO4 and CI
(catchment indicators), whereas %MeHg in sediment was negatively correlated with these
and other catchment indicators. This further supports my inference that the level of
catchment influence is driving methylation location and rate in the study lakes. While
inferred methylation rates in the ATQ lake sediments were higher than those in the RDC
sediments, and this is consistent with the findings of Bravo et al. (2017), inferred methylation
rates in periphyton were higher in the RDC lakes and related to catchment indicators. This
suggests that effects of catchment influence on MeHg accumulation in shallow Arctic
thermokarst lakes may be mediated by presence and extent of littoral macrophyte beds and

associated periphyton.
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The significant positive relationship between water column SO4 concentrations and %MeHg
in periphyton suggests that sulphate is likely affecting methylation rates in the periphyton.
Elevated sulphate concentrations can stimulate sulphate-reducing bacteria (Gilmour et al.
1992; Branfireun et al. 1999), which are the primary methylators in many freshwater systems
(Compeau and Bartha, 1985). Gilmour and Henry (1991) suggested that there is an optimal
sulphate concentration for methylation, above which methylation is inhibited and below
which sulphate is limiting. Although I do not have a full suite of data on periphyton or
sediment chemistry, the water column sulphate concentrations were relatively low in these
lakes, so I infer that sulphate was likely limiting in all of these systems. Bacterial sulphate
reduction is often sulphate-limited, and under sulphate-limiting conditions, methanogenesis
is the primary pathway of terminal carbon metabolism (Capone and Kiene, 1988). Thus,
increased sulphate loading can result in a greater proportion of carbon flow through sulphate

respiration (Regnell, 1990).

Once mercury is methylated in either the sediments or the periphyton in these lakes, it is
taken up by organisms feeding at the sediment-water interface or on the macrophyte biofilms,
or it is diffused into the water column where it can be assimilated by phytoplankton and
subsequently consumed by grazers. I expected that organisms grazing in the water column or
at the sediment water interface would have higher MeHg concentrations in the ATQ lakes
than the RDC lakes, and that organisms feeding in/on the biofilm would have higher MeHg
concentrations in the RDC lakes. A comparison of [MeHg] in bulk zooplankton revealed no
differences between regions. Analyses on individual taxa would have likely been more

revealing; however, due to sample size limitations, we were unable to complete analyses on
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individual taxa (zooplankton were live-sorted into Cladocerans and Copepods, see Guernon,
2019) in every lake, so comparisons were made using bulk samples. Using bulk samples
could have affected the analysis in several ways. First, the community composition of
zooplankton in each lake is different (Guernon, 2019), and previous authors have reported
that certain zooplankton taxa (i.e., Daphnia spp.) have higher MeHg concentrations because
they are efficient grazers (Chétalat and Amyot, 2009). In addition, MeHg in bulk samples of
zooplankton from the ATQ lakes could be diluted by the more abundant phytoplankton,
which are comparatively lower in MeHg and which were not removed from bulk samples. It
was also unsurprising that in general, zooplankton abundance was higher in the ATQ lakes
since zooplankton abundance is governed by basal resources and tends to increase with lake
trophic state (McCauley and Kalff, 1981). I suggest that the ATQ lakes better support a

grazing food web than the RDC lakes.

Benthic macroinvertebrates had appreciably higher [MeHg] than bulk zooplankton in all of
the study lakes, and there was no regional difference detected in the mean macroinvertebrate
[MeHg]. This may be due to regional differences in the composition of benthic invertebrate
communities (Table S3.2, Appendix B), but quantitative data are not available to test this
assertion. Since the habitats (e.g., extent of macrophyte cover) and invertebrate communities
likely differ between regions in ways I did not quantify, the comparison of mean MeHg in
benthic invertebrate taxa was coarse. Three taxa were collected in high enough numbers to
permit taxa-specific comparisons of [MeHg] among lakes: Sphaeridae, Chironomidae, and
Tanypodinae. I expected that bivalves would have higher [MeHg] in the ATQ lakes than in

the RDC lakes, which I did find: Sphaeridae had significantly higher [MeHg] in the ATQ
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lakes than in the RDC lakes. Bivalves can accumulate heavy metals to concentrations
several orders of magnitude greater than the surrounding water because they efficiently filter
feed in the sediment porewaters, and are exposed to MeHg from both sediment and
phytoplankton (see Naimo, 1995). There were no significant regional differences in [MeHg]
in Chironomidae or Tanypodinae, which is perhaps not surprising as both of these taxa can
live and feed in either sediment porewaters (higher MeHg in ATQ) or biofilm (higher in
MeHg in RDC; Merrit and Cummins,1996), and we collected individuals in a variety of
habitats with a combination of dip-netting and sediment dredging from both of these

environments.

I suspect that, for both zooplankton and benthic macroinvertebrates, more paired-taxa
comparisons between regions would have revealed more significant results. I would expect
Cladoceran taxa (especially Daphnia) to have higher [MeHg] in the ATQ lakes than in the
RDC lakes, due to higher sediment MeHg concentrations and phytoplankton abundance.
Additionally, I would expect benthic macroinvertebrates that feed exclusively in and on the
biofilm to have higher MeHg concentrations in the RDC lakes than in the ATQ lakes.
Unfortunately, since the biomass of several invertebrate and zooplankton taxa were so low, a

considerably higher sampling effort would be required for more taxa-specific comparisons.

Following the examination of primary consumers, I investigated regional differences and
drivers of [MeHg] in Ninespine stickleback. Contrary to my predictions, I did not see higher
[MeHg] in stickleback in the RDC lakes. Although the stickleback from the ATQ lakes were

typically lower in [MeHg] than the RDC lakes, there was one ATQ lake (ATQ 201) with fish

82



that had relatively high [MeHg], and one RDC lakes (RDC 309) with fish that had relatively
low [MeHg]. Iidentified SO4as a significant abiotic driver of among-lake variability in
stickleback MeHg concentrations, and SO4 was higher in the more allochthonous RDC lakes
than in the more autochthonous ATQ lakes; however, this relationship was mediated by the

significant biotic driver, growth (age-at-size), which did not differ between regions.

The significant positive relationship between age-at-size and length-adjusted mean [MeHg]
in Ninespine stickleback indicates that the faster-growing fish have lower MeHg
concentrations, which is a commonly observed phenomenon, termed somatic growth dilution
(Karimi et al. 2007). Essentially, faster growing organisms gain more biomass per unit food
intake, and therefore dilute the MeHg burden from the food they consume. Ninespine
stickleback from the three lakes with the highest length-adjusted mean [MeHg] (RDC 311,
RDC 308, and ATQ 201), were all older at the standardized length of 50 mm. Similar results
of fish mercury concentrations being best predicted by age-at-size, have been found in
several other Arctic studies including two on Arctic char (Salvelinus alpinus; Swanson et al.
2010; Swanson et al. 2011) and one on Lake trout (Salvelinus namaycush; Swanson et al.

2011).

I initially expected that DOC or Chl-a would be related to [MeHg] in Ninespine stickleback,
because previous studies have shown that type and amount of organic matter can influence
methylation, and consequently the pool of methylmercury, which is one of the main controls
on fish MeHg concentration. This prediction was predicated on the assumption that the

primary transport routes for Hg were the same among lakes, and that methylation was
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primarily occurring in the sediment porewaters in both regions. Results indicate, however,
that methylation locations and routes of MeHg entering the food web are different between
the two regions studied. I have demonstrated that methylation is higher in the sediments of
the ATQ lakes and in the periphyton of the RDC lakes, and I infer from water chemistry and
stable isotope results that ATQ lakes support a grazing food web whereas RDC lakes support

a biofilm-based food web.

The significant positive relationship between lake water SO4 and length-adjusted mean
MeHg concentration in stickleback suggests that the rate of mercury methylation is likely a
major control of fish MeHg concentration in lakes across the ACP. We know that sulphate
can stimulate methylation, but how that translates into differences in the fish is complex, as
MeHg must first be taken up by primary consumers, and we did not see differences between
regions in primary consumer [MeHg]. There were also no relationships between [MeHg] in
primary consumers and lake water SO4 (analysis not shown). Literature reports of empirical
relationships between lake water SO4 and fish MeHg concentration are scarce, which is not
surprising given the many complex and indirect mechanisms that may affect the relationship.
A study completed on fish from across the Florida everglades (Gabriel et al. 2014) found that
although the relationship between fish MeHg and SO4 was non-linear, concentrations of fish
Hg were highest in waters with SO4 concentrations ranging from 1-12 mg/L, a range that

only the highest-sulphate lake in this study (RDC 308) falls within.

We can begin to form an inferred conceptual understanding of the link between lake water

SO and fish [MeHg] in these lakes if we examine differences in the food webs and the diet
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of Ninespine stickleback between lakes and regions. The 8!3C ratios of fish, invertebrates

and zooplankton in the ATQ lakes all have §'3C values that are indicative of a classic pelagic
signal (France et al. 1995), while each of these taxa is more *C -depleted in the RDC

lakes. Lower 8'3C values can be indicative of a more bacterial-based food web (Bunn and
Boon, 1993). This suggests that the ATQ lakes support a grazing food web, while the RDC
allochthonous lakes support a biofilm-based food web, although research that included fatty
acid signatures would be helpful in further testing this assertion. The extent to which a food
web is phytoplankton or bacterial-based can have implications for mercury uptake and

accumulation (de Wit et al. 2012).

Differences in primary consumer [MeHg] based on food web structure have been previously
documented. Chételat et al. (2011) found that pelagic zooplankton had higher [MeHg] than
littoral macroinvertebrates in Canadian mid-latitude lakes. The authors of this work attribute
this difference to the pelagic zooplankton community efficiently taking up MeHg from
bacteria and algae in the water column and potentially gaining access to MeHg-rich areas of
the hypolimnion through vertical migration, whereas littoral invertebrates in the studied lakes
primarily feed on detrital organic matter with low [MeHg] (Chételat et al. 2011). The results
that Chételat and colleagues report (2011) are analogous to the regional fish [MeHg]
concentrations presented here, albeit via a different mechanism due to major morphometric
and ecological differences in the lakes investigated. The zooplankton in Chételat et al.
(2011) were exposed to higher concentrations of MeHg via bacteria in the water column,
whereas the invertebrates in this study were exposed to higher concentrations of MeHg via

periphyton than the zooplankton via phytoplankton.

85



Information about availability of potential prey items further indicates differences at the base
of the food web between ATQ and RDC lakes. Zooplankton abundance was generally higher
in the ATQ lakes than in the RDC lakes, with the exception of RDC 309. Stickleback hunt
by sight and are selective in their feeding, and local conditions (e.g., prey availability) can
affect feeding preferences (Saunders, 1914; Delbeek and Williams, 1988; Laske et al. 2018).
Crustacean zooplankton are often chief components of stickleback diet; however, stickleback
can also eat insect larvae, worms, mollusks, and larger crustaceans (Hynes, 1950; Laske et al.
2018). It has been shown that when zooplankton are scarce (e.g., during winter months), fish
are driven to eat other less desirable (more difficult to consume/catch) items (Hynes, 1950).
In a recent study on fish feeding habits on the Arctic Coastal Plain of Alaska, Laske and
others (2018) found that although stickleback had a great diversity of prey items in their
diets, cladoceran zooplankton and dipteran larvae comprised the largest numeric proportion.
In both RDC 308 and RDC 311, zooplankton abundance was quite low (1.1 and 4.3
individuals/L, respectively) compared to the other lakes, so it is logical that the fish in these
lakes would rely more heavily on other macroinvertebrate prey items, which on average have
higher MeHg concentrations than crustacean zooplankton across all lakes. Many benthic
macroinvertebrates taxa collected in these lakes are classified as collector-gatherers (Merrit
and Cummins,1996) and feed on a variety of detritus, algae, and bacteria; all of which are
components of biofilm/periphyton. Conversely, zooplankton, which in these lakes were
dominated by the Cladoceran species Bosmina longirostris (Guernon et al. 2019),
predominantly feed on phytoplankton in the water column (DeMott, 1982). As such, it is

logical that even though there were no significant differences in zooplankton or invertebrate
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mean [MeHg], the among-lake differences in stickleback [MeHg] that were attributed to SO4
in the statistical analysis could partially be explained by the proportion of diet comprised by
higher MeHg prey, necessitated by the scarcity of zooplankton in the higher catchment
influenced lakes. This could also help explain why stickleback in RDC 309 are
comparatively lower in MeHg than the other RDC lakes, since zooplankton in this lake were

abundant.

Summary and proposed mechanisms

I have reinforced the earlier work from Chapter 2 and shown that there are some lakes that
are more influenced by their catchments than others, and that in this study the RDC lakes
have higher catchment influence that the ATQ lakes. I provide evidence that the physico-
chemistry and food web structure of lakes in the RDC and ATQ regions are very different. I
proffer that higher sedimentation rates in the RDC lakes have led to the
development/persistence of extensive macrophyte beds with associated biofilm (confirmed
visually), which, combined with sulphate inputs from the catchment, become methylation
“hot spots”. Littoral macroinvertebrates feed directly on this biofilm (algae, OM, bacteria and
MeHg), accumulate MeHg, and are subsequently consumed by stickleback, especially in
lakes with low zooplankton abundance. The ATQ lakes are less impacted by catchment
processes, and are phytoplankton- rather than macrophyte-dominated. Within the ATQ
lakes, the chief location of methylation is in the sediment porewaters. MeHg subsequently
diffuses into the water column, bio-concentrates in phytoplankton, and is consumed by and
bioaccumulated within zooplankton. Ninespine stickleback rely on zooplankton more

heavily in the ATQ lakes, as they are relatively more abundant. Since zooplankton are scarce
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in the RDC lakes (save RDC 309, which has the lowest fish MeHg concentrations in the
RDC region), macroinvertebrates comprise a larger proportion of stickleback diets in those
lakes. So, not only is sulphate stimulating greater methylation in the biofilm of the RDC
lakes, but it is also an overall tracer of catchment influence, and increased inputs from the
catchment leading to a more biofilm-based food web could be causing a stickleback diet
more reliant on invertebrates (due to lower phytoplankton production and thus lower
zooplankton abundance). I propose that the combination of these direct and indirect
mechanisms explain the observed relationship between SO4 and stickleback [MeHg]
concentration on the ACP. Further, the reason that there is not a significant regional
difference in stickleback [MeHg] is because the effect of SO40n [MeHg] in fish is mediated
by fish growth; fish growth was the overall best predictor of stickleback [MeHg] in these

study lakes.

Implications for a changing climate

The Arctic Coastal Plain is a dynamic landscape that is likely to experience many climate-
related changes that could impact mercury uptake and accumulation. Effects of climate-
related change may differ between regions, however. The expected increases in primary
production could have major implications for the “lower catchment influence” autochthonous
lakes. Higher production could lead to greater scavenging of Hg from the water column
(Outridge et al. 2007) and a subsequent increase in Hg methylation rates in sediment.
However, higher algal density may also lead to a dilution of MeHg entering the food web
(Pickhardt et al. 2002). More intense weather and increased permafrost degradation could

lead to greater inputs of SO4, OM, and THg from the catchment, which could further increase
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mercury methylation rates in biofilms and periphyton. The lakes that are currently “lower-
catchment influence” are not impervious to thermokarstic events, including retrogressive
thaw slumps. A slump could lead to an inundation of ion-rich permafrost soil, which would
lead to the absorption and flocculation of DOM, increased water clarity, increased
macrophyte growth, and a shift away from phytoplankton dominance (Thompson et al.
2008). If a thaw slump or other major thermokarstic event were to occur in the ATQ lakes, it
is possible that the controls and routes of MeHg would start to resemble those that I am
currently inferring in the RDC lakes. Finally, a climate-related change that could impact fish
MeHg concentrations in both regions is increases in summer water temperatures. Water
temperature can affect fish growth (Reist et al. 2006b), which is currently the best predictor
of fish [MeHg] in this study. Thus, it is possible that fish MeHg concentrations could

decrease in both regions.

Future work will focus on investigating the drivers of fish growth in this region, and
determining whether the patterns identified here are consistent in other thermokarst lakes, as
these landscapes cover a significant portion of the northern permafrost region. The ability to
tease apart and quantify the dominant drivers of mercury accumulation at the landscape-level
is critical to enable predictions of how climate will impact mercury concentrations and

accumulation in northern lakes.
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3.6 Figures
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Figure 3.1. Study lakes on the Arctic Coastal Plain of Alaska (ATQ 200, ATQ 201, ATQ
206, RDC 308, RDC 309, RDC 311); black circles represent the ATQ lakes, black triangles
represent the RDC lakes
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Figure 3.2. Biplot of a principal components analysis for water chemistry data on the six
study lakes; ATQ lakes are represented with circles and RDC lakes are represented with
crosses; ATQ lakes have more positive loadings on PC1, and are associated with indicators
of higher autochthonous production whereas RDC lakes have more negative loadings, and
are associated with indicators of catchment inputs.
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Figure 3.3. Ratios of DOC to Chl-a for each of the six study lakes on the Arctic Coastal Plain
of Alaska (ATQ 200, ATQ 201, ATQ 206, RDC 308, RDC 309, RDC 311). Data were
collected in summer 2016. Black circles represent ATQ lakes, and white circles represent
RDC lakes. DOC: Chl-a ratios were significantly higher in RDC lakes than in ATQ lakes (T-
test; t=3.83, p=0.04, df=2.68)
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Figure 3.4. Mean + SE of mean total mercury concentrations (A), methyl mercury
concentrations (B), and %MeHg (C) in sediment and periphyton for each of the two regions.
Black circles represent ATQ lakes, and white circles represent RDC lakes. Significant within
substrate differences between regions are indicated by different letters, and significant within
region differences between substrate types (i.e., sediment and periphyton) are indicated by
different roman numerals.

93



4.5

@ ATQ
O RDC
4.0
RDC 311 o
=2 O RDC 308
2 RDC 309
© 510 -
=
= ATQ 201 e
§ 2.5 1 ®
>
o
‘= 2.0 1
5 ATQ 200
154 @
1.0 -
® ATQ 206
05 T T T T T
4 -3 -2 -1 0 1 2

logSO ,(mg/L)

Figure 3.5. Percent MeHg in periphyton related to log[SO4] for each study lake on the Arctic
Coastal Plain of Alaska; black circles represent ATQ lakes, and white circles represent RDC
lakes. There was a significant and positive relationship between %MeHg in periphyton and
log[SO4] (Linear regression, R?>=0.77, F(1,4-17.75, p=0.01.
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Figure 3.6 Mean + SE MeHg concentrations in benthic macroinvertebrate and bulk
zooplankton, as well as zooplankton abundance for the six study lakes. There were no
significant differences in [MeHg] in zooplankton (p=0.51) or benthic macroinvertebrates
(p=0.17) between regions. In each lake, benthic macroinvertebrates had higher [MeHg] than
zooplankton.
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Figure 3.7. Mean + SE MeHg concentrations in Sphaeridae, Chironomidae, and
Tanypodinae. Significant differences (T-test, p<0.05) between regions (within taxa) are
indicated by different letters. Filter-feeding Sphaeridae had significantly higher [MeHg] in
the ATQ lakes than in RDC lakes (p=0.04). Black circles represent ATQ lake means, and
white circles represent RDC lake means.
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Figure 3.8. Mean + SE 8'°N and 8'*C for bulk zooplankton (circles), benthic
macroinvertebrates (triangles), and whole body Ninespine stickleback (squares). Stickleback
(p=0.05) and invertebrates (p=0.02) from the RDC lakes (white symbols) were significantly

more 3C-depleted than those in the ATQ lakes (black symbols).
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Figure 3.9. Least-squares mean log[MeHg] (ug/g) + SE calculated at a mean size of 50 mm
for each of the six study lakes. Black circles represent ATQ lakes, and white circles represent
RDC lakes.
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least squares mean age-at-size and (B) log[SO4] for each study lake. Black circles represent
ATQ lakes, and white circles represent RDC lakes.
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3.7 Tables

Table 3.1. Select physical and chemical characteristics of the six study lakes (ATQ 200, ATQ
201, ATQ 206, RDC 308, RDC 309, RDC 311). Samples for all lakes were collected in
summer 2016.

ATQ200 ATQ201 ATQ206 RDC308 RDC309 RDC 311

Latitude 70.453 70.327 70.416 69.987 70.025 69.995
(decimal degrees)

Longitude -156.953  -156.805 156.981  -156.427 -156.567  -156.689
(decimal degrees)

Surface area (km) 2.49 1.37 1.79 0.73 0.50 0.67
Zmax (m) 2.56 3.0 2.96 4.08 2.07 3.05
THg (ng/L) 0.45 0.46 0.44 0.29 0.49 0.25
MeHg (ng/L) 0.026 0.022 0.012 0.015 0.015 0.015
pH 7.1 7.25 7.59 8.46 7.74 8.19
DOC (mg/L) 3.22 4.87 4.17 8.09 8.1 5.99
DIC (mg/L) 1.94 3.39 7.13 23.5 10.06 23.21
SO4 (mg/L) 0.03 0.20 0.05 4.51 0.38 0.80
TN (ng/L) 367 367 378 407 440 331
TP (ng/L) 12 11 7 5 9 3
Chl-a (ng/L) 4.59 6.51 3.51 2.63 3.4 3.34
Turbidity (NTU) 0.73 0.51 0.62 0.58 0.62 0.18
SUVA 1.34 0.89 1.28 2.01 2.18 1.36
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Table 3.2. Results from Pearson product-moment correlations between water chemistry
variables and %MeHg in sediment and periphyton; asterisks represent a significant

relationship.
%MeHg in Sediment %MeHg in Periphyton
Variable r p r p

logSO4 -0.85 0.03* 0.90 0.01*
logDIC -0.80 0.06 0.65 0.16
logCl -0.93 <0.01* 0.80 0.05*
logDOC -0.92 0.01* 0.77 0.08
DOC:Chla -0.83 0.04* 0.68 0.14
logTN -0.28 0.59 0.06 0.92
logTP 0.59 0.22 -0.53 0.28
pH -0.78 0.07 0.69 0.12
logTurbidity 0.48 0.34 -0.49 0.31
logChl-a 0.56 0.25 -0.33 0.52
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Table 3.3. Results from Pearson’s product-moment correlations relating stickleback length-

adjusted log[MeHg] (ug/g) to relevant environmental covariates; significant relationships are
indicated with an asterisk.

Variable r ta,4) ]
logSO4 0.83 2.99 0.04*
logDOC 0.55 1.30 0.262
logDIC 0.54 1.34 0.25
logCl 0.62 1.59 0.19
logTN -0.20 -0.40 0.71
logTP -0.52 -1.23 0.29
pH 0.61 1.55 0.20
logTurbidity -0.50 -1.16 0.31
logChl-a -0.11 -0.21 0.84
logWater THg -0.03 -0.06 0.96
logWater MeHg -0.68 -1.87 0.14
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4 Parasitism of Ninespine stickleback (Pungitius pungitius): impacts on
growth and mercury accumulation in lakes on the Arctic Coastal Plain of
Alaska

4.1 Introduction

Ninespine stickleback (Pugitius pungitius) is a freshwater fish species of the family
Gasterosteidae that is widely distributed throughout northern, circumpolar aquatic
ecosystems in North America, Iceland, Fennoscandia, and Russia (Keivany and Nelson,
2000). Stickleback are secondary consumers that primarily prey on zooplankton and benthic
invertebrates (Hynes, 1950), and are ecologically important prey fish for higher trophic level
taxa, including Arctic Char (Salvelinus alpinus; Hunter 1968; Karlsson and Bystrom, 2005;
Gallagher and Dick, 2010), Lake trout (Salvelinus namaycush; Johnson, 1975), and
migratory waterfowl (Kertell, 1996). There is a well-established parasitic relationship

between fishes of the family Gasterosteidae and cestodes of the genus Schistocephalus.

Stickleback are the second intermediate host for Schistocephalus and become infected by
consuming copepods that contain the procercoid larval phase of Schistocephalus. Upon
consumption, the parasite penetrates the intestinal wall of the host stickleback, and develops
into a plerocercoid within the peritoneal cavity. During this stage, the plerocercoids can
grow large and cause visible distension of the abdominal cavity; the parasite(s) weight can be
greater than that of the host tissue (Arme and Owen, 1967). The Ninespine stickleback is
specifically parasitized by Schistocephalus pungitii, which is similar to the well-documented

parasite of the Three-spined stickleback (Gasterosteus aculeatus), Schistocephalus solidus.
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While research on the effects of Schistocephalus pungitii is limited, many studies have been
completed on the congeneric Schistocephalus solidus. An infestation of Schistocephalus can
lead to both physical and behavioral effects in stickleback hosts (e.g., Milinski et al. 1985;
Tierney et al. 1996). The growth of Scistocephalus is fueled by nutrients from the alimentary
canal of the host fish, including partially digested food and other breakdown products (Arme
and Owen, 1967). Consequently, an infestation can limit the amount of energy available for
host growth and sexual development (e.g., Shultz et al. 2006). Field studies have shown
lower somatic body condition (Tierney et al. 1996), impaired female gonadogenesis (Heins
and Baker, 2008), and underdeveloped male secondary sexual traits (Tierney et al. 1996) in
parasitized Three-spined stickleback. There is also evidence for modification of foraging
behaviour in parasitized fish, with effects including altered prey selection (Milinski, 1984)
and increased risks taken to access food, which increases vulnerability to predators

(Milinkski et al. 1985; Tierney et al. 1993).

Parasites have an important ecological role in aquatic food webs (Lafferty et al. 2008). They
increase food chain length and the amount of omnivory, consequently altering food web
structure and function (Lafferty et al. 2008; Thieltges et al. 2013). Before the routine use of
stable isotope ratios in ecology, little was known about the trophic relationships between fish
parasites and their hosts (Williams and Jones, 1994). Although it might be expected that
parasites have higher '°N values than their hosts due to feeding on host tissues, cestode
parasites can be significantly depleted in N compared to host muscle tissue (e.g., Pinnegar
et al. 2001; Power and Klein, 2004; Eloranta et al. 2015). It is currently unclear why

cestodes are '’N-depleted compared to their hosts; however, Pinnegar et al. (2001) suggests
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that this could be due to their ability to utilize ammonia ('’N-depleted) excreted from the host
to synthesize amino acids, or due to the differential selection of isotopically light amino
acids. The trophic relationships between cestode hosts and fish parasites are complex.
Because cestodes lack a digestive system they must absorb all of their nutrients from the
contents of host’s alimentary canal, and this may include food items, mucous, and the gut
lining (Pappas, 1975). The lack of knowledge on the trophic ecology of S. pungitii precludes
understanding how its presence and abundance in an ecosystem affect food web structure,

and therefore, concentrations of biomagnifying contaminants (e.g., mercury).

Mercury is a neurotoxin that, in its methylated form (MeHg), can bioaccumulate and
biomagnify through food webs, sometimes reaching high concentrations in upper trophic
levels (e.g., Kidd et al. 1995). There are well-established links between mercury (Hg)
concentration in fish and both trophic position (8'°N; e.g., Kidd et al. 2012) and growth rate
(e.g., Karimi et al. 2007); however, not much is known about the relationship between host
and parasite mercury concentrations in fish. Results from previous research on the
bioaccumulation of heavy metals in parasites compared to their fish hosts is mixed. In an
experimental study on the effects of parasitic acanthocephalans (thorny-headed worms,
which also feed in the host alimentary canal) on lead (Pb) accumulation in common chub
(Leuciscus cephalus), the authors found that the parasites had higher concentrations of lead
and cadmium than their fish hosts (Sures et al. 1999). In contrast, authors of another
experimental study on the toxicity of cadmium to Three-spine stickleback found that cestode

parasites had lower cadmium concentrations than their hosts (Pascoe and Cram, 1977). Little
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research has been done on the bioaccumulation of Hg between host and parasite, which is

critically important because unlike other heavy metals, mercury can biomagnify.

Because Hg biomagnifies, the trophic relationship between parasite and host will affect
accumulation in each. For example, we might expect higher mercury concentrations in
parasites relative to hosts when parasites feed directly on host tissue (e.g., blood, flesh), but
we would not expect this if the parasite is feeding on host gut contents. In a study on an
estuarine grass shrimp and its hematophagous (blood-feeding) isopod parasite, the authors
found lower concentrations of MeHg in the parasite compared to the host (Bergey et al.
2002), whereas authors of a study on double-crested cormorants (Phalacrocorax auritus) and
their nematode and trematode parasites found higher MeHg concentrations in parasites
relative to hosts, and determined that these parasites were likely consuming host tissue

(Robinson et al. 2010).

Regardless of their mode of feeding, parasites may influence concentrations of mercury in
their hosts. There has been some work suggesting that parasites can act as a form of
protection from high heavy metal concentrations, since they can absorb and sequester metals
that otherwise could have been assimilated by the host (Turcekova and Hanzelova, 1999). In
addition, parasites can indirectly affect concentrations of bioaccumulating metals, such as
mercury, in host tissue through impacts on host growth. There is a well-documented
negative relationship between fish growth rates and mercury concentrations that is caused by
somatic growth dilution (e.g., Karimi et al. 2007), wherein a faster growing fish gains more

biomass to dilute the burden of MeHg from the food they consume than slower growing
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counterparts. Many factors can influence fish growth rates, including warming air
temperatures (Reist et al. 2006b) and parasitization (e.g., Shultz et al. 2006). Finally, if a fish
is viewed as the sum of its parts, then the concentration of mercury in a parasite (be it higher
or lower than the host) could impact the overall mercury burden in a “fish meal” to predators.

To my knowledge, this has yet to be studied or quantified.

Climate warming is amplified in polar regions (see Prowse et al. 2006). In addition to
altering fish growth rates (Reist et al. 2006b), warming temperatures can affect host-parasite
dynamics by increasing parasite growth, transmission rates, and life-cycle completion rates
(Lv et al. 2006). Macnab and Barber (2012) investigated the effects of elevated temperatures
on S. solidus, and found that plerocercoids of host stickleback reared at higher environmental
temperatures had faster growth rates than those reared at lower temperatures, which resulted
in much higher incidence of plerocercoids weighing >50 mg (the threshold mass at which the
parasite has a significantly higher chance of successful lifecycle completion, termed infective
mass; Macnab and Barber, 2012). Finally, there is evidence that upon reaching an infective
mass, S. solidus can manipulate their hosts to seek out warmer water, which further increases
the growth and fecundity of the parasite and transmission to the definitive host (Barber et al.

2008; Macnab and Barber, 2012).

Ninespine stickleback occur throughout the lake-rich region of the Arctic Coastal Plain
(ACP) of Alaska. In recent work on fish mercury concentrations in ACP lakes, growth rate
was found to be a significant driver of methylmercury (MeHg) concentration in Ninespine

stickleback, with slower growing fish having higher mercury concentrations (Chapter 3).
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Current research suggests that warming should result in increased fish growth rates (Reist et
al. 2006b) and dilution of fish MeHg (e.g., Karimi et al. 2007). However, since parasitism
can affect growth, and is more prevalent and intense at warmer temperatures (Marcogliese,
2001), the relationship between parasitism, growth, and MeHg concentration must be further
explored. This is especially important in lakes on the ACP, where warming is occurring at an
amplified rate (see Prowse et al. 2006) and where Ninespine stickleback are an important
prey item for larger fishes and piscivorous birds (e.g., Gallagher and Dick, 2011; Laske et al.

2018).

The objectives of this study were to: 1) determine if there are differences in the magnitude
and intensity of Schistocephalus pungitii infections among six lakes on the ACP; 2)
determine if there are differences in trophic position (8'°N) and MeHg concentration between
parasite and host, and if so, the nature of this difference; and, 3) determine if there are
differences in MeHg concentration between infected and uninfected stickleback, and identify
the drivers of differences (e.g., growth). Results were then used to elucidate how parasitism

affects mercury transfer through food webs of shallow Arctic lakes.
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4.2 Methods

Study Area

The lakes in this study are located on the Arctic Coastal Plain (ACP) of Alaska, which is an
area of continuous permafrost that extends from the foothills of the Brooks Range (68°N) to
the Beaufort and Chukchi Seas (71°N). The six lakes in this study (ATQ 200, ATQ 201,
ATQ 206, RDC 308, RDC 309, RDC 311; Table 4.1) are from two regions on the ACP,
Atqasuk (ATQ) and Reindeer Camp (RDC), and were previously included in a study on the
drivers of fish mercury concentrations (Chapter 3). These lakes were selected from a larger
set of lakes monitored by the Circum-Arctic Lakes Observation Network

(http://arcticlakes.org). The lakes in this study are shallow (2-4 m), small (0.5-2.5 km?),

well-mixed, and do not strongly stratify. The food webs of ACP lakes are simple, and
contain few fish species (e.g., Carey and Zimmerman, 2014; Laske et al. 2018). The most
common fish species are Ninespine stickleback (Pungitius pungitius) and Alaska blackfish
(Dallia pectoralis). The ACP is a heterogeneous landscape, and as such, there are
hydrological and other physical differences between the ATQ and RDC regions; briefly,
catchments in the ATQ region are small relative to lake areas, and are characterized by
sandy, well-drained soils with high hydraulic conductivity (Chapter 2; Koch, unpublished
data, 2015). Catchments in the RDC region are larger relative to lake area than catchments in
the ATQ region (Chapter 2), and are located in the ACP foothills transition zone, which is an
area where topography and ice-rich soils lead to bank erosion and shoreline subsidence
(Hinkel et al. 2012). Catchment soils in the RDC region are silty with a thick organic-rich
surface layer (Jorgensen and Grunblat, 2013), and have a lower hydraulic conductivity
(Koch, unpublished data, 2015) than those in the ATQ.

109



Sample collection and preparation

In August 2016, Ninespine stickleback were collected from the six study lakes using a
combination of fyke nets and minnow traps. Upon capture, stickleback were weighed and
measured for fork length (to the nearest mm), and frozen whole for transport back to the

laboratory at the University of Waterloo.

Laboratory Analysis

Fish were thawed at room temperature, and an incision was made on the ventral side of each
fish so that the alimentary tract and other viscera could be removed. Both the alimentary tract
and the peritoneal cavity were then examined. If cestodes were present, they were retained,
enumerated, and individually weighed. Otoliths were then removed for age determination.
Following this, whole dressed stickleback (minus viscera and parasites) were freeze-dried
using a LabConco FreeZone operated at -54°C and 0.014 mBar for 48 hours. Freeze-dried
samples were then ground to a uniform powder using scissors inside borosilicate scintillation
vials. Parasites from the same individual were combined, freeze-dried, and also ground to a

uniform powder using scissors inside borosilicate scintillation vials.

Total mercury analysis was completed on 260 fish (~44+12/lake) at the University of
Waterloo, Ontario, Canada, using an Ohio Lumex PYRO-915+ (100-240V, 50/60Hz, 700W;
Burger et al. 2004). Between 10-15 mg of dry tissue was analyzed per fish. The mean
detection limit was 0.02 + 0.01 pg /g (dry weight), relative percent difference between

duplicates was 9.5+5.6% (n=28), and mean percent recovery of the certified reference
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material (DORM-4, National Research Council of Canada 2012) was 95.9+7.4% (n=33).
Method blanks were consistently below the detection limit (n=38). Following dissection and
total mercury analysis, methylmercury analysis was completed on subsample of 34 (of 260)
stickleback. To generate the subsample, three parasitized and three unparasitized fish were
randomly selected from each lake (except for ATQ 201 where there was only one
unparasitized fish). MeHg analysis was also completed on the corresponding parasites of the
parasitized fish from the sub-sample (n=18), all at the Biotron Laboratory (Western
University, London, Ontario, Canada). Briefly, a potassium hydroxide solution (KOH) was
added to sample tissues prior to hot block digestion (Bloom and Fitzgerald, 1988), and the
resulting extracts were speciated by gas chromatography and analyzed using cold vapor
atomic fluorescence spectroscopy on a Tekran 2700 Automated MeHg Analysis System
following U.S. EPA method 1630 (U.S. EPA, 1998). The method detection limit was 0.009
ng/g (dry weight), mean relative percent difference between duplicates was 9.6+9.5% (n=28),
and mean percent recovery of certified reference material was 85.5+14.4% (n=24; DORM-4,
National Research Council of Canada 2012). Method blanks were consistently below the

detection limit (n=27).

Carbon and nitrogen stable isotope analyses were completed on all of the fish (n=260), as
well as the parasites from the 34 fish sub-sample (n=18) at the Environmental Isotope

Laboratory at the University of Waterloo, Ontario. Stable isotope ratios are expressed as
delta values (8'3C, 8'°N) in parts permil (%o) relative to international standards (Pee-Dee
Belemnite and N> gas, respectively). Analytical error for 8'3C and 8'°N never exceeded 0.3

and 0.2%o, respectively, based on measurements of standardized reference materials cross-
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calibrated to the international standards, that comprised no less than 20% of samples. The
mean relative percent difference between duplicate samples was 1.2+1.8% (n=104) for 5'°C

and 6.4+8.3% (n=104) for §!°N.

Sagittal otoliths were used for fish aging. One otolith from each fish was submerged in water
and photographed (Leica Application Suite version 4.0.0, Leica Microsystems [ Switzerland]
Limited) at 40x magnification under reflected light using a dissecting microscope (Leica
M60) at the USGS Alaska Science Center, Anchorage, Alaska. Two independent readers
estimated age by counting the number of visible annuli on photographs (Jones and Hynes
1950; DeFaveri et al. 2014). If estimated ages differed between the two readers, a third reader

provided an estimate (< 7%).

Fish (n=34) and parasites (n=18) that were analyzed for stable isotope ratios and methyl
mercury were also analyzed for caloric density at the University of Waterloo using a bomb
calorimeter. A pellet was formed from the homogenized, dried samples and analyzed using a

Parr™ Semi-micro Calorimeter 6725 (Parr™ Instrument Company, Moline, IL). A duplicate

sample and commercial analytical standard (Parr™ benzoic acid pellet) were each run for
every ten samples. The mean relative percent difference between duplicates was 3.3+1.0%

n=5), and mean percent recovery of analytical reference material was 100.6+0.41%
(n=5), p ry y

Data Analysis
Statistical analyses were completed in R Studio v 1.0.136 and R v 3.5.1 with core packages

in addition to “Ismeans” (Lenth et al. 2016) and “vegan” (Oksanen et al. 2018). All figures
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were generated in Sigmaplot v 11.0 (Systat, 2008) or Arcmap™ 10.2.2 (ESRI, 2016). All
comparisons between hosts and parasites (3'°N, [MeHg], caloric density) were completed on
the subsample of infected fish (n=18) and their corresponding parasites (n=18), that were
each analyzed for [MeHg], 8'°N, and caloric density. Since MeHg analyses were only
completed on a subsample of fish (n=34), a mean ratio of MeHg to THg concentrations was
completed on the subsample for each lake, and these ratios were used to estimate MeHg
concentrations for fish that were not analyzed for MeHg but were analyzed for THg (Table
S4.1, Appendix C). These estimated values (n=260) were used to determine differences in
mercury concentrations between whole dressed parasitized and unparasitized fish. When
data were not normally distributed, a log. transformation was applied, and residuals were
examined following analyses to ensure assumptions of each test (normal residuals,

homogeneity of variance) were met. For all significance testing, alpha was set to 0.05.

Statistical analyses were completed on several variables. The following are explicit
definitions of variables used throughout this chapter. “Parasitization index” refers to the
proportion of fish body mass comprised of parasite tissue (i.e., total parasite mass divided by
fish mass*100). “Whole dressed” refers to a fish (parasitized or unparasitized) that has had
its viscera and parasites (in infected fish) removed. “Host” refers to whole dressed tissue of
fish that were infected with Schistoceophalus parasites. ‘“Parasite” refers to the homogenized
parasite tissue from a given host; comparisons involving parasites are always made
specifically between the parasite and its corresponding host (i.e., paired comparisons). “Fish
meal” refers to the reconstructed combined package of fish plus parasites(s) in parasitized

fish (detail provided below). “Fish age-at-size” is a proxy for fish growth. Least-squares
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mean age were calculated at a fish length of 50 mm using an ANCOVA (length and lake as

covariates).

To address objective one, an analysis of variance (ANOVA) was used to assess differences in
parasitization indices among lakes, and a post-hoc Tukey’s test was used to assess pairwise
differences. For objective two, paired t-tests were used to assess differences in [MeHg] and
8!°N between whole dressed host fish and corresponding parasites in the study lakes. To
determine if there were relationships between parasite and host 8!°N, and between parasite
and host [MeHg], analyses of covariance (ANCOVA) were used to model 8'°N and [MeHg]
in parasites as a function of host §!°N and [MeHg], respectively, and “lake” as a categorical
variable. To assess differences in estimated MeHg concentration between parasitized and
unparasitized fish (n=260), a general linear model with two categorical variables (parasite
status and lake) and a covariate (loge length) was used. To illustrate length-adjusted mean
MeHg for parasitized versus unparasitized fish in each lake, least-squares means were
calculated for each lake using parasite status as a categorical variable and length as a

covariate.

To gain a better understanding of how parasitism may influence mercury exposure to
predators of stickleback, I estimated [MeHg] and caloric density of a “fish meal” (whole
dressed fish + parasite). This was completed by first calculating the proportion of the whole
fish weight (weighed prior to dissection) comprised by the parasite (i.e., the parasitization
index). Proportions of weight accounted for by whole dressed fish tissue and parasites were

multiplied by their respective MeHg concentrations and then summed together to calculate
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concentration of MeHg in a “fish meal.” Calculated proportions were also multiplied by
their respective caloric densities to calculate caloric density in a “fish meal”. Differences in
[MeHg] and caloric density between whole dressed fish and the “fish meal” (i.e., parasite
incorporated) were compared using paired t-tests, and differences in [MeHg] between
parasitized and unparasitized “fish meals” were assessed using a general linear model.
Caloric density was also compared between parasites and hosts using paired t-tests applied to
means for each study lake, and a general linear model with two categorical variables (parasite
status and lake) was used to determine differences in caloric density between parasitized and
unparasitized fish. Finally, to understand the relationship between parasitization and fish
growth, an ANCOVA was used to generate LSmean age-at-size (50 mm; a proxy for fish
growth) for each lake. Age-at-size was then related to percent of the population parasitized

using a linear regression.
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4.3 Results

There was a large range in the percentage of stickleback parasitized among the six study
lakes. The lake with the smallest proportion of infected fish was ATQ 206, with 8% of fish
parasitized. The lake with the greatest proportion of infected fish was ATQ 201; 98% of

stickleback captured from this lake were parasitized by S. pungitii (Table 4.1).

The proportion of body mass comprised by parasites (parasitization index) ranged from 12-
23% (lake means), and differed significantly among the study lakes (Fig 4.2; ANOVA, F,
112y= 6.24, p<0.0001). A post-hoc Tukey’s test indicated that the parasitization index in ATQ
201 was significantly higher than the parasitization indices in ATQ 200, ATQ 206, and RDC

311 (Fig 4.2, p<0.01).

A comparison of 8'°N between hosts and parasites revealed that, in all lakes, parasites were
significantly depleted in N (Fig 4.3a; paired t-test, t=17.58, p<0.0001, df=5) and had
significantly lower MeHg concentrations (Fig 4.3b; paired t-test, t=6.75, p=0.001, df=5) than
their hosts. While 8'°N in parasites was significantly and positively related to 8'°N in hosts,
8'5N in parasites did not differ among lakes (ANCOVA; R?4=0.92, F(6,9=28.54, p<0.0001).
MeHg concentrations in parasites were also significantly and positively related to [MeHg] in
hosts, but in contrast with the results for §!°N, MeHg concentrations in parasites differed
significantly among lakes, and the lake*host[MeHg] interaction term was significant

(ANCOVA; R%,4=0.87, F11.65=11.51, p=0.004). These analyses indicate that the §'N and

[MeHg] of the host can explain a significant amount of variability in §!°N and MeHg of the
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parasite, respectively, and that factors other than host [MeHg] result in among-lake

variability in parasite [MeHg].

To assess differences in MeHg concentration between parasitized and unparasitized whole
dressed fish, a general linear model with two categorical variables (parasite status and lake)
and a covariate (log. length) was performed. All fixed terms and one interaction term
(lake*length) were significant (General linear model; R2,j=0.78, F(12,247=78.38, p<0.0001).
While the categorical variable, lake, and fish length explained more variability in fish
[MeHg] than parasite status, parasitized whole dressed fish tissue had significantly higher

[MeHg] than unparasitized whole dressed fish tissue (Fig 4.4).

Although MeHg concentrations in whole dressed fish tissue from parasitized fish were higher
than those in unparasitized whole dressed fish tissue, the importance of parasitization in
affecting Hg exposure to predators must be examined by considering the parasites as part of a
“fish meal” in terms of mercury and energy. I did this by artificially reconstructing the fish
and calculating an overall [MeHg] for the “fish meal.” Comparisons of [MeHg] in parasitized
whole dressed stickleback to [MeHg] in reconstructed “fish meals” revealed that [MeHg] in
the “fish meal" was significantly lower than in whole dressed tissue (Fig 4.5; paired t-test,
t=4.73, p<0.01, df=5), indicating that by accounting for the parasite in the overall MeHg
concentration of a fish meal, a predator is exposed to significantly lower [MeHg] than the
whole dressed tissue concentrations would suggest. A comparison between “fish meal”
MeHg concentration in parasitized versus unparasitized fish can be made if we assume that

the whole dressed MeHg concentration of unparasitized fish is representative of the “fish

117



meal”. For this comparison, a general linear model with two categorical variables (parasite
status and lake) and a covariate (loge length) was performed on the sub-sample of fish
(n=34). While lake (p<0.0001) and length (p=0.01), as well as their interaction term
(p=0.02), were significant, parasite status (p=0.16) was not (General linear model, R*=0.72,
Fa221=1.24, P<0.0001). These results indicate that although the whole dressed tissue of
parasitized fish is higher than that of unparasitized fish, when considering the fish as “fish
meals”, the higher tissue mercury concentration is offset by the presence of the (relatively

low [MeHg]) parasite.

Similar to 3'°N and [MeHg], there was a significant difference in mean caloric density
between the hosts and parasites in all of the study lakes, such that hosts (whole dressed
tissue) had a significantly higher caloric density than parasites (Fig 4.6; paired t-test, t=2.5,
p=0.05, df=5). To determine if infection impacted the caloric density of whole dressed fish
tissue, a general linear model with “parasite status” and “lake” as fixed terms was used, and
neither variable could explain a significant amount of variability in caloric density (General
linear model, R?>=0.07, F(11.22=1.24, P=0.32). This indicates that, unlike MeHg, caloric
density of a fish is not affected by parasitism. To determine if the lower caloric density of the
parasite compared to the whole dressed host tissue would result in the “fish meal” having a
significantly lower caloric density than the whole dressed host (similar to what was found
with [MeHg]), a paired t-test was performed. In contrast with the result for [MeHg], the
caloric densities of the “fish meals” were not significantly different from the corresponding
whole dressed host (Paired t-test, t=1.93, p=0.11, df=5). These results indicate that although

the whole dressed tissue had a higher caloric density than the parasite tissue, the difference
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was small enough to be negligible when considering overall caloric density of the “fish

meal”.

Finally, I examined the relationship between parasitization and fish growth. Stickleback age-
at-size (a proxy for growth, such that fish older at size are slower growing) was previously
calculated for each study lake in Chapter 3; briefly, least-squares means were generated from
an ANCOVA that related fish age to logclength (mm), lake, and the interaction (R?>=0.77,
Fi6,268=158.2, p<0.0001). There was a significant and positive relationship between least
squares mean age-at-size (at 50 mm) and percent of Ninespine stickleback parasitized in each
lake (Fig 4.7; R?%,3=0.62, F(14=9.29, p=0.04). This indicates that parasitization of Ninespine

stickleback by cestodes negatively affects fish growth.
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4.4 Discussion

Parasite Infectivity

Schistocephalus infection rates were variable across the six different populations of
Ninespine stickleback that were studied, ranging from 8-98%. Rates vary among other
populations in the literature as well, with some being as high as 85-95% (Arme and Owen,
1967; Godin and Sproul 1988), and others as low as <1% (Jakobsen et al. 1988). Since the
Schistocephalus lifecycle is complex and because Schisotocephalus is trophically
transmitted, there are several factors that impact infection rates, including the presence of
intermediate and definitive hosts (see Heins and Baker, 2008). A concurrent in-depth study
on the zooplankton community composition was completed on the same study lakes by
Guernon (2019), that reported copepod concentrations that ranged from <1 -11 individuals/L
among lakes. Since copepods are the first intermediate host of S. pungitii, I expected that
among-lake differences in zooplankton community composition would be reflected in
differences in infection rates, such that lakes with high infection rates would have higher
copepod concentrations; however, this was not the case (see Guernon, 2019). It is likely that
the among-lake differences in infection rates I observed are a product of ecological
differences that were not quantified, such as the presence and abundance of piscivorous

birds, which are the definitive hosts of Schistocephalus cestodes.

In addition to assessing infection rates, I also assessed infection intensities. Schistocephalus
plerocercoids can grow to enormous sizes, often approaching or exceeding 50% of the total
host mass (Arme at Owen, 1967; Macnab and Barber, 2012). There was a significant
difference in the mean parasitization index among lakes (ranging between 12-23%);
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however, in no lakes did the parasite load comprise 50% of the host, which has been found in
other systems. Plerocercoids achieve an infective mass at 50 mg, at which point they have a
significantly higher chance of successfully completing their lifecycle (Tierney and
Crompton, 1992). The fact that the parasitization indices in this study are lower than those
reported in other studies could be because the fish with the highest parasitization indices
were eaten. Once parasites reach an infective mass they can manipulate their host into
becoming more conspicuous to predators by reducing mobility, decreasing predator
avoidance, increasing buoyancy, and changing coloration (LoBue and Bell, 1993), making
them more likely to be predated upon. As plerocercoids increase in size, the likelihood of
lifecycle completion increases, and greater effects are also observed on host growth and

development (Tierney et al. 1996; Barber et al. 2008).

There are possible implications of Schistocephalus infections on energy flow and
contaminant bioaccumulation in the study lakes, particularly as infection rates were as high
as 98% and a substantial amount of fish biomass (up to 23%) was comprised of parasite
tissue. Ninespine stickleback are important prey fish on the Arctic Coastal Plain (Laske et al.
2018), and the definitive hosts for Schistocephalus are piscivorous birds (40 species; Heins
and Baker, 2008); however, to the many organisms that consume infected stickleback, the
parasite is merely nutrition. To assess the potential implications of parasitism on mercury
bioaccumulation in the study lakes, I investigated the trophic relationship between parasite
and hosts, and tested for differences in mercury concentrations and caloric density between

hosts and parasites.
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Host-parasite trophic relationships and mercury

Considering parasites in food web studies is relatively new (Lafferty et al. 2006), even
though parasitism is the most common feeding strategy on Earth (DeMeeus and Renaud,
2002), and parasites comprise the greatest proportion of biomass in several aquatic
ecosystems (Kuris et al. 2008). Traditionally, when parasites are included in food webs, one
or two parasite taxa are listed as “top carnivores”, which, based on the diversity of feeding
strategies, is too simplistic (Marcogliese, 2003). I found that the parasites in this study (S.
pungitii) did not occupy a higher trophic position than their stickleback hosts, as they had

consistently lower 8!°N and mercury concentrations.

The lower 8'°N in cestode parasites relative to their stickleback hosts indicates that the
parasites are primarily feeding on the gut contents of the fish, and not on the fish tissue itself.
This is consistent with previous literature on cestode parasites (Pinnegar et al. 2001; Power
and Klein, 2004; Eloranta et al. 2015). The fact that the parasites are '’N-depleted compared
to their hosts, even though they are exposed to the same food supply, indicates that the
parasites and hosts likely have different isotopic discrimination factors. Although isotopic
discrimination factors are often assumed to be 3.4%o, this represents an average across
different taxa that span a range of several permil (Minagawa and Wada, 1984). McCutchan
et al. (2003) found that isotopic discrimination factors differed based on feeding strategy,

such that higher protein diets resulted in higher 8'>N discrimination factors. They also found

that fluid-feeders (e.g., internal parasites) had lower 8'°N discrimination factors than non-

fluid-feeders, and attributed this to the fluids being isotopically different than the bulk food

item (McCutchan et al. 2003). The consistently lower parasite MeHg concentration is
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unsurprising when considering their §'°N values (e.g., Kidd et al. 1995); however, since the
host and parasite have the same dietary supply this is slightly curious, and can likely be
explained by a combination of different physiological characteristics including metabolism
and age, as these also affect Hg concentration (Sandheinrich and Weiner, 2011), or by

differences in trophic shift and concomitant biomagnification.

Cestodes do not have a functional digestive tract and, as such, acquire all of their nutritional
needs through their outer membrane, which is called a tegument (Pappas, 1975). This is
typically achieved through the processes of facilitated diffusion or active transport (Pappas,
1975), and is also how MeHg enters the organism. In fish, MeHg accumulates in the gut
following exposure, where it is then taken up across the intestinal epithelial cells, sometimes
taking several days to be transferred into the bloodstream (see Bradley et al. 2017). It was a
previously held belief that nearly all of the MeHg a fish is exposed to was assimilated into
their bloodstream; however, multiple studies have shown that this is false, and that
assimilation efficiencies of MeHg in fish are highly variable, ranging from 10-100%
(Bradley et al. 2017). Currently we do not have a full understanding of the drivers of MeHg
assimilation efficiency in fish, but it may be influenced by the concentration and time of
exposure to MeHg (see Bradley et al. 2017). The parasitized stickleback in this study
provide an example where not all MeHg is assimilated by the fish as, an albeit depleted
amount compared to the fish, accumulates in the parasite tissue. I propose that higher MeHg
concentrations in whole dressed host tissue compared to corresponding parasite tissue could
indicate that host fish have a higher assimilation efficiency than their parasites. This could be

a product of the biochemical processes related to assimilation (diffusion, active transport), or
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may be because parasites are physically located in an area of the gut where the MeHg is less

readily available for uptake.

Another explanation for the elevated concentrations of MeHg in hosts compared to parasites
is organism age. Once MeHg has been taken up into a fish, it can take several months to
years to be eliminated (Trudel and Rasmussen, 1997), which explains why older fish often
have higher mercury concentrations than younger conspecifics (Sandheinrich and Weiner,
2011). Naturally, hosts are older than their parasites, and in this study, none of the fish under
one year of age were parasitized (Table S4.2, Appendix C). As such, age could contribute to

the higher MeHg concentrations in hosts compared to parasites.

Effects of parasitism on stickleback mercury

In addition to the differences between host and parasite MeHg concentrations, there were
also significant differences in [MeHg] between parasitized and unparasitized fish, such that
when variability due to fish length and among-lake differences was accounted for, [MeHg] in
whole dressed tissue from parasitized fish was significantly higher than [MeHg] in whole
dressed tissue from unparasitized fish. One explanation for the difference in MeHg
concentration between parasitized and unparasitized fish is that parasitized fish grow more
slowly, as nutrients are diverted to the growth of cestodes in parasitized fish. Growth (age-at-
size) was found to be a significant driver of among-lake variability in stickleback MeHg
concentration in the study lakes (Chapter 3), and here I found a significant positive
relationship between the percentage of the stickleback population that was infected with

cestodes and age-at-size. This indicates that growth was slower in lakes where a larger
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proportion of the stickleback population was infected. This result is consistent with the
literature. In an experiment conducted by Barber and Svensson (2003), it was found that
artificially infected Three-spined stickleback had significantly lower growth rates than
uninfected individuals. Slower growth rates in cestode-infected fish have been found in other
species as well, including Atlantic Salmon (Saksvik et al. 2001). Another potential
contributing factor to the higher MeHg concentrations in parasitized versus unparasitized fish
is compensatory feeding, as parasitized fish must consume more food to offset the nutrients
lost to their parasites (Barber et al. 2005). This elevated food intake could lead to greater
MeHg bioaccumulation, because not only are the fish consuming more food, but they are also
allocating more resources to metabolic costs instead of growth, and thus have lower growth

efficiency (Trudel and Rasmussen, 2006).

Ostensibly, parasitized fish could lead to an overall increase in Hg bioaccumulation in the
food web, since tissue from parasitized fish generally has higher mercury concentrations than
tissue from unparasitized fish; however, a different conclusion is drawn when the MeHg
concentration of the stickleback tissue and the parasite are considered together as a “fish
meal” for predators. Although I found that whole dressed tissue from parasitized fish had
higher [MeHg] than whole dressed tissue from unparasitized fish, a substantial portion of the
mass of parasitized fish (12-23%) was comprised of parasite tissue. This parasite tissue had
lower [MeHg], and would also be digested and assimilated by a consumer. When I accounted
for the proportion of fish and parasite mass and their respective MeHg concentrations, results
indicate that the overall MeHg concentration of the “fish meal” (incorporating the parasite)

was significantly lower than the corresponding whole dressed host tissue. Further, there was

125



no significant difference in parasitized vs unparasitized “fish meal” [MeHg]. Essentially, the
presence of a parasite dilutes the overall mercury concentration of the “fish meal”, and
offsets the higher mercury in the whole dressed fish tissue of parasitized fish. This could
result in lower MeHg exposure to predators if the energy density of the “fish meal” is similar

to the corresponding whole dressed host.

To gain a more complete understanding of how presence of Schistocephalus parasites
impacts mercury bioaccumulation in the food web, the relative food quality of parasitized
and unparasitized stickleback must also be considered. Although the host fish did have
higher caloric density than their corresponding parasites, this difference became negligible
when the proportional masses of the host and parasite were considered (outlined in methods);
results indicate no significant differences in caloric density between parasitized and
unparasitized stickleback. In theory, therefore, predators would not have to compensate for
an energy deficit imposed by the parasite to the overall “fish meal”. Consequently, it is
unlikely that predators feeding on parasitized fish would be exposed to greater concentrations
of MeHg overall, and with a high enough parasitization index, the parasites could even act as
a form of mercury dilution. However, in order to definitively test this, I would need to
analyze parasitized and unparasitized whole-body stickleback (including viscera), as the

current analysis does not account for these components due to how the fish were processed.

Parasites have historically been neglected in food web studies, as they were thought to
comprise negligible amounts of biomass in a system (Polis and Strong, 1996; Poulin, 1999).

Kuris et al. (2008) quantified the biomass of both free-living and parasitic taxa in three
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different estuaries and found that the biomass of the parasites exceeded that of top predators.
In many shallow lakes on the Arctic Coastal plain of Alaska, Ninespine stickleback are the
only fish species present, which was true for two of the lakes in this study (Chapter 3).
Although I have not quantified it, I posit that Schistocephalus parasites comprise a substantial
amount of overall biomass in these simple ecosystems, especially in the lakes with high
infection rates and parasitization indices. Since stickleback are an important component of
these simple Arctic lake food webs, and the parasites have depleted mercury concentrations
and make up nearly 25% of the body mass in some of these fish (and likely a greater
proportion in fish consumed by definitive hosts), it is critical to consider them in food web
studies. The ACP is home to many breeding waterfowl populations that feed on fish,
including the rare Yellow-billed loon (Gavia adamsii). Elevated concentrations of MeHg
have been observed in Yellow-billed loons captured on the ACP, and there is concern that
these birds are at risk for lowered production due to high exposure to mercury (Evers et al.
2014). Thus, understanding how Schistocephalus parasites impact the flow of mercury in
these lakes is critical. Moreover, with rising air temperatures it is possible that we could see
ever-increasing infection rates, as warming waters can lead to enhanced parasite metabolism,
higher fecundity, and more rapid spreading (see Lohmus and Bjorklund, 2015), which further

underscores the importance of considering them.

Summary and Conclusions
I found varying S. pungitii infection rates and parasitization indices in lakes across the Arctic
Coastal Plain of Alaska. The cestodes were depleted in both >N and MeHg compared to

their hosts, likely due to their mode of feeding and indicating a difference in assimilation
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efficiency. Tissue from parasitized stickleback had higher MeHg concentrations than tissue
from unparasitized conspecifics in the study lakes, which was likely a product of slower
growth rates and/or compensatory feeding. However, when stickleback are considered as a
“fish meal” that includes both fish tissue and parasite tissue (comparatively depleted in
MeHg), results indicate that since there was no significant difference in overall caloric
density, consuming a parasitized fish might not result in increased MeHg uptake, as would be
suggested by the higher [MeHg] of whole dressed parasitized tissue compared to whole
dressed unparasitized tissue. Because parasitization indices can be much greater than what
we observed here (>50%), it is possible that parasites could act to dilute mercury transfer to
higher trophic levels; however, further work wherein the MeHg body burden (including
viscera) of infected and uninfected fish is quantified would be required to test this
hypothesis. The findings I have presented here show that it is important to consider S.
pungitii in food web and contaminant studies in the Arctic, especially as we may see

increased infection rates with anthropogenic warming.
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4.6 Figures
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Figure 4.1. Study lakes on the Arctic Coastal Plain of Alaska (ATQ 200, ATQ 201, ATQ
206, RDC 308, RDC 309, RDC 311); black circles represent the ATQ lakes, black triangles
represent the RDC lakes.
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Figure 4.2. Mean + (SE) parasitization index (proportional mass of parasite within host) for
parasitized fish in each of the six study lakes. The parasitization index was significantly
higher in ATQ 201 than in ATQ 200, ATQ 206, or RDC 311. Letters represent significant
pairwise differences (Tukey’s test).
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Figure 4.3. Mean + SE (A) 8'°N (permil) and (B) MeHg concentrations (ug /g dry weight)
for stickleback hosts and their respective parasites from the six study lakes. Black circles
represent stickleback hosts, whereas white circles represent cestode parasites. In all lakes,

mean 8'°N and mean [MeHg] were significantly lower in parasites than in hosts.
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Figure 4.4. LSmean log[MeHg] + SE (ug /g) for Ninespine stickleback (at fork length 50
mm) in the six study lakes on the Arctic Coastal Plain of Alaska sampled in the summer of
2016. Black circles represent whole dressed fish tissue from unparasitized fish, and white
circles represent whole dressed fish tissue from parasitized fish. Whole dressed tissue from
parasitized fish had higher log[MeHg] then whole dressed tissue from unparasitized fish at
the standardized length of 50 mm.
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Figure 4.5. Mean [MeHg] in stickleback [MeHg]+ SE (ug g) from the six study lakes on the
Arctic Coastal Plain of Alaska sampled in the summer of 2016. Black circles represent
[MeHg] in whole dressed host fish, and white circles represent [MeHg] in the reconstructed
“fish meal” Whole dressed fish had significantly higher [MeHg] than reconstructed fish
meals (Paired t-test, t=4.73, p<0.01, df=5).
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Figure 4.6. Mean caloric density + SE (cal/g) in hosts and parasites for each of the six study
lakes on the Arctic Coastal Plain of Alaska. Black circles represent the host, whereas white
circles represent the parasite. Whole dressed host fish had significantly higher caloric density
than their corresponding parasites (Paired t-test, t=2.5, p=0.05, df=5).
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Figure 4.7. Least-squares mean stickleback age-at-size (50mm) + SE related to the
percentage of stickleback parasitized from six study lakes on the Arctic Coastal Plain of
Alaska. There was a significant and positive relationship between percent parasitized and

age-at-size (R%q4=0.62, F(1.4=9.29, p=0.04)
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4.7 Tables

Table 4.1. Location, basic morphometry, and sample sizes for each of six study lakes on the
Arctic Coastal Plain of Alaska. Sampling occurred in summer 2016.

ATQ200 ATQ201 ATQ206 RDC308 RDC309 RDC311

Latitude (decimal ~ 70.453 70.327 70.416 69.987 70.025 69.995
degrees)

Longitude -156.953  -156.805  -156.774  -156.427 -156.567 -156.689
(decimal degrees)

Surface area (km) 2.49 1.37 1.79 0.73 0.50 0.67
Zmax (m) 2.56 3.0 2.96 4.08 2.07 3.05
Number of fish 64 50 50 41 33 50
sampled

Percent of 14.1 98 8 17.1 33.3 76
stickleback

parasitized
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5 General Discussion and Conclusion

5.1 Synthesis of novel contributions

Results from the body of research included in this thesis indicate that effects of
environmental change on mercury accumulation in lakes on the Arctic Coastal Plain (ACP)
of Alaska will vary spatially and be mediated by several interacting biotic and abiotic
variables. I found that patterns of mercury accumulation in sediments and food webs
reflected variability in several proximate factors, many of which are ultimately related to

catchment influence.

Paleolimnological analyses conducted on cores from three lakes that represented the Barrow
(BRW), Atqasuk (ATQ), and Reindeer Camp (RDC) regions on the ACP indicated that Hg
accumulation in thermokarst lake sediments was highest and most variable in lakes that had
relatively high catchment influence (Chapter 2). Mercury accumulation rates in the two lakes
with higher catchment influence (BRW 100 and RDC 312) were driven by high and variable
sedimentation rates, which were inferred to reflect higher relative catchment size, lower
hydraulic conductivity, and higher thermokarst activity (e.g., thermal erosion; Chapter 2).
There were no significant temporal trends in mercury accumulation in either of these high
catchment influence lakes. Mercury accumulation rates were lowest and least variable in the
lake with lower inferred catchment influence (ATQ 206). In this lake, Hg accumulation rates
were most closely related to mercury concentration rather than sedimentation rates, and a
temporal increase in mercury accumulation over the last ~100 years was best explained by an
increase in sediment Hg concentration, which was driven by changes in lake primary

production (Chl-a). These results suggest that climate change will alter Hg accumulation in
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the sediments of these lakes differently, and that climate-driven increases in primary
production could lead to increases in sediment Hg concentration in other ‘low catchment
influence’ lakes across the ACP, while increased incidence of sedimentation events could
lead to higher and more variable mercury accumulation in ‘high catchment influence’ lake

sediments.

Because I found that catchment influence varied spatially on the ACP, and that it appeared to
affect the amount of, and pathways by which, mercury accumulated in lake sediments
(Chapter 2), I hypothesized that catchment influence may also affect how mercury enters and
accumulates in lake food webs on the ACP. Expanding the investigation of mercury
accumulation from sediments to include water chemistry, periphyton, benthic invertebrates,
zooplankton, and fish revealed differences between the two regions - Atqasuk and Reindeer
Camp - that were studied more intensively (Chapters 3 and 4). Synthesized results from the
three data chapters indicate a complex interaction of biotic (e.g., fish growth) and abiotic
(e.g., sulphate) drivers that affect mercury delivery, uptake, and accumulation in food webs

and fish. These synthesized results are summarized in a conceptual figure (Figure 5.1).

Results from analyses of water chemistry revealed that lakes in the Reindeer Camp region,
which have larger relative catchment areas and lower hydraulic conductivity (Chapter 2),
appeared to be driven more by allochthonous production than lakes in the Atqasuk region,
which were driven more by autochthonous production. Lakes in the RDC region had higher
concentrations of DOC, DIC, and ions, lower concentrations of total phosphorus, total
nitrogen, and chlorophyll-a, and higher coverage of macrophytes (personal observation).

Methylation rates, inferred from results of %MeHg (of total) were higher in sediments in the
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autochthonous, phytoplankton-dominated lakes (ATQ region), but higher in periphyton in the
allochthonous, macrophyte-dominated lakes (RDC region). I postulate that higher SO4
concentrations observed in the allochthonous lakes stimulate mercury methylation in biofilms
associated with periphyton, as there was a positive and significant predictive relationship
between sulphate concentration in the water column and %MeHg in periphyton (Chapter 3).

I further inferred from stable isotope results that food webs in the allochthonous lakes are

likely more bacterial-based than those in the autochthonous lakes, as they had more negative

813C, which is an indicator of increased bacterial activity (Bunn and Boon, 1993).

I initially hypothesized that fish in the more allochthonous RDC lakes would have higher
concentrations of MeHg than fish in the more autochthonous ATQ lakes, due to elevated
catchment inputs of Hg and OM in the more allochthonous RDC lakes. Although the fish
MeHg concentrations were generally higher in the RDC lakes, there was one ATQ lake
(ATQ 201) with relatively high fish mercury concentrations, in fact higher than in one of the
RDC lakes (RDC 309) that had relatively low fish MeHg concentrations. While there was a
positive relationship between SO4 (a catchment indicator) and MeHg concentrations in fish,
and although SO4 concentrations were higher in the more allochthonous RDC lakes, there
was no significant difference in MeHg in fish between the two regions. SO4 was not the only
significant predictor variable of MeHg in fish, however, MeHg concentrations in fish were
also significantly and positively related to age-at-size (slower growing fish had higher

MeHg), and age-at-size did not differ significantly between the RDC and ATQ regions.
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Possible effects of water column SO4 on fish MeHg concentrations are indirect and, as such,
are difficult to elucidate. As mentioned above, SO4 can stimulate methylation (Gilmour et al.
1992), which could affect MeHg concentrations in fish. Concentrations of SO4in water may
also trace catchment-derived inputs of mercury. I found a significant, positive relationship
between sulphate concentration in water and % MeHg (a proxy for methylation) in
periphyton, but there was no relationship between sulphate concentration in water and THg
concentration in periphyton. This indicates that higher MeHg in periphyton in the RDC lakes
was due to higher methylation rates, and not higher catchment-derived inputs of inorganic
mercury. Further, the lakes with higher MeHg concentration in periphyton also had more
biofilm/bacterial based food webs (inferred by more negative 8'3C values) and lower primary
production. Although the abundance of benthic invertebrates was not quantified, fish in the
more allochthonous RDC lakes likely consumed more benthic invertebrates than zooplankton
(due to less autochthonous production and zooplankton abundance in the RDC lakes), and
benthic invertebrates invariably had higher MeHg concentrations than zooplankton. These
findings are consistent with the expectation that fish would have higher MeHg in the RDC
lakes, and if fish growth did not differ among the study lakes, it is indeed likely that fish in
the RDC lakes would have had higher MeHg. However, growth rates in fish varied among

lakes in a pattern that was independent of region.

Fish growth, which was quantified and analyzed as age-at-size, differed significantly among
lakes. Although there are several factors that can influence fish growth, including primary
production, one factor that affects stickleback growth in this region was identified while in

the field. During sample collection, it became apparent that infections by Schistocephalus
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pungitii were common, and that the prevalence of infection likely varied among lakes.
Through the diversion of nutrients from their hosts, cestode parasites can slow host growth
(e.g., Shultz et al. 2006). I found that the tissue of parasitized fish had higher mercury
concentrations than un-parasitized conspecifics. I also found a significant positive
relationship between S. pungitii infection rate and age-at-size among lakes. Together with the
finding that MeHg concentrations in stickleback were significantly and positively related to
stickleback age-at-size, there results indicate that among-lake differences in prevalence of

infection likely affects LSmean MeHg concentrations in stickleback.

Although analyzing and comparing whole dressed tissue of parasitized and un-parasitized
Ninespine stickleback helped elucidate linkages among parasitism, fish growth, and mercury
accumulation, inferences of effects on higher-level predators, such as fish-eating wildlife,
required analyses of whole bodies (fish + parasite), termed a ‘fish meal’. I found that: 1) the
cestode parasites are depleted in MeHg compared to stickleback hosts; and, ii) that the ‘fish
meals’ have similar energy densities as whole dressed fish tissue. It is thus unlikely that
infection of stickleback by cestodes would lead to higher Hg exposure in predators of
stickleback. This is important because infections of stickleback by S. pungitii are predicted to
increase with warming water temperatures. While warming temperatures will likely increase
infection prevalence and intensity, my results indicate that this may actually result in reduced

Hg exposure to predators of stickleback.
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5.2 Implications of a changing climate on Hg accumulation in the study lakes

Climate warming is amplified in the Arctic (IPCC, 2007), and there are several factors that
affect the accumulation of mercury in lakes that are subject to climate-induced change. Two
such factors are primary production and ground ice degradation. To predict effects of
climate change on Hg accumulation, we first have to understand drivers of current
variability, and we then have to understand and predict effects of climate change on those

drivers.

The two main limiters of primary production are light (Huisman et al. 1994) and nutrients
(Schindler et al. 1978), both of which are expected to be impacted by climate change.
Warmer air temperatures will lead to earlier ice-off in northern lakes, and consequently more
light availability and higher primary production (Prowse et al. 2006). Warmer temperatures
are also expected to lead to increases in precipitation in the Arctic (Trenberth et al. 2011),
resulting in greater nutrient deposition and higher primary production (Paerl and Huisman,
2008). In addition to a general increase in lake primary production, there is an expected shift
from benthic production to pelagic/planktonic production in Arctic lakes (Sierszen et al.

2003; Wrona et al. 2006).

Another primary effect of climate change on Arctic lakes and lake catchments is the thawing
of permafrost/degradation of ground ice. Rising air temperatures are leading to enhanced
thermokarstic activity, including thermal erosion, retrogressive thaw slumps, and a deepening

of the active layer (see Grosse et al. 2013). Degrading permafrost can result in the release of
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previously unavailable Hg, organic matter, and soluble ions (e.g., SO4). Thermokarstic
activity can have an antagonistic effect on lake primary production compared to climate
change, as the solutes released from the active layer can lead to the complexation and
scavenging of phytoplankton from the water column, and a subsequent shift from pelagic to
benthic production (Thompson et al. 2008). Climate-induced changes to primary production
and permafrost degradation could have profound effects on accumulation of mercury in ACP
lake sediments, accumulation of mercury in ACP food webs, and increases in prevalence and
intensity of Schistocephalus pungitii infections in stickleback on the ACP. Accurately
predicting the net effect of these changes on fish mercury concentrations requires an

understanding of the catchment properties of each region.

I found that the drivers of mercury accumulation in lake sediments varied with catchment
properties on the ACP. In lakes with well-drained soils and small relative catchment sizes
(low catchment influence; the ATQ lakes in this study), one could expect mercury
accumulation to steadily increase with increases in primary production, consistent with the
algal scavenging hypothesis (Outridge et al. 2007). Climate-related changes in sediment
mercury accumulation rates in lakes with larger relative catchment sizes and poorly-drained
soils (high catchment influence; the RDC lakes in this study) are more difficult to predict,
because they are more influenced by unpredictable sedimentation events (e.g., extreme
weather events, thaw slumping). However, the frequency and intensity of thermokarstic
activity (Prowse et al. 2006) and precipitation (Trenberth et al. 2011) are both predicted to
increase, so it is probable that the frequency and severity of sedimentation events will also

increase, which will lead to large increases in Hg accumulation in these lakes. In a meta-
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analysis (Chapter 2), I found that sediment Hg accumulation rates were more variable in
lakes from thermokarst landscapes than in lakes from non-thermokarst landscapes, and
because all of the study lakes are located on thermokarst landscapes, they are susceptible to
thermokarstic activity. As such, there is a possibility that lakes with historically low
catchment influence on sediment mercury accumulation could experience a sedimentation
event, such as a retrogressive thaw slump, which could cause higher and more variable Hg

accumulation rates.

There are several potential implications of climate change on the uptake and accumulation of
MeHg into lake food webs on the Arctic Coastal Plain of Alaska. Sulphate (via a
methylation mechanism or as a tracer of catchment influence) is currently the best abiotic
predictor of fish MeHg concentration in the study lakes. With enhanced thermokarst activity
(Grosse et al. 2013), solutes, like SO4, that were once stored in the permafrost will become
mobilized. Due to the relationship between SO4 and %MeHg in periphyton, it is likely that
SO4 affected methylation via the stimulation of methylating bacteria, and not by simply
tracing the amount of inorganic mercury available. Thus, although there are obvious direct
effects from the release of stored legacy Hg from catchments, there are also potential indirect
effects from the release of other ions from permafrost. In fact, recent work conducted on a
lake in the high Arctic by Roberts et al. (2017) demonstrated a 500% increase (3-15 mg/L) in
SO4 concentration over 10 years as a result of multiple slumping events. It is difficult to
predict how fish mercury concentrations in the study lakes on the ACP of Alaska would
respond to dramatic increases in sulphate loads, since the lakes currently span a relatively

small gradient in sulphate concentration (0.03-4.51 mg/L), and previous research has
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indicated that the relationship between SO4 and fish Hg is non-linear (e.g., Gabriel et al.
2014). At high concentrations, SO4 can have an inhibitory effect on mercury methylation. A
by-product of sulphate reduction is sulfide, which is a strong ligand for Hg, and the binding
of Hg to sulfide can make it biologically unavailable (Gilmour et al. 1992). Some studies
suggest that fish Hg concentrations peak at SO4 concentrations from 1-12 mg/L (Gabriel et
al. 2014), so it is possible that thermokarst-related increases in SO4 could decrease
methylation rates, and possibly fish MeHg concentrations in the future. It is especially
difficult to predict the effects of increased sulphate loads, as they occur concomitantly with
loading of other material, like organic matter and inorganic mercury from the catchment,

both of which can influence methylation rates as well.

Results from stable isotope analysis (i.e., RDC lakes had more negative §!°C suggesting
more bacterial based food webs), differences in autochthony vs. allochthony, and variability
in zooplankton abundance indicated that mercury is entering food webs through different
routes in lakes from each region, and I infer that this affects Hg concentrations in fish.
Results from water chemistry and chlorophyll-a analyses indicate that phytoplankton form
the base of the food web in the low catchment influence (ATQ) lakes, and that pelagic
primary production is higher in the ATQ lakes than in the RDC lakes. In lakes where pelagic
phytoplankton underpin most of the food web, it is likely that rising temperatures will lead to
a continued increase in lake primary production (Brylinsky and Mann, 1973; Rouse et al.
1997), and this could affect MeHg concentrations in higher trophic levels, including fish.
Based on the fact that MeHg concentrations were higher in the sediments of the more

autochthonous lakes, likely through a combination of algal scavenging (Outridge et al. 2007)
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and enhanced methylation (Bravo et al. 2017), it is probable that increased pelagic
production could further stimulate methylation in lake sediments, and result in higher
concentrations of methylmercury in the water column (Bravo et al. 2017). However, higher
phytoplankton densities may also decrease the amount of mercury that accumulates and
magnifies through the food web through bloom dilution, because higher concentrations of
algal cells can lead to a decrease in the amount of MeHg entering the food web (Pickhardt et
al. 2002). In summary, increases in pelagic production are more likely to affect fish Hg
concentrations in the study lakes that were less influenced by their catchment (i.e., the ATQ
lakes), but it is not yet clear where the threshold is between enhanced methylation and bloom

dilution.

Lakes in the Reindeer Camp region have larger relative catchments, and water chemistry data
indicate that these lakes are more heavily influenced by allochthonous inputs than lakes in
the Atqgasuk region. The RDC lakes are located in the ACP foothills transition zone, an area
where the topography and ice-rich soil composition makes them especially vulnerable to
bank erosion and shoreline subsidence (Hinkel et al. 2012). As such, lakes in the RDC
region will likely be more susceptible to degrading permafrost and increases in thermokarst
activity than the ATQ lakes. Additionally, with changes to precipitation and weather patterns,
it is likely that increased runoff, in addition to enhanced thermokarst, could lead not only to
increased deposition of SO4, but also organic matter, minerogenic matter, and total and
methylmercury, all of which can impact the methylation and uptake of mercury into the food
web (see Lehnerr et al. 2014). Thus, the climate-related effects on fish Hg concentrations in

the lakes that were more influenced by their catchment (i.e., the RDC lakes) are likely a
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product of increased inputs from the catchment (e.g., SO4, Hg, OM) through increased runoff
or thermokarsting, in contrast to the ATQ lakes, where fish Hg concentrations will likely be

more influenced by changes in primary production.

The best biotic predictor of among-lake variability in MeHg concentrations in fish was
growth, and fish growth will be affected by climate change in several ways. It is often
thought that fish growth will increase in response to warming temperatures in the Arctic;
however, growth rates in fish may also decrease if thermal optima are exceeded as a result of
increased intensity of inter- or intra-specific competition (Reist el al. 2006b), or as a result of
increased parasitism (e.g., Shultz et al. 2006). An in-depth analysis of fish bioenergetics was
not within the scope of this thesis; however, a factor currently impacting the growth rate of
Ninespine stickleback in lakes on the ACP is the prevalence of Schistocephalus pungitii
infection (Chapter 4). Parasites often decrease growth rates in hosts through diversion of
nutrients, and parasite infection rate is influenced by climate (see Lohmus and Bjorklund,
2015). There is evidence that Schistocephalus solidus (hosted by Three-spined stickleback)
experience higher plerocercoid growth rates at elevated temperatures and can manipulate
hosts to seek out warmer environments, which collectively can lead to a higher infection rate
(Macnab and Barber, 2012). It is difficult to predict the impact of climate change on fish
growth rates on the ACP since longer growing seasons and higher nutrient loads could
increase growth rates, while increased parasite infections could decrease growth rates.
Although the lower growth rates induced by parasitism could lead to higher concentrations of
fish MeHg, when considering an infected stickleback as a meal to upper trophic levels, it

could actually dilute the amount of MeHg entering the food web. The life-cycle of an

147



endoparasite is complex, so there are other factors outside of the scope of this thesis to
consider, such as how climate change will impact the distribution of the definitive hosts of

Schistocephalus, piscivorous birds.

Results of this research indicate that climate-induced changes in primary production,
sulphate, and fish growth may affect delivery of Hg to lakes and accumulation in food webs
on the ACP, and that effects may differ depending on sources of primary production and
degree of catchment influence. It is also possible, however, that climate change may induce a
shift in lake state that changes how MeHg enters food webs. As outlined by Scheffer et al.
(1993), shallow lakes have two alternate stable states (i.e., turbid and clearwater), and
although these are stable equilibria, a major event can induce a shift from one state to the
other. In this study, the ATQ lakes would be classified as “turbid” whereas the RDC lakes
would be classified as “clearwater”. Studies have found that thermokarstic activity, such as
retrogressive thaw slumps, can lead to a shift from a turbid to clearwater state, as the
inundation of ion-rich permafrost soil can lead to the absorption and flocculation of DOM,
which increases water clarity, increases macrophyte growth, and results in a decrease in
phytoplankton dominance (Thompson et al. 2008). If a thaw slump or other major
thermokarstic event were to occur in the ATQ lakes, it is possible that the food webs and

routes of MeHg could begin to resemble those in the RDC lakes.
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5.3 Relevance

The research in this thesis elucidated patterns and controls of mercury accumulation in the
sediments and simple food webs of lakes on the Arctic Coastal Plain of Alaska; however, it is
highly relevant to lake ecosystems across the circum-Arctic. In Chapter 2 and Chapter 3, I
presented evidence suggesting that catchment properties may impact mercury accumulation
in sediments and food webs. The mercury dynamics in some lakes are highly influenced by
external processes (e.g., sedimentation events) while others are not, and with enhanced
permafrost degradation, lakes historically not impacted by their catchments could experience
a sedimentation event, potentially altering their structure and function. The Arctic is rich in
small, shallow lakes (Grosse, 2013) like the ones in this study, and thermokarst landscapes
cover >20% of the northern permafrost region (Olefeldt et al. 2016). Based on this, and the
fact that Hg accumulation is higher and more variable in lakes from thermokarst landscapes,
it is clear that the prevalence of thermokarst landscapes could have implications for Arctic

biological and human communities.

The main exposure of humans to mercury is through the consumption of fish, which can be a
significant component of Indigenous diets in the Arctic (VanOostdam et al. 2005). On the
Arctic Coastal Plain, subsistence fishing remains an important food source (e.g., George et al.
2004). The fish species in this study, the Ninespine stickleback, is not a food fish; however,
it is an important prey item for other food fishes in this region (Laske et al. 2018). I have
demonstrated that stickleback in shallow lakes on the ACP can have significantly different

MeHg concentrations, and that among-lake differences are driven by a combination of

149



several proximate abiotic and biotic factors, some of which are governed by ultimate control
exerted by catchments. We can only predict the future effects of climate change on fish

MeHg concentrations if we identify and understand the current drivers of spatial variability.
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5.4 Future Directions

The deposition, methylation, uptake, and bioaccumulation of mercury are complex processes,
as has been demonstrated throughout this research and by many previous investigators (e.g.,
Gilmour et al. 1992; Branfireun et al. 1999; Pickhardt et al. 2002; Outridge et al. 2007;
Swanson et al. 2011; Kidd et al. 2012). Since there are both synergistic and antagonistic
drivers of mercury transport and accumulation, and because effects of drivers appear to differ
spatially, it is difficult to predict the net effect of climate change on mercury dynamics in
Arctic lakes. Based on my research results, I predict that permafrost degradation will exert a
dominant effect on future accumulation of Hg in Arctic lakes, particularly in lakes with

relatively large catchment sizes.

Numerous studies describe how the secondary effects of climate change (e.g., increased
primary production) will impact fish mercury; however, far less is known about how the
degradation of permafrost will influence fish mercury, either directly or indirectly. The
amount of available total mercury in lake sediments is increasing with degradation of
permafrost, and mercury stored in thawing permafrost (Deison et al. 2012) can be mobilized
and deposited to downstream lakes (Grosse et al. 2013). Recently it was shown that a
globally significant amount of mercury is stored in permafrost soils (Schuster et al. 2018).
However, it is unclear how this will impact fish mercury concentrations, as mercury must be
methylated before being taken up into the food web, and there are several interrelated
mechanisms that affect methylation, which have been outlined throughout the thesis.
Recently, a seminal paper was published that described how differences in sources of organic

matter (OM; either terrestrial or phytoplankton-derived) can affect mercury methylation
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(Bravo et al. 2017). The authors found that catchments have profound effects on the
dominant form of OM and on mercury methylation rates. Results from this study (conducted
on a small geographic scale), were consistent with some of my findings from Arctic Alaska,
which show that the level of catchment influence drives mercury accumulation in lake
sediments and affects the dominant form of primary production (terrestrial versus

phytoplankton) and methylation dynamics.

We do not yet fully understand how catchment size and composition, active layer depth and
composition, lake chemistry, and lake trophic state interact to govern variability in mercury
methylation and uptake into aquatic food webs at large spatial scales in the North American
Arctic. Future research should focus on filling this knowledge gap. Specific questions that
should be addressed include: 1) Can physical lake and catchment properties predict the
dominant form of primary production in a lake?; ii) Does the dominant form of primary
production (phytoplankton vs macrophytes/biofilm) dictate the primary methylation location
within a lake?; and, iii) Does the dominant form of primary production influence how methyl

mercury enters the food web?
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5.5 Concluding remarks

The findings of this thesis represent the first in-depth analysis of mercury accumulation in
lake sediments and mercury concentrations in food webs of lakes on the Arctic Coastal Plain
of Alaska. Results of this research provide further evidence that mercury dynamics in lakes
are complex, and can be directly or indirectly influenced by both biotic and abiotic factors. It
is clear that catchment characteristics play a significant, albeit not fully understood, role in
the deposition and accumulation of mercury in lake sediments, and that catchment
characteristics also affect methylation and uptake of mercury into the food webs. Findings
are relevant across the circumpolar Arctic, and future research should focus on identifying
mechanisms that underpin relationships among different variables that affect fish mercury
concentrations. Results from this and future research will ultimately help inform predictions

of how fish mercury concentrations may respond to climate change.
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5.6 Figures

ATQ Lakes RDC Lakes
(Autochthonous) (Allochthonous)

Lower catchment inputs

Low and steady High and variable
Hg accumulation Hg accumulation

Figure 5.1. Conceptual diagram of factors influencing mercury accumulation in the
sediments and food webs of study lakes on the Arctic Coastal Plain of Alaska. Lakes in the
ATQ region experience lower catchment inputs and are primarily autochthonous, while the
RDC lakes experience higher catchment inputs and are more allochthonous. Lower
sedimentation rates in the ATQ lakes lead to lower and more uniform Hg accumulation rates
in sediments, whereas the higher sedimentation rate in RDC lakes leads to high and variable
Hg accumulation rates in sediments. Low catchment inputs in the ATQ lakes lead to
phytoplankton dominance and higher methylation rates in sediments, whereas higher
catchment inputs in the RDC lakes lead to macrophyte dominance and higher methylation in
biofilms associated with periphyton. The energy pathways in the ATQ lakes are more
pelagic, and zooplankton (with relatively lower MeHg) are relied upon heavily as a food
source, whereas the energy pathways in the RDC lakes are more bacterial, and invertebrates
(with relatively higher MeHg) are relied upon more heavily as a food source. All of these
factors, along with fish growth, which is influenced by parasitism in a pattern that is
independent of region, interact to affect MeHg concentrations in fish.
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Appendix A- Chapter 2
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Figure S2.1. 2!9Pb activity and depth-age profiles utilizing the constant rate of supply model
for BRW 100 sediment core.
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Figure S2.2. 219Pb activity and depth-age profiles utilizing the constant rate of supply model
for ATQ 206 sediment core.
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Figure S2.3. 219Pb activity and depth-age profiles utilizing the constant rate of supply model
for RDC 312 sediment core.
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Table S2.1. Lake information from the sediment mercury accumulation meta-analysis from Chapter 2

C L Focus- Mean accum. ,
Lake Latitude Longitude  Publication ]();/g:lt)lf ed corrected Rate (Siiilil:;:;i Trend S ‘lt(endall S ‘I:alue
(y/m)** (ng/m2 /year)
Deison et al.
Z-A 68.84075 -134.102 2012 N Y 62.23 18.04 Negative -2  -0.714 0.019
Deison et al.
z-B 68.85356 -134.101 2012 N Y 23.88 13.58 Positive 19 0.905 0.007
Amituk 75 -93.8 Muir et al. 2009 Y Y 1.34 0.56 Positive 27 0.700 0.020
AX-A) 80 -87 Muir et al. 2009 Y Y 32.55 13.79 Positive 34 0.944 <0.001
BI-02 73 -80 Muir et al. 2009 Y Y 6.53 1.86 Positive 41 0.394 0.047
BK-AH 73.4 -119.4 Muir et al. 2009 Y Y 2.73 0.59 Notrend -35 -0.389 0.062
Engstrom et al.
Brady >8.32216667  136.681167 44, N Y 11.84 2.30 Positive 36  0.462 0.033
. Landers et al.
Burial 68402722 -159.22748 = 5008 (wACAP) N Y 5.69 1.45 Positve 20  0.714 0.019
CF-11 70.3 -68.4 Muir et al. 2009 Y Y 1.07 0.62 Positive 15 1.000 0.009
Char 74.6 -119.2 Muir et al. 2009 Y Y 1.49 0.62 Positive 49 0.891 <0.001
Engstrom et al.
Daglet >8.51916667  -137.33433 444, N Y 10.23 1.99 Positive 35  0.778 0.002
. Drevnick et al.
Daltjgrna 77561902 1420032 4, 22.70 4.81 Positve 71  0.780 <0.001
DV-E 75.3 -89.5 Muir et al. 2009 4.02 0.66 Notrend 4 0.667 0.308
i Fitgerald et al.
Efficient 68.70228333  -149.7043 ;05 N Y 2.44 0.91 Positive 134 0.638 <0.001
Fitgerald et al.
Forgetful 68.88131667  -150.28305 5 N Y 3.16 0.83 Positive 51  0.486 0.013
Hazen 81.79931 -71.01128 Muir et al. 2009 2191 2.29 Notrend -44 -0.102 0.442
Bindler et al.
Lake 53 66.494 -53.53 2001 Y N 3.69 1.32 Positive 78  0.862 <0.001
Bindler et al.
Lake 70 66.954 -51.583 2001 Y N 6.23 3.00 Notrend 18  0.405 0.127
Landers et al.
Matacharak 67747846 -156.21054  »q45 (wacap) N Y 2.33 1.00 Positve 30  0.833 0.002
MB-AC 76.2 -119.2 Muir et al. 2009 Y Y 12.56 2.56 Positive 230 0.836 <0.001
MB-S 76.1 -119.2 Muir et al. 2009 Y Y 6.77 0.40 Notrend O 0.000 1.000
Landers et al.
Mcleod 63.373261  -I5L.O88T7 5008 (wacAP) N Y 2.65 0.70 Positve 73 0.477 0.006
North 74.8 -90.1 Muir et al. 2009 Y Y 1.35 0.53 Positive 54 0.818 <0.001
Bindler et al.
Nunatak 66.965 -49.802 2001 Y N 8.24 1.62 Positive 17  0.810 0.016
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Ossian Drevnick et al.

Sarsfjellet 78950858 1249818 2012 N N 4.00 1.86 Positive 26  0.722 0.009
Fitgerald et al. N v

Perfect 68.64801667 -149.77787 2005 5.85 1.61 Positive 151 0.883 <0.001
Fitgerald et al. N v

Relaxing 68.740877 -150.03749 2005 2.48 0.99 Positive 197 0.853 <0.001

Rocky Basin 78.4 -77.5 Muir etal. 2009 Y Y 2.35 1.00 Positive 10  1.000 0.03

Romulus 79.5 85.1 Muir etal. 2009 Y Y 7.77 2.65 Positive 35 0.778 0.002

Rummy 69.08379 -123.6379 Muir etal. 2009 Y Y 6.80 0.94 Notrend 13  0.619 0.072

SHI-L4 65 -83.8 Muir et al. 2009 Y Y 6.46 3.03 Positive 75 0.824 <0.001

SHI-L7 65.2 -85.2 Muir et al. 2009 Y Y 20.34 5.61 Notrend 6 0.167 0.602
Fitgerald et al. N v

Surprise 68.5445 -149.64868 2005 3.83 2.10 Positive 270 0.900 <0.001
Drevnick et al.

Vassauga 78.216667 12.933333 2012 7.30 3.35 Positive 26 0.929 0.002

West 74.9 -109.7 Muir et al. 2009 8.21 4.13 Positive 27  0.761 0.006
Landers et al.

Wonder 63475235 -150.87638 5408 (wACAP) 2.59 1.26 Positve 26  0.929 0.002
Drevnick et al. N N

Yterjorna 78.75 12.95 2012 12.21 9.69 Positive 230 0.836 <0.001
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Appendix B — Chapter 3

Table S3.1. Results from the percent methyl mercury analysis on a sub-sample of Ninespine
stickleback from lakes on the Arctic Coastal Plain of Alaska

Lake n Mean % MeHg Standard Deviation
ATQ 200 6 77.2 7.5
ATQ 201 4 73.5 8.4
ATQ 206 6 75.8 8.3
RDC 308 6 74.4 9.0
RDC 309 6 82.6 8.2
RDC 311 6 90.8 7.2
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Table S3.2. Presence/Absence of different benthic macroinvertebrate taxa of lakes on the
Arctic Coastal Plain of Alaska; taxon presence is indicated with an “X”.

Atqasuk Lakes Reindeer Camp Lakes

Taxa ATQ200 ATQ201 ATQ206 RDC308 RDC309 RDC311

Brachycentridae X X X X X

Ceratapogonidae

Chironimidae X X

Cnidaria

Corixidae

Il

Dytsicidae

Gammarus

Hirudinea

| [RR R [A
llalialls

Hydrarachnidae

Hydroptilidae

o [RR] AR A

lislialls

Limnephilidae

Lymnaeidae

Notastraca

Oligochaeta

il I

Perlodidae

Sl I I L S IR P B i

ikl
ikl

Physidae

Planorbidae

Pleidae

Sphaeridae

Sl R s
PR R A A A

olle

Tanypodinae

Tipulidae

lislialls

Turbellaria

IRttt
IRl

s

Valvatidae
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Appendix C- Chapter 4

Table S4.1. Results from the percent methyl mercury analysis on a sub-sample of Ninespine
stickleback from lakes on the Arctic Coastal Plain of Alaska

Lake n Mean % MeHg Standard Deviation
ATQ 200 6 77.2 7.5
ATQ 201 4 73.5 8.4
ATQ 206 6 75.8 8.3
RDC 308 6 74.4 9.0
RDC 309 6 82.6 8.2
RDC 311 6 90.8 7.2
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Table S4.2. Fish ID and age for parasitized fish, and cumulative weight and number of

Schistocephalus punigitius pleroceroids from each of six study lakes on the Arctic Coastal

Plain of Alaska
Lake Fish ID Fish Parasite n Lake Fish ID Fish Parasite n
age cumulative age  cumulative
(years)  weight (g) (years) weight (g)

ATQ200 NST 217 1 0.01 1 ATQ206 NST 178 1 0.12 1
ATQ 200 NST 273 2 0.14 1 ATQ206 NST 183 1 0.02 1
ATQ200 NST 274 3 0.39 2  ATQ206 NST 186 1 0.1 1
ATQ 200 NST 275 3 0.64 3 RDC308 NST 346 2 0.19 1
ATQ 200 NST 285 1 0.09 1  RDC308 NST 349 3 0.27 1
ATQ200 NST 291 2 0.14 I  RDC308 NST 350 3 0.23 1
ATQ 200 NST 301 1 0.11 I  RDC308 NST 352 4 0.25 1
ATQ200 NST 307 1 0.11 I  RDC308 NST 359 2 0.25 1
ATQ200 NST310 n/a 0.01 2 RDC308 NST361 3 0.25 1
ATQ201 NST 104 2 0.76 3 RDC308 NST 369 1 0.07 1
ATQ 201 NST 105 4 0.57 3 RDC309 NST 226 1 0.2 1
ATQ201 NST 106 4 0.58 3 RDC309 NST227 1 0.17 1
ATQ201 NST 107 4 0.36 2 RDC309 NST228 2 0.28 1
ATQ 201 NST 108 3 0.3 I  RDC309 NST229 1 0.18 1
ATQ201 NST 109 n/a 0.58 3  RDC309 NST 230 1 0.14 1
ATQ201 NST110 3 0.49 2 RDC309 NST 234 n/a 0.21 1
ATQ201 NST 111 3 0.65 2 RDC309 NST235 2 0.25 1
ATQ201 NST112 3 0.27 I  RDC309 NST 237 1 0.15 1
ATQ201 NST 113 4 0.29 I  RDC309 NST 240 1 0.17 1
ATQ201 NST114 3 0.25 I  RDC309 NST 381 1 0.16 1
ATQ201 NST115 4 0.22 I  RDC309 NST 394 n/a 0.45 1
ATQ201 NST 116 3 0.62 3 RDC311 NST2 3 0.28 1
ATQ201 NST117 4 0.23 1 RDC311 NST3 3 0.3 1
ATQ201 NST118 4 0.33 1 RDC311 NSTS5 2 0.47 3
ATQ201 NST119 2 0.43 2 RDC311 NST6 2 0.44 2
ATQ201 NST 120 3 0.49 3 RDC311 NSTS8 3 0.11 1
ATQ201 NST 121 4 0.35 2 RDC311 NSTI11 3 0.25 1
ATQ201 NST 122 3 0.34 2 RDC311 NSTI12 3 0.55 2
ATQ201 NST 123 4 0.47 2 RDC311 NSTI13 2 0.08 1
ATQ201 NST 124 2 0.41 2 RDC311 NST 14 3 0.03 1
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