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Abstract

Over the past few decades, there has been a rapid global increase in urbanization
accompanied by the conversion of natural or agricultural land into more impervious land
cover. This ongoing acceleration of global urbanization has raised significant concerns
regarding the deterioration of water quality in urban lakes, such as worsening
eutrophication symptoms. Eutrophication of inland waters, primarily driven by phosphorus
(P) enrichment caused by human activities, is characterized by increased primary
production that, in the most extreme cases, results in harmful algal blooms. Additionally,
anthropogenic salinization has emerged as another stressor affecting the health of urban
freshwater ecosystems. Although the ecological ramifications of both P enrichment and
salinization on freshwater ecosystems are recognized, their combined impacts on water

guality have hitherto been considered separately.

The work presented in this thesis is based on an extensive acquisition and analysis of
data for a lake currently located along the edge of the Greater Toronto metropolitan area:
Lake Wilcox. Before the most recent phase of rapid urban development, the lake’s
watershed underwent the conversion of its original forested land cover to agricultural use.
Based on the data, | investigated the following questions: (1) How did the successive
historical changes in land use/land cover (LULC) impact the water quality and P cycling
in the lake?; (2) How has the rapid expansion of imperviousness during urban growth
impacted the lake’s eutrophication symptoms, in particular, the oxygenation of the deeper
water and the remobilization of P from the bottom sediments?; (3) How effective have
agricultural and urban stormwater best management practices been in mitigating the
external input of P to Lake Wilcox?; (4) Of the road salt applied in the watershed during
winter, how much reaches the lake and how much is retained in the watershed?; and (5)
What is the rate of salinization of Lake Wilcox and management intervention could help

the lake recover from excessive use of the road salt?

To address these research questions for Lake Wilcox, | combined sediment core
analyses, statistical data time series tests, and mass balance modeling. | further
evaluated the transferability of the findings for Lake Wilcox to other lakes in North
America. In this final research activity, | tested the key hypothesis that emerged from my



work on Lake Wilcox, namely that the changes in a freshwater lake’s mixing regime
caused by salinization exacerbates eutrophication symptoms, even in cases where the

external P inputs to the lake are reduced.

In chapter 2, a dated sediment core, recent water quality data, and historical records were
used to reconstruct changes in P loading to and cycling in Lake Wilcox associated with
changes in land use/land cover (LULC) since the 1920s. The lake’s originally forested
watershed was cleared for farming and, starting in the 1950s underwent agricultural
intensification. Since the 1980’s, urbanization rapidly increased the watershed’s
impervious land cover, now accounting for about 60% of the total surface area. The
results illustrate the absolute and relative changes in P external and internal loading
resulting from the LULC changes and the implementation of various agricultural and
urban stormwater management practices. By analyzing the sediment core data, |
reconstructed the historical P loading patterns, as well as the response of the lake's P
dynamics to the evolving human activities in the watershed. The results of this chapter
highlight the large differences in the impact of agricultural versus urban land use on the

lake’s P budget and cycling, and on other aspects of the lake’s biogeochemistry.

Chapter 3 focuses on the most recent phase of rapid urbanization of Lake Wilcox’
watershed. Of particular interest is to understand why Lake Wilcox remains in an apparent
eutrophic state even though external P inputs to the lake have been declining since the
1980s. | analyzed 22 years of water chemistry, land use, and climate data (1996—-2018)
using principal component analysis (PCA) and multiple linear regression (MLR) to identify
the contributions of climate and urbanization to the observed changes in water chemistry.
The results show that the progressive salinization of the lake impacts the lake mixing
regime by strengthening thermal stratification during summer. A major consequence is a
worsening oxygen depletion of the hypolimnion that increases internal P recycling in the
lake. My research therefore establishes a novel link between salinization and

eutrophication symptoms.

Building on the significant increase in salinity presented in the earlier chapters, Chapter
4 delves into a deeper investigation of the road salt management practices in the
watershed of Lake Wilcox. | delineate the changes in geochemical water type in the period

Vi



2000-2020 while using mass balance calculations for dissolved chloride and sodium to
reconstruct the yearly salt loading to the lake and the amounts of salt ions that are
retained within the watershed. Results showed that further increase in salinity may
eventually inhibit the fall overturn of the lake. They also point to the large salt legacies
accumulating in the watershed, likely in soil and groundwater compartments. The fate of
these legacies will require further research to determine the long-term risks they pose to

water resources and receiving aguatic ecosystems.

In chapter 5, | use water chemistry data for several other urban lakes in Ontario,
Wisconsin, and Minnesota to analyze how lake salinization intersects with water
temperature and lake morphometry to modify lake stratification. The goal is to determine
to what extent salinization in these lakes can cause eutrophication-like symptoms such
as those seen in Lake Wilcox. Trend analyses of chemical and physical variables are
carried out for all the lakes, and the Brunt-Vaisala frequency is used as a measure of the
summer stratification intensity. The results consistently indicate that salinity is becoming
an increasingly stronger regulator of water density than temperature in urban freshwater

lakes experiencing cold winters.

Overall, my research demonstrates that rising salinity can have a significant impact on
water column stratification of freshwater lakes. This, in turn, can reduce the oxygenation
of the hypolimnion and enhance internal P loading from the sediments. These findings
thus highlight that the management of salt inputs to urban lakes, including de-icing salt
applications in cold and cold-temperate regions, should be taken into consideration to
control lake eutrophication symptoms.
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Chapter 1

Introduction

1.1. Effects of urbanization on freshwater ecosystems

Over the past few decades, there has been a global rapid increase in urbanization leading
to the conversion of natural or agricultural land into more impervious land cover
(Stammler et al., 2017). Urbanization is an ongoing phenomenon, both globally and in
Canada. As of 2007, about half of the world's population lived in urban areas, and this
number is expected to exceed 65% by 2050 (Leeson, 2018; McGrane, 2016; Montgomery
et al., 2007). In Ontario, Canada, the population has more than doubled since the 1960s,
with the highest population density in the southern part of the province (Van Staden,
2022). Generally, urbanization has negative effects on biodiversity, water quality and air

quality.

Numerous urban centers are located in proximity to water bodies which provide important
ecosystem services such as drinking water, food, regional climate regulation, biodiversity
habitat, and recreational activities. However, urban development alters the natural
functions of ecosystems, including the physical and chemical attributes of rivers, streams,
lakes, ponds, and wetlands (Allan, 2004; Heino et al., 2017), with significant impact on
hydrology (Lindh, 1972; Walsh et al., 2005).

Urban development involves the replacement of natural land cover with impervious
surfaces, resulting in reduced infiltration of rain and snow through the soil (Brabec et al.,
2002; Walsh et al., 2005). Instead, precipitation generates runoff, which flows at much
higher volumes and velocities compared to natural environments (Brown, 1988; Walsh et
al., 2005). This has the greatest impact on hydrology, increasing runoff, and decreasing

infiltration and evapotranspiration (see Figure 1.1).
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Figure 1.1. Impact of urbanization on hydrology cycle. Note, the change in the size of
arrows in natural vs. urban areas represents the change in fluxes.



In addition, urban runoff can carry pollutants such as sediments, nutrients, heavy metals,
and microbes that can significantly impair the water quality of receiving waters, such as
rivers and lakes (Ferreira et al., 2016, 2018). The elevated water temperature of runoff is
another challenge for water quality in urban areas, especially in colder climates like
Canada, as it can affect ecosystem communities (McGrane, 2015; Walsh et al., 2005;
Miller, 2017).

To mitigate peak runoff and maintain the water quality of receiving water bodies,
authorities frequently employ stormwater management (SWM) infrastructures like ponds

or low-impact development (LID) systems (Oertli & Parris, 2019).

1.2. Importance of phosphorus (P) in freshwater ecosystems and potential

solutions for urban P control

Anthropogenic activities significantly alter global biogeochemical cycles, including the
cycling of phosphorus (P) (Bennett et al., 2001). Urban areas, in particular, are hotspots
for P transformations (Kaushal et al., 2005), which can result in the deposition and
transport of P with stormwater during rainfall events (Carpenter et al., 2015, 2018) to
receiving waters, which can further cause a significant deterioration in water quality (Song
et al., 2015, 2017; Zhou et al., 2023). Freshwater ecosystems are often limited by the
availability of nutrients, with P being a primary (or co-limiting) nutrient. Therefore,
excessive input of P can lead to eutrophication, where the overgrowth of algae and other
aqguatic plants can cause severe ecological problems (Bourai et al., 2020; Carey et al.,
2012, 2013; Carpenter, 2005; Carpenter et al., 1998; Jenny et al., 2016).

Phosphorus (P) has diverse sources and transport pathways in the environment. Global
primary P flows and inputs are linked to synthetic fertilizers' production and application,
with a significant portion lost in agriculture (Campbell et al., 2020; Cordell et al. 2009).
Despite this, studies on urban areas are essential as they often represent the final sinks
for P, and substantial amounts can potentially accumulate in urban areas, eventually
becoming sources to receiving water bodies (Kalmykova et al., 2012). While urban runoff
accounts for a small proportion of total phosphorus (TP) inputs on a global scale, urban
P sources can be significant contributors within the area or water body (Burns et al., 2012;
Macintosh et al., 2018). Stormwater is a significant source of P to water bodies, which



enters storm drains and flows into stormwater ponds before eventually discharging into
connected surface waters (Yang and Lusk, 2018).

Controlling P transport from urban areas to receiving waters requires a comprehensive
understanding of both the sources and temporal changes in P concentrations and
loadings, as well as the composition of P species along the transport pathways at the
watershed-water interface. The composition of stormwater, and overall water quality in
urbanized areas, is dependent on the various P sources (Figure 1.2), including (1) natural
sources such as erosion and atmospheric deposition, (2) anthropogenic sources such as
synthetic fertilizers, pet waste, automobile exhaust, detergents, leaking sanitary sewers,
street solids, effluents from wastewater treatment plants (WWTP), and landfills, as well
as (3) biogenic sources like leaf litter and grass clippings (Bratt et al., 2017; Hobbie et al.,
2017; Indris et al., 2020; Kalmaykova et al., 2012). Compared to other land use systems
such as agriculture, where part of the P can be removed by plants and livestock, the
removal of P from urban watersheds is limited. As a result, relatively low P inputs can
translate into relatively high runoff P concentrations or high P loads during intense
precipitation events (Kalmaykova et al., 2012). Furthermore, P can accumulate in urban
watersheds during dry climate conditions, leading to the potential for increased P
concentrations and loads during subsequent storm events (Yang et al., 2021).

The transport of P in urban areas can occur directly through impervious surfaces, which
can convey runoff containing P directly to receiving water bodies, or indirectly through
stormwater management (SWM) systems (Figure 1.3). Stormwater as a significant source
of P can enter SWM systems such as retention ponds (RPs) or low-impact development
facilities (LIDs), including bioretention cells, before eventually draining into water bodies
(Yang and Lusk, 2018; Yang et al., 2021). SWM infrastructures such as RPs and LIDs
are widely used to retain runoff and enhance the sedimentation of mobilized particles to
reduce pollutant loading in urban runoff (Chiandet & Xenopoulos, 2016). However, these
SWNM infrastructures can also have an impact on the urban P dynamics by either reducing
P loadings in the retained runoff (Goh et al., 2019; Kratky et al., 2017, 2021; Zahmatkesh
et al., 2015) or by accumulating P loading and modifying P speciation (Frost et al., 2019;
Marvin et al., 2020; Song et al., 2017; Zhou et al., 2023).



SOURCES OF P IN URBAN AREAS:

a — atmospheric deposition

P: co-limiting nutrient b — pet waste

¢ — construction sites

d — automobile exhaust and non-exhaust

e — inadequately functioning septic systems
+ detergents from house hold waste

f, g — decomposition of soils and plant materials
(e.g. leaf litter)

h — lawn fertilizing

i — grass clipping

j — waste water treatment plants (effluents)

k — landfills

| — street solids

m, n, o —miscellaneous sources (e.g. cemetery,
gas stations, husbandry)

P TRANSORT PATHWAYS:

1 — Impervious surface as pathway for urban runoff to stormwater (SW) pipes or receiving water bodies

2 — Runoff which enters in SW systems discharge either directly into receiving water or to SW
management systems such as ponds or bioretention cells (from where it is redirected to receiving waters)
3 — Leaching or infiltration of P to soil/groundwater, where it can be connected to receiving waters

Figure 1.2. Potential P sources in urban areas.



Figure 1.3. Transport pathways of P in urban areas with examples of stormwater
management facilities.



1.3. P delivery to and cycling in lakes

Lakes play a critical role in regulating and sustaining global biogeochemical cycles of
elements, P included. The concurrent influence of changes in water chemistry and
nutrient inputs to lake systems due to changes in land cover (Lin et al., 2021; Pham et
al., 2019) can result in the algae’s reproduction, potentially triggering anoxic conditions,
modifying fish populations, diminishing biodiversity, and disrupting plankton communities,
thereby exacerbating the occurrence of harmful algal blooms (Jeppesen et al., 2014). P
is the limiting nutrient for freshwater lakes (Correll, 1999; Correll et al., 1999; Maavara et
al., 2015). P occurs in a number of different species and its cycling in the landscape and
in lakes is complex, owing to its active participation in various biological and
biogeochemical cycles (Schindler et al., 1993). Upon entering the lake ecosystem, P often
undergoes efficient retention via uptake and assimilation by plants, followed by deposition
in the sedimentary layers in an organic form. Lakes also accumulate allochthonous and
autochthonous organic matter and inorganic solids that settle from the water column,
further influencing the fate of P in these systems (Ingall & Van Cappellen, 1990;
Ruttenberg, 2003).

Sediments are critical components of the phosphorus cycle in lakes and serve as both
sinks and sources of this element (Markelov et al., 2019). The accumulation of
phosphorus in lake sediments can occur in various forms, including dissolved and solid
species, as well as organic and inorganic compounds (Parsons et al., 2017).
Nevertheless, most of the phosphorus in sediments is stored in the solid phase. The
process of internal phosphorus loading, which involves the mobilization of phosphorus
from sediments into the water column, plays a fundamental role in determining the
availability of this element (Bostrém et al., 1988; Carlton & Wetzel, 1988). P released from
the sediments is bioavailable, usually in dissolved form, and often refers to the P species
either as soluble reactive phosphorus (SRP) or dissolved inorganic P (DIP). The diagram
of different P species that could be found in water is shown in Figure 1.4. The release of
phosphorus from sediments is regulated by multiple mechanisms, including oscillating
redox conditions, mineralization, microbial processes, and temperature (Bostrom et al.,
1988; Penn et al., 2000), but also it depends on the pH and alkalinity. Notably, redox

conditions play a significant role in controlling the retention of phosphorus within
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sediments (Markelov et al., 2019). Periodic oxygen depletion (hypoxia or anoxia) related
to lake thermal stratification leads to relatively high phosphorus internal loading rates
(Carey et al., 2022).

As it has been described, the P cycle in lakes is a complex process impacted by a myriad
of factors (Markelov et al., 2019). Alterations in land cover within the watershed of a lake
can have significant impacts on P loading to and cycling within the lake (Bunting et al.,
2016), with potential consequences for the entire lake ecosystem (Yang et al., 2020).
Changes in land use, such as agricultural intensification, urbanization, and deforestation,
can impact the loading of nutrients, including phosphorus (Chowdhury & Chakraborty,
2016), into the lake, often resulting in a change in water chemistry and potentially
impacting the lake’s mixing regime (Ladwig et al., 2021). Moreover, land use changes
can also modify hydrological regimes (Wong et al., 2012), leading to alterations in the
delivery of soil erosion (Czemiel, 2014) and nutrients to the lake (Borrelli et al., 2016,
2017). These effects, in turn, can impact the internal phosphorus loading from sediments,
as well as the cycling of phosphorus within the water column (Radosavljevic et al., 2022).
Additionally, land cover changes can alter the delivery of organic matter (Silliman et al.,
1996), which is often a large pool of P in lakes (Slomp & Van Cappellen, 2007). Therefore,
understanding the interconnections between land cover changes and the P cycle in lakes
is essential for developing effective management strategies to preserve these vital

freshwater ecosystems, especially in the era of intensive urban development.

1.4. Thermal stratification in lakes and impact on P cycling

Thermal stratification is a phenomenon that occurs in many lakes or reservoirs which can
persist for extended periods of time (Boehrer & Schultze, 2008; Ladwig et al., 2021). This
stratification is primarily a result of density differences that occur within the water bodies,
leading to the development of potentially distinct chemical gradients with significant
ecological implications. Temperature and dissolved substances are major contributors to
these density differences (Figure 1.5) (Beohrer & Schultze, 2008). During the warm
season, the lake surface is subjected to a temperature signal from the atmosphere,
resulting in the establishment of thermal stratification, particularly in deeper lakes.
Conversely, during the cold period, surface cooling induces vertical circulation of water

masses, leading to the removal of gradients of water properties (Dake & Harleman, 1969).
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Nevertheless, gradients of dissolved substances may persist for considerably longer than
one annual cycle, leading to sustained stratification that precludes complete overturning
of the lake water masses (Boehrer & Schultze, 2008; Bubeck & Burton, 1989; Ladwig et
al., 2021).

Furthermore, the introduction of anthropogenic salts into a lake or reservoir system can
result in the accumulation of salts and a subsequent increase in density gradients within
the water column, ultimately leading to delayed, reduced, or even disrupted lake mixing
(Ladwig et al., 2021). For instance, the case of Woods Lake in Michigan, which has a
depth of 12 meters, serves as an illustrative example of this phenomenon. Specifically,
sustained inputs of deicers were found to have contributed to the transition of the lake
from a state of holomixis to meromixis, as documented in studies conducted by Koretsky
et al. (2012) and Sibert et al. (2015). This shift in the lake's mixing regime resulted in
persistent anoxia in the bottom water layer, and this highlights the significant and
widespread effects of human-induced salt inputs in aquatic ecosystems, which are not

yet fully understood.

There is a close relationship between P cycling in lakes and thermal stratification in lakes.
Thermal stratification creates distinct layers of water with different temperature and
oxygen profiles (Cott et al., 2008), which can lead to the development of anoxic conditions
in the hypolimnion (Boehrer & Schultze, 2008; Soranno et al., 1997). These anoxic
conditions can promote the release of redox-sensitive P pools from the sediment, which
then diffuses upwards into the overlying water column, resulting in internal P loading
(O'Connell et al., 2020). Additionally, the density differences created by thermal
stratification can lead to reduced mixing between the hypolimnion and the epilimnion
(Ladwig et al., 2021), which further exacerbates the accumulation of P in the hypolimnion
(Riley & Prepas, 1984). Thus, thermal stratification plays a crucial role in disturbing P
cycling in lakes, and understanding this relationship is important for effective lake

management and restoration efforts.
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Figure 1.4. Diagram of different P species in water (unpublished figure of C. Parsons).
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Figure 1.5. Thermal stratification with temperature (a) and dissolved solids (b) as
contributors to its strengthening (adapted from Ladwig et al., 2021)
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1.5. Salinization as an additional stressor for urban freshwater lakes

Salinity refers to the collective concentration of dissolved ions in water, which is often
expressed as electrical conductivity (EC) (Cafiedo-Argtelles et al., 2013, 2016; Williams
& Sherwood, 1994) or measured using chloride (Cl) as a proxy for salinization in regions
of cold climate (Mazumder et al., 2021). In recent decades, the salinization of freshwater
has become an increasingly pressing issue in many regions of the world (Figure 1.6), with
significant implications for both human health and the environment (Iglesias, 2020;
Kaushal et al., 2017, 2018; 2021).

While salinization was once primarily associated with agricultural areas in semi-arid and
arid regions (Singh, 2018; Zhang et al., 2020), it has now become a global concern
(Kaushal et al., 2005; Utz et al., 2022), particularly in urban regions with cold climate lakes
(Cooper et al., 2014; Haq et al., 2018; Jamshidi et al., 2020; Kaushal et al., 2005; Laceby
et al., 2019; Miron et al., 2022; Novotny et al., 2008). While there are numerous natural
sources of freshwater salinization, including evaporation, geothermal activity, rock
dissolution, weathering, seawater intrusion, and seawater spray (Mirzavand et al., 2020),
the negative impact of anthropogenic sources has become increasingly significant in the
21t century. Key anthropogenic sources of freshwater salinization include agriculture,
resource extraction (including land clearing), wastewater effluents, including detergents,
and the use of deicers such as road salt (Kaushal et al., 2018). As a result, effective
management of these systems has become increasingly important to ensure the
preservation of freshwater ecosystems and the protection of human health and the
environment (Utz et al., 2022).

In recent decades, the use of road salt has been increasingly recognized as a significant
anthropogenic source of freshwater salinization, which has become a global phenomenon
(Hintz et al., 2016, 2022; Kaushal et al., 2005, 2019), particularly in urbanized areas
(Kaushal et al., 2005; Mazumder et al., 2021). Although the full extent of the global spread
of freshwater salinization remains unknown, recent research (Chen et al., 2019; Estévez
et al., 2019; Kaushal et al., 2018) and comprehensive published data (Thorslund & van
Vliet, 2020) indicate that salinization is on the rise throughout the world, including North
America (US, Canada), S. America, Russia, China, S. Africa, Australia, Europe (Sweden,

Germany).
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In particular, freshwater salinization has been increasing in cold climate urban areas due
to the excessive use of deicers, such as road salt and brine (Hinitz et al., 2022; Kaushal
et al., 2005; Miron et al., 2022). Studies focusing on cold urban regions have reported
that 37% of the contiguous United States has been affected by salinization due to the
excessive use of road salt (Kaushal et al., 2018). In North America, 44% of freshwater
lakes have experienced long-term salinization (Dugan et al., 2017), while Le et al. (2019)
found that 80% of streams and rivers in Germany have undergone increasing salinity (Le
et al., 2019). Moreover, Novotny et al. (2008) observed an increase in salinization in
Swedish lakes, while Lofgren (2001) demonstrated the impact of deicers on soil and

stream water in five catchments in southeast Sweden.

In urbanized watersheds with a high proportion of impervious land cover, CI-
concentrations in water bodies often exceed environmental guidelines set by the
Canadian Council of Ministers of the Environment (chronic: 120 mg L™) (Wallace et al.,
2016) The highest concentrations of CI in freshwater lakes occurs when meltwater
containing deicers runs off impervious surfaces and travels to receiving waters (Meriano
et al., 2009). In some watersheds, elevated CI~ concentrations persist throughout the year
(Robinson and Hasenmueller, 2017), posing a growing threat to aquatic ecosystems and
freshwater health. The distribution of road salt within a watershed remains uncertain
(Figure 1.7), with some of the deicers reaching receiving water bodies and others being
retained in the watershed (Oswald et al., 2019). Quantifying the spatiotemporal variability
in annual watershed-scale salt ions retention and exploring the magnitude of their
retention represents a crucial first step towards disentangling the complex processes
underlying the increasing lake salinization in urban areas. While the overall increase in
salinity is undeniable, especially with the increase in urbanization, the long-term effects
of salinization in lake ecosystems and its impact on biogeochemical cycling remain poorly

understood, as do comprehensive solutions to this rising issue.
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1.6.

Thesis structure

This thesis addresses the following research questions:

1.

How do shifts in watershed land use/land cover (LULC) - from forested to
agricultural to urban - impact external P loadings and in-lake P cycling in a

downstream lake (i.e., Lake Wilcox)?

. How does a rapid increase in imperviousness impact the water chemistry,

especially the symptoms of eutrophication, when external P inputs to the lake are
lowered by various best management practices?

How does an increase in salinization impact (1) the mixing regimes and (2) the
water chemistry of a cold climate urban lake? On what timescale will the lake’s
salinity and mixing regime recover if road salt ion loads to the lake are reduced?
What is the fate of road salt ions in an urban watershed once they are applied to
maintain winter conditions? To what extent are they retained in watershed
compartments such as soil and groundwater? How does the extent of impervious
cover impact their retention?

While the analysis of the Lake Wilcox case study site indicates that salinization
causes a change in lake mixing regime and an increase in eutrophication

symptoms, does this happen in other North American cold climate urban lakes?

The research segment of the thesis comprises four chapters, wherein Chapter 2

presents an analysis based on a sediment core obtained from an urban lake (i.e., Lake

Wilcox, Ontario). Along with the dated sediment core, this chapter utilizes water

chemistry data and historical information to reconstruct the post-1920 trajectories of

P loadings and cycling, which occurred concurrently with the land-use and land-cover

(LULC) changes in the watershed. The study illustrates the disparities in P budgets

resulting from the progression of the watershed's LULC changes and presents the

hypothesis that different LULCs impacted P loading to and cycling within the lake

(research question 1).
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In accordance with Chapter 2, Chapter 3 aims to address the subsequent research
guestion (2) through an in-depth analysis of a comprehensive data set of water chemistry
parameters spanning over 20 years for the epilimnion and hypolimnion zones of the lake.
The findings presented in this chapter outline crucial factors contributing to the
degradation of water quality in an urban lake, particularly in areas with high levels of

impervious surfaces in cold climate regions.

Based on the findings presented in the preceding chapters, Chapter 4 provides an
analysis of the impact of road salt on the mixing regimes of Lake Wilcox. This analysis
employs an analytical and mass balance modelling approach to evaluate the effects of
salinization resulting from road salt application, as well as the impact of excessive salt
use on the geochemical type of the lake water (research question 3). Furthermore, this
chapter employs a mass balance approach and utilizes water chemistry data to assess
the distribution of salt ions, specifically Cl- and sodium (Na*), within the urban watershed
(research question 4).

Chapter 5 expands on the insights gleaned in the prior chapters for the Lake Wilcox case
study to undertake a comprehensive analysis of multiple urban lakes across North
America. The main goal of this chapter is to ascertain whether eutrophication symptoms
have increased in other lakes despite reductions in external P inputs. In doing so, the
Lake Wilcox case study findings are extended to a broader context, by upscaling the
analysis to investigate the impact of salinization on the promotion of eutrophication

symptoms in urban lakes of cold climate regions.

Chapter 6 provides a comprehensive overview of the main findings pertaining to the five
Research Question posed in this thesis. Moreover, it delineates the key research avenues
that warrant further exploration in light of the findings of this thesis. Finally, a succinct
summary of recommended best management practices and the challenges associated
with managing road salt application in cold climate regions is presented, along with a

discussion of the broader implications of salinization on freshwater ecosystems.
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Chapter 2
Contrasting impacts of agricultural intensification and urbanization on lake

phosphorus cycling and implications for managing eutrophication

Modified from:

Slowinski S., Radosavljevic J., Graham A., Ippolito |, Thomas K., Rezanezhad F., Shafii
M., Parsons C.T., Basu N. B., Wiklund J., Hall R., Van Cappellen P. (2023). Contrasting
impacts of agricultural intensification and urbanization on lake phosphorus cycling and
implications for managing eutrophication. JGR: Biogeosciences. (Submitted and in

review)
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2.1. Summary

A dated sediment core from Lake Wilcox (southern Ontario, Canada) was used to
reconstruct the post-1920 trajectories of phosphorus (P) loading and cycling that
accompanied changes in land use of the watershed. The progressive conversion of the
initially forested watershed to farmland was followed by agricultural intensification after
World War Il and by rapid urbanization since the turn of the century. The watershed now
comprises 60% urban land cover and has become integrated into the sprawling Toronto
metropolitan area. The post-1950 agricultural intensification was accompanied by a 2.5-
times increase in the sedimentation rate. Since the early 1980s, however, the
sedimentation rate has dropped to values below those observed before 1940 because of
better soil conservation, spreading impermeable land cover and, after 2000, effective
stormwater management. While urbanization is marked by significant upcore increases
of the concentration of total P (TP) and the fraction of organic P (Porg), the TP burial rate
decreased by around 60% from its peak value in the early 1970s. Post-2000 water quality
monitoring data further implies that the expansion of anoxic conditions in the hypolimnion
are not caused by increasing watershed P loading but rather by rapid salinization that
strengthens the lake’s summer stratification. Longer periods of summer anoxia, in turn,
enhance internal P loading from the sediments which, in recent years, represents about
13% of the total (external plus internal) P loading to the water column. Reconstructed TP
budgets for Lake Wilcox highlight the shifts in the lake’s P cycle driven by the land use
changes.

2.2. Introduction

Land use/land cover, or LULC, exerts a major control on the material flows exported from
watersheds to downstream water bodies. Around the world, watershed loadings of
sediment and nutrients have undergone massive changes because of human settlement
and conversion of natural land cover to agricultural use and urban development (Duda,
1993; Jenny et al., 2016; Soranno et al., 1996;). The increased watershed export of
anthropogenic nutrients to lakes, especially the limiting nutrient phosphorus (P), is a major
driver of eutrophication and accompanying water quality and ecosystem degradation
(Carpenter et al., 2015; Schindler, 1977).
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Agricultural P enrichment of lakes and reservoirs has been extensively studied (Carpenter
et al., 2015; Sharpley et al. 2011). Agricultural LULC is a source of excess P because of
the application of mineral fertilizer and manure that supply essential nutrients, including
P, for crop growth (Van Meter et al., 2021; Van Staden et al., 2022). Soil erosion and
surface runoff then transfer P from agricultural landscapes to water bodies (Sharpley et
al., 2000). Cities import large amounts of P via food, fuel, fertilizers, industrial minerals,
and other construction materials and produce P-containing waste materials (Metson et
al., 2012). Hence, urban landscapes release P from multiple sources, including pet waste,
construction sites, leaky sanitary sewers and septic systems, and tree leaf litter
decomposition, to downstream aquatic environments (Baker and Brezonik 2007;
Bernhardt et al. 2008; Carey et al., 2013; Carpenter et al., 1998; Hobbie et al., 2017;).

During the past decades, many efforts have been made to improve lake water quality by
implementing strict measures to abate external total P (TP) loads from agricultural and
urban landscapes (Jeppesen et al., 2005; Van der Molen and Boers, 1994). In agricultural
landscapes, practices including buffer strips, cover crops, and conservation tillage are
used to reduce P export (Sharpley et al., 2000). A common approach to mitigate excess
TP loads from urban landscapes to downstream water bodies is the implementation of
stormwater management infrastructure, which can reduce peak water flows and nutrient
runoff, including that of P (Carey et al., 2013; Garnier et al., 2013; Jacobson, 2011;
Shuster et al., 2005).

Even after the abatement of the external P loading, eutrophic conditions have been
observed to persist in certain lakes (Carpenter et al., 2005; Schindler et al., 2016). This
may be related to the role of internal P loading as a source of bioavailable P to the water
column (Robertson et al., 2018; Sondergaard et al., 2003; Van der Molen and Boers,
1994). Under high external total P (TP) loads, sediments can accumulate significant
amounts of P in relatively reactive chemical forms (O’Connell et al., 2020). When the
external loading decreases, the degradation of these reactive P phases may continue to
release dissolved P back to the overlying water column over time scales of decades
(O’Connell et al., 2020) or even centuries (Markelov et al., 2019). Moreover, recent

studies have shown that salinization may amplify internal P loading due to a strengthening
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of the water column density stratification, which in turn enhances dissolved oxygen
depletion of the bottom waters (Ladwig et al., 2021; Radosavljevic et al., 2022).

Phosphorus is transported to lakes in a variety of chemical forms with different reactivities
(O’Connell et al., 2020; Wang et al.,, 2013). After entering a lake, the supplied P
undergoes further biogeochemical transformations in the water column and bottom
sediments, including uptake into biomass, mineralization, adsorption-desorption, and
dissolution-precipitation reactions (Katsev et al., 2006; Markelov et al., 2019; Orihel et al.,
2017; Van Cappellen and Berner, 1988). A lake’s sediment core can therefore serve as
a historical archive of the changes in external P loading and in-lake cycling (Bhattacharya
etal., 2022; O’Connell et al., 2020; Wang et al., 2013). In addition, sediment accumulation
rates measured using dating technigues, such as the 219Pb method, provide information

about historical changes in soil erosion and runoff (Dearing, 1991).

In this study, we analyze the impact of watershed LULC changes on the P cycle of a lake
in southern Ontario based on chemical profiles in a dated sediment core and, for the more
recent past, water quality monitoring data. These data, plus ancillary historical
information, delineate four phases of watershed development: (1) early conversion of
forest to farmland, (2) agricultural intensification, (3) implementation of agricultural best
management practices (BMPs) and initial urban encroachment, and (4) rapid
urbanization. We reconstruct lake P budgets representative of the four phases to highlight
the impact of LULC changes on the lake’s P loading, cycling, productivity and bottom
water hypoxia.

2.3. Materials and Methods
2.3.1. Study site: Lake Wilcox and the watershed development

Lake Wilcox (LW) is a kettle lake located in Richmond Hill, along the northern edge of the
greater Toronto metropolitan area in Ontario, Canada (Figure Al). The lake has a surface
area of 55.6 ha, and a mean and maximum depth of 5.6 and 17.4 m, respectively (Reports
4,5 and 6 in Table Al; Table A2). The average water residence time of LW is around two
years (Reports 4 and 5 in Table Al). The lake has two basins separated by a ridge topping
out at around 8 m water depth. The maximum depth of the west basin is 14 m, that of the
east basin 17.4 m (see Table A2 for more detailed bathymetric data). The lake’s
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morphometric ratio is 7.6 m km2 (Report 5 in Table Al). The area of the LW watershed
is 2.39 km?.

The LULC of LW’s watershed has changed substantially since the first arrival of European
settlers in the Richmond Hill region. The watershed was initially entirely forested. In the
late 19" century, deforestation began to open land for farming, continuing after the turn
of the century. At the same time, construction of cottages near the lake started (Robinson
and Clark, 2000). After World War I, agricultural LULC dominated the watershed. In the
1950s and 1960s, cottages with individual septic tanks and tile beds were built along the
lake’s shoreline (Robinson and Clark, 2000). Leakage from septic systems likely
represented a source of nutrients, especially P and N, to the lake. Municipal sanitary
sewer infrastructure was installed in the mid to late 1980s, at which time the septic
systems were decommissioned (Report 4 in Table Al). By 1995, almost all homes in the
watershed had been connected to the city’s sanitary sewer system (Report 4 in Table
Al). Since the 1980s, urbanization steadily expanded in the watershed with a rapid

growth of impervious land cover since the early 2000s (Figure 2.1).

Concern about eutrophication of LW mounted in the 1980s due to the recurrent
incidences of algal blooms and longer periods of deepwater hypoxia (Nurnberg et al.,
2003). To combat the blooms, the City of Richmond Hill (CRH; known as the Town of
Richmond Hill until 2019) installed a lake aerator in 1998 to lower the efflux of dissolved
P from the bottom sediments to the water column, that is, the “internal P loading” (Report
5 in Table Al). Activation of the aerator in 1999, however, coincided with a large, and
unexpected, cyanobacterial bloom of Planktothrix sp. (NUrnberg, 2003). The aerator was

removed after only one year of service.
2.3.2. Coring and sample preservation

Two sediment cores were collected next to each other in the deeper part of LW’s east
basin (N43°56'58.6" W079°25'57.9") on October 19, 2019, using a Uwitec Hammer corer
(Figure Al). Core 1 was 76 cm long and used for geochemical analyses; core 2 was 88
cm long and used for age dating and chlorophyll-a analysis. The cores were sectioned in
the field into 1-cm intervals using a vertical extruder (Telford et al., 2021). Each sample
from core 1 was placed in a Whirl-Pak© bag and frozen at -20 °C and later freeze dried.
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Following freeze drying, a sub-sample of the sediment was ground with a mortar and
pestle and sieved to <125 um. The core 2 depth segments were stored at -4°C in the dark
prior to the analyses. Select samples that had been freeze-dried but had not been ground
and sieved were analyzed for their grain size distributions using the pipette method (Gee
et al., 1986).

2.3.3. Radiometric core dating and areal burial rates

Sediment ages were derived from depth profiles of 21°Pb, ¥’Cs and ??°Ra (via daughters
214pp and 21“Bi) activities. Thirty-one 1-cm freeze-dried sections spanning the length of
core 2 were analyzed for 23 to 95 hours for radioisotope activity using a co-axial HPGe
Digital Gamma Ray Spectrometer (Ortec GWL-120-15) interfaced with Maestro 32
software. Depth-dependent sedimentation rates were obtained with the ?1°Pb constant
rate of supply age model (Appleby and Oldfield, 1978; Appleby et al., 2001). The 219Pb
ages from core 2 were transferred to core 1 by aligning the Loss on Ignition (LOI) depth
profiles (Thompson et al., 2012). LOI was measured by sub-sampling (0.5 £ 0.05 g) well-
mixed wet sediment into a pre-weighted dry crucible and then sequentially heating the
sample at 90° (24 hours), 550°C (2 hours), and 950° (2 hours) with 2 hours of cooling in
between. Weighing after each heating step yielded the water, organic matter, and
carbonate contents (Heiri et al., 2001).

The measured bulk density was used to relate the sediment accumulation rate at a given
depth, expressed in units of g cm? yrl, to the linear sedimentation rate following Appleby
et al. (2001) and Aba et al. (2014) (Figure A2). The depth-dependent areal burial fluxes
of TP and other sediment-bound chemical constituents were then calculated by
multiplying the sediment accumulation rate by the concentration of the analyte of interest

measured in the same core segment.
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Figure 2.1. (a) Sediment accumulation rate as a function of time calculated using the
210pp constant rate of supply model with error bars showing standard deviations, (b)
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for the active (or early diagenetic) surface sediment layer.
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2.3.4. Geochemical analyses

Samples for total sediment P, aluminum (Al), calcium (Ca), iron (Fe), potassium (K),
sodium (Na), manganese (Mn), and sulfur (S) analysis were extracted according to Aspila
et al. (1976) by adding 1 mL of 50% w/v Mg(NO3), to 0.1 g of freeze-dried sediment, then
ashing at 550 °C in a muffle furnace for 2 hours. Next, 10 mL of 1M HCI was mixed with
the sediment for 16 hours before filtering the extract through a 0.45 pm pore size nylon
membrane syringe filter. The HCI extracts were diluted 1:10 in a 2% nitric acid matrix and
analyzed by inductively coupled plasma optical emission spectrometry (ICP-OES). The
TP detection limit for the overall extraction procedure was 1.7 umol g*. A certified
reference material for TP, European Commission Community Bureau of Reference BCR
Reference Material No. 684 “River sediment (extractable phosphorous),” was included
for every series of 15 TP samples being extracted, resulting in 5 replicate analyses. All
CRM extractions resulted in TP values within 4% of the certified value with an average
recovery of 96% and a precision of <11% RSD among the replicates. The method
detection limits for the overall extraction procedure for the elements other than TP were:
76.0, 208, 3.6, 7.3, 3.9 and 19.9 pumol g* for sediment Al, K, Mn, Fe, S, Na and Ca,
respectively. Note that the method of Aspila et al. (1976) does not extract forms of

elements strongly bound in crystalline mineral phases.

Total organic carbon (TOC) and total nitrogen (TN) were analyzed by combustion at 600
°C on an elemental analyzer (Elementar vario EL cube). While the combustion method
may release some inorganic N, TN is mostly composed of N bound in organic compounds.
Approximately 30 mg of freeze-dried, ground, and sieved sediment were weighed and put
into a tin wrap. The detection limits were 0.1 and 0.14 mmol g* for TOC and TN,
respectively. Sulfanilamide was used as an internal standard, and its measured organic
C and N contents were within 10% and 20% error, and were detected with a precision of
<3% and <9% RSD among the replicates, respectively. X-ray diffraction (XRD) and
scanning electron microscopy-electron dispersive spectroscopy (SEM-EDS) analyses
were performed on a subset of core sections spanning the four watershed development
phases for identification of crystalline minerals (XRD) and analysis of morphology and
elemental composition of areas of interest in the sediment samples (SEM-EDS). Details
on the XRD and SEM-EDS methods are provided in the Supporting Information (Text A2).

25



2.3.5. SEDEX: Sequential extractions of sediment P

The SEDEX sequential extraction method of Ruttenberg et al. (2009) was applied to
separate the following operationally defined sediment P pools: easily exchangeable (Pex),
humic-bound (Pxum), redox-labile (Pre), calcium-bound (i.e., carbonate- and apatite-
bound) (Pca), detrital apatite and other inorganic mineral-bound P (Ppet), and organic
(Porg) P pools. The successive extractants were: 1 M MgCl2, 1 M NaHCOs, citrate-
dithionite (CDB), 1 M acetate at pH 4, 1 M HCI, and 1 M HCI after ashing at 550°C (see
Figure A3). Note that the original SEDEX method of Ruttenberg was modified by the
addition of the 1 M NaHCOs extraction step of Baldwin (1996) to release P bound to humic
substances (Audette et al., 2020; O’Connell et al., 2020; Parsons et al., 2017).

Extractions were performed on 0.1 g of freeze-dried sediment with the manifold system
of Ruttenberg (2009). For each extraction step the supernatant was diluted 1:10 in a 2%
nitric acid matrix and the P concentration measured by ICP-OES. Matrix-matched
standards for each sequential extraction reagent were analyzed to correct for matrix
effects. Each sample was extracted in duplicate. The sum of the sequentially extracted
chemical P pools compared well with the TP values obtained with the Aspila et al. (1976)
method, with a mean percent error of 4.5%. The same certified reference material
(European Commission Community Bureau of Reference BCR Reference Material No.
684) used to validate the Aspila et al. (1976) TP extraction method was added in duplicate
for each batch of 8 samples being extracted in duplicate. The TP extracted by SEDEX
(i.e., the sum of all the SEDEX fractions) in the certified reference material were within
5% of the certified TP value.

2.3.6. Pigments: chlorophyll-a and pheophytin

Chlorophyll-a and pheophytin  were analyzed by High-Performance Liquid
Chromatography (HPLC). Approximately 3.0-4.0 g of wet sediment was subsampled from
each 1-cm core segment and transferred to a 20 mL glass scintillation vial and freeze-
dried in the dark. The freeze-dried samples were extracted in a mixture of acetone and
methanol (80:20) for 24 hours then dried under inert N2 gas and re-eluted in calibration
solvent consisting of a mixture of methanol and ion-pairing reagent (7.5 g L tetrabutyl

ammonium acetate mixed with 77 g L't ammonium acetate) and an internal standard
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(Sudan 1I). Samples were analyzed on a Waters Alliance HPLC following standard
methods (Leavitt et al., 1989; Mantoura and Llewellyn 1983). The chlorophyll-a and
pheophytin concentrations were determined from the chromatographs according to
Jeffrey et al. (1997). Algal pigment concentrations were expressed in pg chlorophyll-a
and pg pheophytin per g organic matter (OM from the LOI measurement). For each core
segment, the areal chlorophyll-a burial rate (ng cm? yrl) was then calculated by

multiplying the chlorophyll-a concentration by the organic matter burial rate.
2.4. Results
2.4.1. Watershed development phases

Four phases of watershed development were identified based on a break point analysis
of the core-derived sediment accumulation rate time series. The breakpoint analysis was
conducted using the Davies test using the Segmented Package in R (Muggeo, 2008) (for
additional details on the breakpoint analysis, see Supplementary Information: Text A3
and Figure A4). The resulting temporal definitions of the phases were consistent with
historical LULC information, historical accounts and, for more recent decades, direct
water quality monitoring data (Table 2.1). The phases are shown by shading in the time
series figures (Figures 2.1-2.4). Because the transitions between successive
development phases are gradual, we separated the phases by 5-year buffer periods.

Phase 1, which saw the continuation of growing European settlement and farming, began
before the earliest date reached by the sediment core (i.e., around 1920) and lasted until
the end of World War Il (1945). Phase 2 corresponds to the period of agricultural
intensification of the watershed and lasted for about 25 years (from 1951 to 1975).
Introduction of agricultural BMPs and inroads by urban LULC define Phase 3 (1981-
1997). In Phase 4 (2003-2019), urban development greatly accelerated. Although Phase
4 is still ongoing, here it extends until 2019 when the sediment core was collected.

The topmost 5 cm of the core were identified as the biogeochemically active layer, that
is, the depth interval where most of the physical, geochemical, and biological
transformation processes of the deposited sediments are concentrated. The processes
in this so-called early diagenetic layer largely control the chemical exchanges between
the bottom sediments and the water column, including internal nutrient loading (Wang et
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al., 2003). The active layer is indicated in the figures showing sediment core results by
the darker shading at the far right of the panels and the label AL (short for active layer).
The variations in the chemical depth profiles below the active layer are assumed to record

historical changes in the watershed-lake system.
2.4.2. Sedimentation rates and grain size distributions

The sediment at the bottom of core 1 was deposited circa 1920 based on the 21°Pb dating
(Figure A2). The 2°Pb CRS model further yielded sedimentation rates ranging from 0.05
to 0.25 g cm2 y! (Figure 2.1). In Phase 1, the sediment accumulation rate was around
0.12 g cm2 y1. After 1950, the rate increased to peak values of about 0.25 g cm2 y! by
the mid-1970s (Phase 2). From 1980 on, the sediment accumulation rate dropped and
since the mid-1990s has remained below 0.1 g cm2 y? in Phases 3 and 4. Throughout
Phases 1, 2 and 3, the sediment comprised on average 6% sand, 62% silt, and 32% clay
(Figure A11). The most notable feature in the grain size depth distribution is the decrease
in the proportion of silt and the corresponding increase in the proportion of clay in Phase

4 relative to the preceding 3 phases.
2.4.3. TP sediment concentrations and burial rates

The average sediment TP concentration in the core was 35 umol g*. The TP
concentration declined gradually between 1920 and 1990, followed by an increase from
33 to 49 pumol gt in sediments deposited between 1991 and 1999 (Figure 2.2). A
subsequent sharp increase occurred between 2016 and 2019, from 40 umol g* to a core-
top concentration of 55 pmol g. Concentrations of the other elements extracted by the
Aspila et al. (1976) method used to extract TP are given in Table A3.

The areal TP burial rate followed a very different trajectory than the sediment TP
concentration, roughly paralleling the sedimentation rate (Figure 2.2). The TP burial rate
increased from 5.0 pmol cm? y1in 1951 to a maximum of 8.5 pmol cm2 y in 1973, that
is, during the period of agricultural intensification (Phase 2). After the early 1980s, the TP
burial rate dropped to values below those observed prior to 1940. After reaching a

minimum of 2.3 pmol cm2 y1, the burial rate increased slightly during 2010-2019.
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Table 2.1. The four watershed development phases of Lake Wilcox, southern Ontario,
Canada. The percentages indicate the average contributions of natural (Nat),
agricultural (Ag) and urban (Urb) land cover during each period.

Phase Period

LULC development 9% Nat

%Ag

%Urb

1 1920-1945

Significant conversion of
forested to agricultural land;
country cottages 75

25

2 1951-1975

Agricultural intensification;
nearshore cottages with septic
systems 40

50

10

3 1981-1997

Agricultural BMPs and urban
transition 40

35

25

4 2003-2019

Urban intensification;
stormwater management
infrastructure 35

20

45
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2.4.4. Sediment P speciation

The relative contributions to TP of Pex and Porg decreased between 2019 and 2015 (i.e.,
from depth 0 to 5 cm) from 21.5% to 5% and from 38% to 33%, respectively. At the same
time, the relative contributions of Pre, PHum, Pperr and Pca increased from 14% to 19%,
from 18% to 22%, from 4 to 9%, and from 4.5 to 12%, respectively (Figure 2.2, Figure
A5). Sediments deposited in 1999 showed peak concentrations of Pex, Porg, Pre and Prum
relative to the adjacent sediments, that is, those deposited in the early 1990s and around
2002. Aside from the pronounced increases between 2015 and 2019 plus the peak values
of 1999, the concentration and relative contribution of Porg progressively increased from
Phase 2 to Phase 4 (i.e., between the late 1970s and 2015). The fractions of Prum, Pre
and Pca remained relatively unchanged throughout the core, while that of Ppetr decreased
between 2000 and 2019. The concentrations of Prum and Porg exhibited significant

(p<0.05) positive correlations with the TOC concentration (Figures A6, A7).
2.4.5. Burial rates of Al, Fe, Ca and K

The burial rates of the mineral-associated elements Al, Fe, Ca and K all showed temporal
trends very similar to that of the sediment accumulation rate (Figure A10, Figure 2.2a). In
short, the burial rates of these elements remained relatively constant throughout Phase
1, rose during Phase 2, then decreased from their peak values in Phase 3, and reached
their minimum values in Phase 4 (Figure A10). Thus, as for TP, the lowest burial rates for

all four of the mineral-associated elements were observed in Phase 4.
2.4.6. Sediment geochemistry: XRD and SEM

Pyrite was detected by XRD in sediment deposited during Phase 2 and Phase 4 but not
during Phases 1 and 3 (Table A4). This did not mean that pyrite was absent from
sediments in Phases 1 and 3, but rather that the mineral’'s abundance was lower than the
XRD detection limit (~1 % by volume). In fact, SEM images identified iron- and sulfur-rich
framboidal structures consistent with pyrite or greigite throughout the entire length of the

core (Figure A8).
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2.4.7. Concentrations of TOC, TON, and TOC:TON and TOC:TP ratios

The TOC and TN concentrations exhibited similar temporal trends with a pronounced
maximum between 1960 and 1970, followed by a drop and minimum values during the
late 1980s and early 1990s (Figure 2.3). In the late 1990s, the TOC and TN
concentrations rose again to values comparable to those between 1960 and 1970. Phase
4 saw slight decreases in the TOC and TN concentrations, while the active sediment layer
(top 5 cm) was characterized by steep gradients with the highest concentrations at the

sediment-water interface.

Prior to 1980, most molar TOC:TN ratios were above 10, with a slightly increasing trend
during Phase 2 (Figure 2.3). During Phase 3, TOC:TN values dropped to about 9.5,
remaining between 9.5 and 10 in Phase 4. The molar TOC:TP ratios ranged from 203 to
319 with a mean of 240 (Figure 2.3). The general trend of TOC:TP resembled that of the
TOC concentration. The peak TOC:TP values in the 1960-1970 period were entirely due
to changes in the TOC concentration. Between 1960 and 1965, both the TOC:TP ratio
and the TOC concentration increased by a factor of 1.4, while the TP concentration hardly
changed. By contrast, the approximately 25% increase of the TOC:TP ratio from Phase
3 to Phase 4 was substantially lower than the corresponding 60% rise in TOC
concentration because of the increasing TP concentration from Phase 3 to Phase 4
(Figure 2.3).

The TOC burial rate (or TOC mass accumulation rate) experienced its greatest rise during
Phase 2, from 1.2 to 2.3 mmol cm2 y! between 1951 and 1970 (Figure 2.4). After 1980,
the combined decreases of both the sedimentation rate and the TOC concentration
caused the TOC burial rate to drop to 0.7 mmol cm2 y1 by the end of the 20™ century. In
Phase 4, the magnitude of the TOC burial rate remained below values observed in Phase

1 (excluding the topmost 5 cm AL).
2.4.8. Pigments

The pheophytin burial rates increased during Phase 2 (1951-1975), reaching their highest
values (range 0.06-0.34 pg cm= year?) toward the end of Phase 2 and during the
transition between Phases 2 and 3. Following the maximum pheophytin burial rates of the
1975-1981 period, the values decreased during Phase 3 and reached a relatively
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constant value in Phase 4 (excluding the 0-5 cm AL layer) (Figure 2.4). The near constant
chlorophyll-a:pheophytin ratios throughout the core suggested that the depth-dependent
changes in the chlorophyll-a and pheophytin concentrations and burial rates likely
reflected variations in the lake’s algal productivity and not differences in the extent of early

diagenetic processing.

The chlorophyll-a:pheophytin ratio did not exhibit any systematic trends except in the
most recent 4 years (i.e., in the 0-5 cm AL layer), when the ratio decreased sharply down-
core, confirming that this depth interval is the active layer of the sediment where the
degradation of deposited organic matter drives biogeochemical activity (Van Cappellen
and Galillard, 2018) (Figure 2.4).

2.5. Phosphorus budget calculations

To link watershed LULC changes and the lake’s TP budget, we constructed a steady state
lake TP budget (see conceptual diagram in Figure A8) for each of the four development
phases. The derivation of the TP fluxes in Phases 3 and 4 was informed by the relatively
large abundance of monitoring data. In the absence of similar data for Phases 1 and 2,
additional assumptions had to be made. For Phases 1, 3 and 4 the budgets are
representative for the average, mid-phase lake conditions. For Phase 2, the fluxes are
illustrative of the late-phase conditions when the sediment core data suggest the lake
reached its most eutrophic state. The following sections describe the various estimation
methods used, based on the sediment core data reported in section 3 and additional

details provided in the Supplementary Information (Tables A5 and A6).
2.5.1. TP burial fluxes

At steady state, the external TP influx to the lake (F,,;), supplied by the watershed inflow
plus atmospheric deposition, is balanced by the TP permanently buried in the lake’s

bottom sediments (F,,,.) plus the outflux of TP through the outflow channel (F,,;):
Fext = Four + Fout (2.1)

Areal TP burial fluxes (in units of umol cm2 yr?) for Phases 1, 3, and 4 were the arithmetic
means of the TP burial rates calculated as the product of the sediment TP concentration

[umol g1] and the sediment mass accumulation rate [g cm y1] for all the core segments
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Figure 2.3. Sediment organic matter composition versus year of deposition: (a) total
organic carbon (TOC) concentration, (b) total organic nitrogen (TON) concentration, (c)
TOC:TON ratio, and (d) TOC:TP ratio. Numerals and color shading as in Figure 2.1.
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within that phase. Data from the topmost 0-5 cm active layer of sediment were excluded
from the areal TP burial flux calculation for Phase 4. The areal TP burial flux of the Phase
2 TP budget was the average for the 1970-1975 period during which the maximum TOC
and chlorophyll-a accumulation rates were observed to represent the most severe

eutrophic state of the lake (Figure 2.4).

To estimate whole-lake TP burial fluxes (F,, in units of kmol yr?') the area of active
sediment deposition (ASD) needed to be determined. In lakes with steep bathymetry,
such as kettle lakes, sediment tends to accumulate in the deepest areas (Lehman, 1975;
Carpenter, 1983) and ASD is therefore expected to be smaller than the total surface area
of the lake. For Phases 3 and 4, ASD values were obtained by calculating F,,, as the
difference F,,; — F,,; and then dividing F,,, by the areal TP burial flux obtained from the
core data. Average values of F,,; and F,,; were derived from TP concentration and
discharge data measured by CRH at the lake inlets and outlet. Flow-weighted TP fluxes
were calculated following Walling and Webb (1985) and Moatar and Meybeck (2005).
Table A1 summarizes the CRH reports containing the relevant data. Atmospheric TP
input to the lake was estimated from deposition rates in the literature (Table A6). For
Phases 3 and 4, atmospheric deposition accounted for 8 and 6% of the total TP input to

the lake, respectively.

For both Phases 3 and 4, the resulting ASD area was found to be 6.05 ha or about 11%
of LW’s open water surface area (Table A2). In addition to LW’s low depth ratio (i.e., the
ratio of mean depth to maximum depth) of 0.32, the relatively small ASD value also
reflected the fact that the sediment core was retrieved from the deepest part of the lake,
therefore, yielding higher than whole-lake average areal sediment accumulation rates.
The same ASD value of 6.05 ha was assumed to apply to Phases 1 and 2, enabling the
calculation of the corresponding Fj,,- values from the areal TP burial fluxes derived from

the sediment core data.
2.5.2. Lake TP budgets: Phases 3and 4

The steep concentration depth gradients of chemical compounds resulting from
microbially mediated degradation, such as TOC, TON, TP and chlorophyll-a, identified

the topmost 5 cm of sediment as the active layer of post-depositional biogeochemical
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processing (Van Cappellen and Gaillard, 2018). The TP concentration dropped from ~55
umol g at the SWI to ~40 umol g* at 5 cm depth. Based on the radiometric dating, the
0-5 cm depth interval was found to represent about 4 years of deposition. We attributed
this drop in TP to the early diagenetic release of solid-bound P to the pore water, from
which it then returns to the water column (Van Cappellen and Berner, 1988). Below the
top 5 cm, the sediment TP stabilized at a value of ~40 pmol g* between 2000 and 2015,
which we assumed represented P preserved through burial in Phase 4. The P deposition
flux at the sediment surface was then estimated by multiplying the P burial flux at 5 cm
by a factor of 1.375 (= 55:40). Assuming steady state, the difference between the
deposition and burial fluxes equals the internal P loading flux. This approach yielded a
value of the whole-lake internal loading flux (F;,;) of 0.62 kmol yr and an areal loading

flux of about 1.0 pmol cm? yr! for Phase 4.

Our previous analysis of LW’s post-1990 water chemistry data revealed an intensification
of internal P loading caused by the rapid increase in the lake’s salinity that stabilizes the
water column’s summer stratification (Radosavljevic et al., 2022). The latter promotes
longer periods of bottom water hypoxia during which the sediments release dissolved P
(Figure 2.5), mostly as inorganic P or DIP, to the hypolimnion (Markelov et al., 2019;
Nurnberg, 1987). As a result, the DIP to TP molar ratio (DIP:TP) in the hypolimnion also
exhibited an increasing trend with time, with an average DIP:TP value of 0.76 in Phase 4
and 0.55 in Phase 3 (Radosavljevic et al., 2022). Assuming that the increase in the
DIP:TP ratio from Phase 3 to Phase 4 was proportional to the increase of the internal P

load from the sediments, a value for F;,, in Phase 3 of 0.45 kmol y* was estimated.

Equation (2.1) expresses the steady state mass balance of TP for the lake’s water column
plus the topmost 0-5 cm depth interval of sediment in which post-depositional
biogeochemical reactions drive the internal P loading (Figure A8). Alternatively, one can
consider the TP mass balance for the water column alone, hence explicitly accounting for

the whole-lake TP internal loading (F;,;) and deposition (F,) fluxes:
Fdep = Fpyr + Fint- (2.2)

For Phases 3 and 4, the previously estimated F,,,- and F;,,; values then yielded the Fy,,,

values.
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Figure 2.5. Total phosphorus (TP) budgets for the four development phases of Lake
Wilcox’ watershed. For Phases 1, 3 and 4, the budgets are representative of mid-phase
conditions. For Phase 2, the budget is representative of late-phase conditions, when
the lake reached peak eutrophication intensity. The concentrations and fluxes indicated
in bold on the panels are those that are directly constrained by observational data.
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2.5.3. Lake TP budgets: Phases 1 and 2

For Phases 1 and 2, we first estimated average water column TP concentrations based
on the chlorophyll-a burial rates. Changes in chlorophyll-a burial rates track changes in
water column chlorophyll-a concentrations (Routh et al., 2009; Szymczak-Zyta et al.,
2011) that, in turn, have been shown to correlate linearly with water column TP
concentrations (Jones and Bachmann, 1983). Hence, water column TP concentrations
for Phases 1 and 2 were derived by multiplying the TP concentration of Phase 3 (44 ug
L) by the chlorophyll-a burial rates in Phases 1 and 2 normalized to that in Phase 3. As
for the TP burial flux (section 4.1), the Phase 2 chlorophyll-a burial rate used was

representative of the late-phase eutrophic maximum.

Next, values of F,,; were calculated by multiplying the estimated TP concentrations for
Phases 1 and 2 (34 and 82 ug L, respectively) with the lake’s annual volumetric outflow
discharge, Q,,:- The latter was adjusted to account for the increased surface runoff due
to urbanization (Brabec et al., 2002; Fletcher et al., 2013; Li et al., 2018). Hence, for
Phases 1 and 2 we used the reported Q,,; value of 2816 m3 d}, that is, 46% lower than
the 5175 m?2 d! value of Phase 3 and 60% lower than the 6998 m? d* of Phase 4 (Table
Al). The values of F,,,; were used with the previously estimated F,,,,- values to derive the
input fluxes F,,; (Equation 1). These F,,; values fall within the ranges calculated using
reported TP export coefficients of the major LULC types (i.e., forested, agricultural, and
urban) under similar climate conditions (Table A5) weighted by the estimated surface

areas of the LULC types in each development phase (Table A6).

Values of Fy., were obtained with the relationship proposed by Nurnberg (1984)
describing the efficiency with which TP is removed from the water column in stratified
lakes by sediment deposition at the lake floor (REg,)):

Faep 15

RE = =
P Foe 18+ qg

(2.3)

where g, [m y] is the outflow Q,,; from the lake divided by the lake surface area. For
Phases 1 and 2, the value of g, is 1.87 m y*, hence, resulting in an RE,,, value of 0.75

(i.e., 75% of TP entering the lake is deposited). Combining the estimates of RE,., and
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F..: provided the Fg,, values, while the differences between F,., and F,, yielded the
internal loads, F;,;. For further discussion of empirical relationships such as Equation

(2.3), the reader is referred to the extensive work on this topic by Niurnberg (2009).

Additional metrics used to describe changes in P cycling in the lake included the sediment
TP recycling efficiency (RE,..) and the whole-lake TP retention efficiency (RE,,;) defined
as (Figure A8):

F;
RE,,. = F”“ (2.4)
dep
and
F..—F F,
REtot — ext out — bur (2.5)

Fext Fext

The reconstructed lake TP budgets for all four watershed development phases are

summarized in Figure 2.5.
2.6. Discussion
2.6.1. Sedimentation rate as indicator of changing LULC

The changes in sedimentation rate in the lake over time reflect the changes in watershed
LULC and the resulting changes in soil erosion and sediment runoff. Historical records
indicate that the initial European settlement in LW’s watershed and surrounding areas
took place in the early 1800s. Phase 1 (1920-1945) represents the continuation of
settlement, land clearance and other land use developments of the watershed, including
the construction of lakeshore cottages that began around 1912. During this phase, the
sedimentation rate remained relatively steady. A distinct increase in sedimentation
accumulation signals the post-World War 1l agricultural intensification and the start of
Phase 2 (1951-1975) (Figure 2.1). Agricultural land use, especially when it involves soil
tilling, can contribute high sediment yields because of high soil erosion (Matisoff et al.,
2002; Fu et al., 2006). Superimposed on the steady rise of the sediment accumulation
rate of Phase 2 there is a small local peak in the mid-1950s (Figure 2.1), which may have
recorded a surge in sediment yields due to the extreme rainfall during the passage of

Hurricane Hazel in October 1954 (Nirupama et al., 2014).
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The mid-1970s and onwards decrease in the sedimentation rate (Figure 2.1) is best
explained by the generalized adoption of no-till and other BMPs by farmers in southern
Ontario (Smith, 2015). A decrease in soil erosion and, hence, in terrestrial organic matter
input to the lake is also consistent with the observed drop of the TOC:TN ratio in Phase
3 (Figure 2.3), which points to an increasing fraction of in-lake produced algal organic
matter in the sediments (Meyers, 2003). Another contributing factor may have been the
channelization of the lake’s outlet. The outlet channel was built in 1978 to control the
water level by increasing the flushing rate of the lake (Reports from table Al) that, at the
same time, may have allowed more of the suspended sediment load to wash out of the
lake.

In addition to the implementation of agricultural BMPs, LW’s watershed during Phase 3
experienced a slow transition from agricultural to urban LULC. The 1980s ushered in a
period of cottage development and population growth in the watershed. Consequently,
impervious land cover rose above 15%, reaching 25% by the end of Phase 3. Previous
work has shown 15% impervious cover to represent a threshold beyond which significant
changes in watershed suspended sediment and TP loads are usually observed (Brabec
et al., 2002; Jacobson, 2011; Schindler et al., 2016). Despite the increase in impervious
land cover, the sedimentation rates and TP burial rates kept decreasing in Phase 3 and
further in Phase 4. We attribute this to the implementation of stormwater management

infrastructure.

Even during Phase 4 (2003-2019), when urbanization greatly accelerated and impervious
land cover increased to 60%, the sedimentation rate remained near its lowest levels. The
latter part of Phase 3 and Phase 4 saw the systematic expansion of the storm sewer
system in LW’s watershed, while stormwater management ponds and bioswales were
installed to manage the increases in stormwater peak volumes and flow rates. Stormwater
management ponds are known to significantly reduce sediment yields from urban areas
(Verstraeten and Poesen, 2000), thus explaining why sedimentation rates in the lake have
remained low in Phase 4. Further evidence for sediment retention by the stormwater
ponds is the finer grain size of lake sediments in Phase 4 (Figure A1l), consistent with a
preferential retention of coarser silt-sized suspended matter over clay-sized suspended

matter.
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2.6.2. Sediment TP, speciation, and burial rates

The top 5 cm of sediment represents the active layer (section 2.4.2). From the sediment
surface down to 5 cm depth (i.e., in the most recent 4 years in the time series figures),
the TP concentration exhibits a large drop, which is mostly accounted for by decreases
in the concentrations of Pex, Pre, PHum and Porg (Figures 2.2 and A5), that is, the more
labile P pools that undergo post-depositional remobilization by biogeochemical processes
including desorption, (reductive) dissolution, and mineralization (Hyacinthe and Van
Cappellen, 2004; Joshi et al., 2015; Quiquampoix and Mousain, 2005; Syers et al., 1973;
Zhu et al., 2016). The release of P from these sediment pools drives the internal P loading
flux from the sediments (Katsev et al., 2006; Orihel et al., 2017; Markelov et al., 2019).
Note that, in addition to P desorption from mineral surfaces, P release by lysis of
deposited algal cells may contribute to Pex because of the high ionic strength and osmotic
pressure of the 1 M MgCl2 extraction solution (Ruttenberg, 1992). Furthermore,
salinization can alter P speciation by decreasing Pre and Pex. Dissolved phosphate ions
can be displaced from sorption sites by competing anions, in particular chloride, hence
reducing Pex (McCarter et al., 2019), while the intensification of hypolimnion hypoxia
accompanying the salinization of LW (Radosavljevic et al. 2022) enhances the release of
Pre to solution due to the reductive dissolution of ferric iron oxyhydroxides (Parsons et
al., 2017).

The transition from Phase 1 to Phase 2 marks the onset of the intensive use of synthetic
fertilizers in southern Ontario (Van Staden et al., 2022). The production of synthetic
fertilizers significantly increased after the conclusion of the Second World War (Raven
and Wagner, 2021). In southern Ontario, this led to a rapid rise in the use of these
fertilizers starting in the early 1950s and peaking around 1980 (Van Staden et al., 2022).
The transition from Phase 1 to Phase 2 marks the onset of agricultural intensification
enabled by the greatly expanded availability of fertilizers to farmers. In addition, in the
1960s and 1970s new cottages with septic systems were built close to the shoreline.
Together, this would have increased the input of P to the lake and stimulated in-lake

biological productivity.
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The rising TP burial rates in Phase 2 are accompanied by increases in the fractions of
Pex and Porg, balanced by decreases in those of Pre and Puum (Figure 2.2). Faster
sediment accumulation rates enhance the preservation of relatively reactive P pools, such
as Pex and Porg, that would otherwise be more extensively remobilized by early diagenetic
processes (Ingall and Van Cappellen, 1990; Sobek et al., 2009). As also implied by the
TOC and chlorophyll-a burial rates, the increasing external P input to the lake during
Phase 2 would have stimulated the lake’s primary productivity, in turn enhancing the
degradation of organic debris and intensifying bottom water hypoxia. Hence, conditions
would have been less favorable for the burial of phosphate ions associated with ferric iron
oxyhydroxides and those forming ternary complexes with humic matter and ferric iron as
the bridging cation (O’Connell et al., 2020). Note, however, that because of the large
increase in the TP burial rate, the burial rates of all sediment P pools increase during
Phase 2 (Figure 2.1 and 2.2).

The most distinct change in sediment P speciation seen in Phases 3 and 4 is the
pronounced increase of the Porg fraction (Figure 2.2). At first glance, this could be
interpreted as signaling a worsening eutrophication of the lake. However, because of the
large drop of the sediment accumulation rate, the burial rate of Porg decreases despite its
increased concentration. We attribute the dominant contribution to sediment TP of the
Porg fraction during Phase 4 to the implementation of stormwater ponds in LW’s
watershed and the efficient retention of particulate inorganic P phases in these ponds,
especially Ppetr, Pca, and Pex (Greb and Bannerman, 1997). That is, the stormwater ponds
reduce the dilution of in-lake produced Porg by land-derived P. This interpretation is further
supported by Phase 4 having the lowest burial rates of the geogenic elements Al, Fe, Ca,
and K (Figure A10) and the decrease in the fraction of silt in the lake sediments (Figure
All), indicating the preferential retention of silt-sized land-derived inorganic material in

the stormwater ponds.

Our previous analysis of water quality monitoring data available for the mid-1990s
onwards confirms that the TP loading from the watershed has been on a declining
trajectory during the past decades (Radosavljevic et al., 2022). At the same time, the
progressive salinization of the lake, primarily due to the significant use of road salt in

winter (on average 52 g m of road salt are applied per snow event according to Report
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6 in Table Al), has resulted in longer periods of summer stratification (Radosavljevic et
al., 2022). With the ongoing salinization of LW, the water density has been steadily
increasing. This has further been strengthening the thermal stratification during summer,
hence, expanding the annual period of hypoxia in the hypolimnion (Ladwig et al., 2021;
Radosavljevic et al., 2022). The longer period of oxygen-depleted bottom waters, in turn,
enhances internal P loading and explains the increasing trend of the DIP:TP ratio
observed in the hypolimnion (Radosavljevic et al., 2022). An additional mechanism
explaining the increase in internal loading in Phase 4 could be the enhanced retention in
stormwater ponds of the mineral elements Fe, Al and Ca (Figure A10), hence, decreasing
the sediment accumulation of P by mineral adsorption and co-precipitation (Markovic et
al., 2019).

The inferred lower urban TP loads of Phase 4 diverge from other studies that found urban
TP loads to be of comparable magnitude to those from agricultural areas (Janke et al.,
2014; Petrone, 2010; Wollheim et al., 2005). These contrasting findings indicate that while
P wash-off from urban areas is an important source of P (Zhou et al., 2023), stormwater
management can significantly attenuate the export of urban P to downstream aquatic

ecosystems.

Overall, the sediment TP concentration and the TP burial rate depth profiles exhibit
distinctly different trends (Figure 2. 2). This is particularly evident when comparing Phase
2 to Phase 4. During Phase 2, the TP burial rate exhibits a steep increase while the TP
concentration stays roughly constant. In Phase 4, the sediment TP concentration reaches
its maximum level while, at the same time, the TP burial rate drops to its lowest level.
Thus, when only considering the temporal variations of the sediment TP concentration,
one might erroneously conclude that urban growth in the watershed may result in greater
P enrichment of LW compared to the pre-1980s period of agricultural intensification. A
completely opposite storyline emerges, however, when the changes in the sediment TP

burial rate that accompany the changes in LULC are taken into account.
2.6.3. Lake productivity and hypoxia
Multiple parameters in the sediment core data imply that LW’s primary productivity was

highest during the second half of Phase 2, that is, from ~1960 to the mid-1970s, similar
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to other lakes in southern Ontario (Meyers, 2003). During this period, the burial rates of
TOC, TN, TP, and chlorophyll-a all reached their peak values (Figures 2.2, 2.3 and 2.4).
In addition, the sediment TOC:TP molar ratios attained their maximum values (Figure
2.3), which we attribute to an intensification of bottom water hypoxia due to the increased
degradation of organic detritus (Muller et al., 2012) following seasonal periods of high
algal productivity (Adams et al., 2022). Bottom water hypoxia is known to enhance the
preservation efficiency of sediment TOC while decreasing that of TP (Ingall and Jahnke,
1996).

Hypoxia during Phase 2 is also supported by the detection by XRD of pyrite in the
corresponding sediments, but not in the sediments from Phases 1 and 3 (Table A4). Pyrite
is an indicator of bottom water redox conditions (Roychoudhury et al., 2003; Wilkin et al.,
1996). The XRD results therefore point to more intense hypoxia during the second half of
Phase 2, relative to Phases 1 and 3. Like Phase 2, the sediments from Phase 4 exhibit
pyrite concentrations above the XRD detection limit (Table A4), as well as a peak in the
TOC:TP ratio (Figure 2.3). Water column monitoring data for Phase 4 further show a
growing number of yearly anoxic days during which the hypolimnion’s dissolved oxygen
concentration falls below 2 mg L (Radosavljevic et al., 2022). The available evidence
thus identifies both Phases 2 and 4 as periods of increased bottom water hypoxia.
However, while hypoxia in Phase 2 is clearly linked to increasing eutrophication in
response to the high TP loads from the catchment, in Phase 4 the stabilization of water

column stratification by salinization appears to be the main driver of intensifying hypoxia.

From Phase 3 to Phase 4, the estimated average contribution of internal TP loading
increases by 50% (Figure 2.5). Yet, even then, internal loading in Phase 4 only contributes
on average 13% of the total (external plus internal) TP loading to the water column. This
moderate contribution of internal P loading, together with a relatively low external TP input
and a short water residence time (about 2 years), helps explain why algal productivity has
remained relatively low during Phase 4. It further implies that to mitigate eutrophication
symptoms in LW, especially the expanding summer hypoxia of the hypolimnion,
measures should be taken to attenuate rising salinization and ensure the continued
effectiveness of on-land P retention by proper maintenance and monitoring of the

stormwater management infrastructure.
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A further noteworthy feature is the 1999 peak values of the TP, Porg, TOC, and TN
concentrations. These probably correspond to the large cyanobacterial bloom event
linked to the starting up of the sediment aerator in that year (section 2.2.1). The aerator
was removed and, to our knowledge, there has not been an algal bloom event of similar
magnitude since 1999. Note that the mechanism(s) linking the aerator’s operation and
the cyanobacterial bloom has yet to be resolved (Nurnberg, 2003). Possibly, the aeration
caused resuspension of bottom sediment that then released dissolved phosphate to the

water column, which fueled additional algal growth.
2.6.4. Comparative TP budgets

The TP budgets in Figure 5 illustrate some of the main features of the lake’s P cycle
response to the evolving LULC of the watershed. The external TP input to the lake, F,,;,
nearly doubled throughout agricultural intensification. This was accompanied by
correspondingly large increases in the deposition (Fy.,) and burial (Fy,,) fluxes of TP,
with the TP burial rate culminating in the 1970s. The maximum estimated water column
TP concentration (82 pug L) was also reached during Phase 2. Taken together, the
evidence implies that LW experienced its highest biological productivity at the end of
Phase 2, driven by the high TP input from the watershed. With the implementation of
agricultural BMPs, the TP input dropped during Phase 3.

The external TP loading (F,,;) was close to its lowest level during the rapid urbanization
of the watershed in Phase 4, because of the efficient retention of urban P emissions by
the stormwater management infrastructure. The low watershed TP input in Phase 4 has
in part been offset by an increase in the sediment TP recycling efficiency (RE,..), from 7-
14 % in the previous Phases to 26% in Phase 4, and a drop in the whole-lake TP retention
efficiency (RE;,;), from 53-69% down to 40%. Because of the reduction in the whole-lake
mean TP retention efficiency, the TP outflow flux, F,,;, in Phase 4 is only around 7%
lower than in Phase 3, although the external TP input (F,,;) in Phase 4 is estimated to be

on average 26% lower than in Phase 3.
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2.7. Conclusions

The watershed of Lake Wilcox has undergone major LULC transformations since the
early 1900s. The initially forested watershed underwent land clearing for farming, followed
by agricultural intensification and, in recent decades, rapid urban growth. Here, we use
sediment composition data and burial rates from a dated core going back to about 1920,
plus historical records and water quality data from the 1990s onwards, to reconstruct the
temporal changes in sediment and TP loading to the lake and the accompanying changes
in the lake’s TP budget.

The post-WWII agricultural intensification period of LW’s watershed saw large increases
in the sediment, TP, TOC, TON, and chlorophyll-a accumulation rates, indicative of the
escalating cultural eutrophication of the lake. Increased sediment TOC:TP ratios and X-
Ray detectable pyrite concentrations during this period further point to expanding bottom
water hypoxia driven by the high agricultural TP loads. The sediment and TP loads from
the watershed were greatly reduced from circa 1970 to 1990 as the result of the
implementation of agricultural BMPs, the removal of septic tanks along the shoreline, and

the decreasing agricultural land area.

Rapid urban expansion beginning in the late 1990s was accompanied by a further
reduction of the TP burial rate while, at the same time, the sediment TP concentration
and the relative contribution of organic P to sediment TP increased. These findings are
explained by the efficient interception of suspended sediment by urban stormwater
management infrastructure that caused large decreases in the supply of land-derived
sediment and TP to the lake. The decrease in external TP loading has been partly
compensated by increased TP recycling from the sediments (i.e., internal loading) that,
in turn, appears to be driven by the salinization-driven upward trend of the duration of
summer stratification of the water column and, possibly, also due to reduced mineral-

bound P sinks in the sediments.

Our results provide insights not only into the impacts of changes in watershed land cover
on the lake’s TP cycle, trophic state and hypoxia, but also into the effectiveness of P
abatement measures. During both the period of intensive agriculture and that of rapid

urban expansion, the implementation of soil conservation and stormwater management
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practices have successfully reduced the TP loading to the lake. In addition, our analysis
indicates that the current eutrophication symptoms affecting LW, especially the expanding
summer hypoxia in the hypolimnion, are linked to the ongoing salinization of the lake
waters. Further lowering the watershed TP loading alone is therefore unlikely to revert
these symptoms without additionally managing the salt input to the lake. Given worldwide
freshwater salinization trends, this conclusion likely applies to many lakes and reservoirs.
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Chapter 3
Salinization as a driver of eutrophication symptoms in an urban lake (Lake

Wilcox, Ontario, Canada)

Modified from:

Radosavljevic, J., Slowinski, S., Shafii, M., Akbarzadeh, Z., Rezanezhad, F., Parsons, C.
T., Withers W., & Van Cappellen, P. (2022). Salinization as a driver of eutrophication
symptoms in an urban lake (Lake Wilcox, Ontario, Canada). Science of The Total

Environment, 846, 157336.
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3.1. Summary

Lake Wilcox (LW), a shallow kettle lake located in southern Ontario, has experienced
multiple phases of land use change associated with human settlement and residential
development in its watershed since the early 1900s. Urban growth has coincided with
water quality deterioration, including the occurrence of algal blooms and depletion of
dissolved oxygen (DO) in the water column. We analyzed 22 years of water chemistry,
land use, and climate data (1996—2018) using principal component analysis (PCA) and
multiple linear regression (MLR) to identify the contributions of climate, urbanization, and
nutrient loading to the changes in water chemistry. Variations in water column
stratification, phosphorus (P) speciation, and algal abundance (chl-a) explain 76% of the
observed temporal trends of the four main PCA components derived from water chemistry
data. MLR results further imply that the intensity of stratification, quantified by the Brunt-
Vaisala frequency, is a major predictor of the changes in water quality. Other important
factors explaining the variations in nitrogen (N) and P speciation, and the DO
concentrations, are watershed imperviousness and lake chloride concentrations that, in
turn, are closely correlated. We conclude that the observed in-lake water quality trends
over the past two decades are linked to urbanization via increased salinization associated
with expanding impervious land cover rather than increasing external P loading. The
rising salinity promotes water column stratification, which reduces the oxygenation of the
hypolimnion and enhances internal P loading to the water column. Thus, stricter controls
on the application and runoff of de-icing salt should be considered as part of managing
eutrophication symptoms in lakes of cold climate regions.

3.2. Introduction

Urbanization is a global phenomenon. In 2007, half of the world’s population lived in
urbanized area and this fraction is expected to exceed more than 65% by 2050 (McGrane,
2016). Urbanization negatively impacts biodiversity, water quality and air quality
(McDonald et al., 2014; Zhao et al., 2006). Regardless of the magnitude of urban
development, these impacts are generally significant (Brabec et al., 2002; Paul & Meyer,
2001; Walsh et al., 2005, 2012). Increased imperviousness in urban areas can enhance
the mobility of contaminants (Garnier et al., 2013; McGrane, 2016; Pringle, 2001) that
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cause the deterioration of downstream water quality (Jacobson, 2011; Shuster et al.,
2005; Walsh et al., 2005). Examples of common urban contaminants include toxic metals,
such as zinc, lead, cadmium, and nickel (Floresrodriguez et al., 1994; Mansoor et al.,
2018) and polycyclic aromatic hydrocarbons (PAHs) (Zehetner et al., 2009), which
negatively impact water quality and aquatic life of urban lakes and streams. Along with
heavy metals (Pastor & Hernandez, 2012) and thermal pollution (Wang et al., 2008),
nutrients represent an important class of urban contaminants (Carey et al., 2013; Garnier
et al., 2013) that may result in eutrophication of the receiving water bodies (Carpenter,
2005; Carpenter et al., 1998; Filippelli, 2008; Frossard et al., 2014; Jenny et al., 2016;
Tromboni & Dodds, 2017).

Phosphorus (P) is often considered to be the main limiting nutrient responsible for
eutrophication in freshwater lakes (Schindler et al., 2016). Excessive nutrient P loading
leads to increased primary productivity and oxygen (O2) depletion, especially during
periods of water column stratification. Jenny et al. (2016) reported that intensification of
hypoxic conditions in European lakes is historically correlated with the growth of nearby
urban areas and the export of P from urban point sources. In addition to the increased
frequency of algal blooms and hypoxic conditions caused by algae decomposition (Carey
et al., 2013; Heisler et al., 2008), eutrophication may also be accompanied by the demise
of submerged vegetation and the release of toxins by harmful algal species that
negatively impact fish, wildlife, pets and even humans (Carey et al., 2013; Yang et al.,
2008).

In cold temperate regions, direct road salt runoff is a growing and multi-faceted problem
for lentic ecosystems. Elevated chloride (CI") and other dissolved ion concentrations from
de-icing agents impact biodiversity and food webs, alter base cation balances, and modify
the mixing regime of lakes that, in turn, can cause oxygen depletion of the hypolimnion
(Corsi et al. 2015; Dugan et al., 2017; Kortesky et al., 2012; Ladwig et al., 2021).

Urban stormwater management (SWM) systems are implemented to control peak runoff
and mitigate contaminant export, including that of nutrients, to surface and groundwater
(Hathaway et al., 2012; Khan et al., 2021; Song et al., 2015, 2017). These systems

include both grey infrastructure, such as stormwater ponds, and green infrastructure such
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as bioretention cells. These facilities help restore more natural hydrological conditions
that are considered more efficient for the mitigation of urban contaminants (Goh et al.,
2019; Hathaway et al., 2012, 2016; Kratky et al., 2017; Song et al., 2015, 2017; Yang &
Toor, 2017, 2018). Despite their success in reducing runoff (Jefferson et al., 2017), it is
still unclear known whether an existing SWM facilities permanently immobilize P (Perry
et al., 2009). In fact, some stormwater ponds have been found to increase the export of
the more bioavailable forms of P (Frost et al., 2019; Song et al., 2015, 2017).

Along with urbanization, climate change represents a potential stressor on water quality
and aquatic ecosystem health. Cold and cold-temperate regions, including Canada, are
warming rapidly, and this trend is expected to continue in the future, both at annual and
seasonal scales (Jennings et al., 2009; Lemieux et al., 2011; Lemieux & Scott, 2011;
Vincent et al., 2018). Climate change is accompanied by hydrological changes, such as
more frequent high-intensity precipitation events (Clifton et al., 2018; Stocker, 2014;
Tebaldi et al., 2006; Whan et al., 2016). Extreme events, such as heavy rainfall,
windstorms, heat and cold waves, and droughts are forecasted to become the new normal
in the coming decades (Emilsson & Sang, 2017; Forzieri et al., 2018; Kaushal et al., 2014;
Whan and Zwiers, 2016; Zhang et al., 2008). In urban landscapes, heavy rainfall events
create higher peak runoff flows with high pollutant loads of total suspended solids (TSS),
nutrients, and toxic metals (Alamdari et al., 2020; Ekness & Randhir, 2015). Longer dry
periods between precipitation events (Stocker, 2014) can favor sediment buildup in urban
landscapes and cause the flushing of high TSS concentrations during subsequent runoff
events (Sharma et al., 2016).

To understand the impacts of land use and climate change on water quality, previous
studies have focused on individual lakes (Patterson et al., 2002) or groups of lakes
(Seilheimer et al., 2007; Tomer & Schilling, 2009; Yang & Chang, 2007) using modeling
(Carpenter, 2005) and data analyses (O’Reilly et al., 2015; Taranu & Gregory-Eaves,
2008; Yang et al., 2020). These studies typically rely on comprehensive but relatively
short data time series, usually covering a year or two. Here, we investigate water quality
changes in a lake using a multi-variate dataset collected over two decades. Lake Wilcox
(LW) in southern Ontario, Canada is a kettle lake within an urbanizing watershed. Our
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goals are to assess the changes in water quality in LW during the period 1996-2018 and
identify drivers of these changes using statistical analysis methods.

3.3. Methods
3.3.1. Study site: Lake Wilcox

Lake Wilcox (LW) is a small kettle lake located in the city of Richmond Hill in Ontario,
Canada, along the northern edge of the greater Toronto metropolitan area (Figure 3.1). It
is divided into an east and west basin that are 17 m and 14 m deep, respectively. The two
basins are separated by a ridge which peaks at ~8 m water depth (Reports number 4, 5
and 6 in Table Al). The lake’s surface area is 0.56 km? and its watershed area is 2.39
km?. Nearby Lake St. George (watershed area: 2.5 km?) drains into LW via a connecting
channel. The high morphometric ratio (7.6 m/km) promotes stratification of LW during the
summer (Report number 5 in Table Al). The lake has one outflow and seven inflow points,
of which the St. George and North Shore inflows contribute the highest flows (~85+5%)
to the lake (Report number 6 in Table Al). Based on discharge measurements for the
period 1998-2010, the average annual surface inflow is on the order of 7x10° m?® and the

water retention time is approximately 2 years (Reports number 4 and 5 in Table Al).

The lake’s watershed experiences a continental climate moderated by the Laurentian
Great Lakes. The watershed is influenced by warm, moist air masses from the south and
cold, dry air masses from the north (TRCA, 2008). The average total annual precipitation
is about 853 mm (range: 700 to 1,000 mm) and the average daily temperature 7.7°C
(Government of Canada, 2019). The majority of precipitation occurs during the summer
months (June, July, and August). The mean annual evapotranspiration is approximately
517 mm per year (TRCA, 2018).

The originally forested watershed of LW has undergone significant development since the
early 1900s when the land was converted to agriculture. This was followed by the
construction in the 1940s of nearshore cottages on septic systems. The latter were
decommissioned in the 1960s when monitoring revealed rising eutrophication of the lake
(Reports number 1, 2 and 3 in Table Al). Sub-urban and urban development took off in
the 1980s, further accelerating in the early 2000s. As a result of development, land

surface imperviousness increased to over 60% at present (Figure 3.2a).
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The imperviousness values (in % watershed land cover) from 1996 to 2018 shown in
Figure 3.2a are based on estimates reported in previous studies for the years 1996, 2009,
2012, and 2018 (Reports number 1-6 in Table Al; Baker et al.,, 2017; Doyle &
Macpherson, 2017; OMAFRA, 2019), complemented with our own estimates obtained
manually from aerial images. Values for the other years were interpolated as done in
previous studies (Exum et al., 2005; Li & Wu, 2016; Wu & Hung, 2016). Note that Figure
3.2a shows the total imperviousness, that is, it corresponds to the sum of all impervious
land parcels in Lake Wilcox’s watershed. Thus, it comprises both the disconnected and
directly connected impervious land cover. The directly connected imperviousness is the

sum of impervious land parcels that are connected to the storm sewer network.

By the 1980s, worsening eutrophication, including declining dissolved oxygen (DO) levels
and the appearance of cyanobacteria, had become a major issue, with the lake becoming
meso-eutrophic (Reports number 4 and 5 in Table Al; Nurnberg, 1997; Nurnberg, 1996).
To combat increasing algal productivity and avoid harmful algal blooms (HABs) an
aeration system was installed in 1998 with the goal of slowing down internal P loading
from the lake sediments to the water column — a process known to be a major driver of
algal growth (Olding, 2012; Report number 5 in Table Al). The aerator, however, broke
down in early 2001 and was never reactivated (Olding, 2012). Due to the lack of
improvement in LW’s water quality, a suite of SWM systems, notably wet ponds, were
constructed in the watershed, starting in the early 2000s. To add more SWM systems,
more of the urban and suburban developments were connected to the storm sewer
system, and as a result, the expansion of imperviousness from around 2010 till today saw
an increase in the fraction of directly connected imperviousness (William Withers,

personal communication, September 2020).

3.3.2. Datasets

A variety of datasets were collected from different sources, including water quality
monitoring data provided by the City of Richmond Hill (CRH), climate data downloaded
from the Environment and Climate Change Canada (ECCC) and Toronto and Region
Conservation Authority (TRCA) websites (Table B1), as well as satellite images obtained
from Esri’'s Wayback Living Atlas Google Earth Pro and USGS Land Look.
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Figure 3.2. Fraction of impervious land cover in Lake Wilcox’s watershed (a) and in-
lake surface water chloride concentrations (b) from 1996 to 2018.
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Data were synthesized for the period 1996 to 2018. From the climate records we derived
values for the mean daily temperature, average yearly temperature, mean daily and
yearly precipitation, and the 95" percentile of rainfall (calculated following U.S.
Environmental Protection Agency guidelines (USEPA 2009)), as described in Shrestha
et al., 2013).

The CRH water quality dataset comprised results of bi-weekly sampling from May to
November, from 1996 to 2018. Included were concentrations of dissolved oxygen (DO),
total P (TP), dissolved inorganic P (DIP), nitrate (NOs’), ammonium (NH4*), dissolved
inorganic nitrogen (DIN), and chloride (CI) in both the epilimnion and hypolimnion, plus
the concentrations of chlorophyll-a (chl-a) in the epilimnion. The annual TP loadings to
the lake were derived from the discharge and TP concentration values in the CRH reports
following the flow-weighted averaging method described in Walling & Webb (1985) and
Moatar & Meybeck (2005).

With the availability of more than 20 years of continuous data on water chemistry that
overlap with the period during which the watershed experienced a significant increase in
impervious cover, Lake Wilcox is unigue site to study impact of land use change on water

chemistry and eutrophication-like symptoms.
Anoxic factor (AF)

The DO time series data served to calculate anoxic factor values following the method
proposed by Nirnberg (1995, 2004):

AF = Zizti*d (3.1)
Ao

where AF is the anoxic factor (in days) for a given year, t; is the number of days of anoxia
during that year or season, a; is the hypolimnetic surface area (m?), and Ao is lake surface
area (m?). The appearance of Ao in the denominator of Equation (3.1) accounts for the
variable lateral extent of anoxic bottom waters. The annual AF value thus corresponds to
the number of days in a year during which a sediment area equal to the lake surface area
is overlain by anoxic water. Annual AF values are a proxy for changes in the intensity of

deoxygenation of the hypolimnion.
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Brunt-Vaisala frequency (BVF)

The Brunt-Vaisala or buoyancy frequency (BVF) represents the amount of work required
against gravity to break down thermal stratification in the water column (Mortimer, 1974).

It is calculated as follows:

2_ 29,9
N_/_)*az (32)

where N is the BVF (s), g is the gravitational acceleration (m s2), g is the average water
density over the entire water depth considered (kg m3), p is the water density (kg m) at

a given depth z (m) (Mortimer, 1974; Zadereev & Tolomeyev, 2007). Note that the use of
Equation (2) yields a depth profile of BVF.

The density of water was calculated from the corresponding temperature and salinity
values with the Javascript calculator developed by the collaborative Computer Support
Group (CSG) Network of University of Michigan and National Oceanic and Atmospheric
Administration (NOAA). For those sampling times where CI- concentrations were reported
for both the epilimnion and hypolimnion, little vertical difference in the CI- concentrations
was observed. Because CI concentrations were measured systematically in the
epilimnion, but not the hypolimnion, only the epilimnion CI- concentrations were used and
converted to salinity values (Dugan et al., 2017; Shambaugh, 2008). For the calculation
of the BVF depth profile at a given sampling time, the same salinity value was then applied
to all depths while the measured depth-dependent temperature profiles were imposed.

For details on the water density calculation, see Gill (1986).

In order to assess interannual variability in the intensity of stratification, we compared
BVF depth profiles calculated for the month of August for each year. In southern Ontario,
July-August exhibit the highest monthly air temperatures and water column stratification
is most pronounced. In addition, by August, the lake’s temperature distribution retains

negligible memory from the preceding spring mixing event.
3.3.3. Statistical Analyses

We relied on multiple statistical methods to describe and interpret water quality changes.
We used the Mann-Kendall (MK) test to assess the statistical significance of temporal

trends in water quality variables (with p<0.1 as threshold). We further employed Principal

58



Component Analysis (PCA) to reduce the dimensionality of the large water quality data
set (section 2.5.2). We also developed Multiple Linear Regression (MLR) models to
explore the relationships between the principal components (PCs) and potential predictor
variables (e.g., degree of urbanization, salinization, temperature, nutrient concentrations

and speciation, etc.).
3.3.3.1. Mann-Kendall test (MK) and Kendall’s 1

The MK tests were carried out with the XLSTAT software (Addinsoft, version 2022).
Positive values of the MK statistic indicate an upward trend, negative values a downward
trend, and a zero value no change over time. The larger the MK statistic deviates from
zero, the greater the evidence for a significant temporal trend in the data series (Hirsch
et al., 1982; Kendall, 1975; Lettenmaier, 1988; Sen, 2014, 2017). Here, we report the
closely related Kendall’s T (tau) values that rescale the MK statistic values within the range
-1 to +1, which facilitates the comparison of data series with variable numbers of
observations (Helsel & Hirsch, 1992; Meals et al., 2011). More details about the MK test
can be found in Hirsch et al., 1982; Kendall, 1975; and Zhang et al., 2004.

3.3.3.2. Principal Components Analysis (PCA)

To identify the drivers of water chemistry changes it is often helpful to group variables
that are correlated. We selected PCA, which has been widely applied to environmental
data time series (Arslan, 2013; Parinet et al., 2004; Sahoo et al., 2020; Wold et al., 1987;
Yang et al., 2020). The emerging groupings then create a new and smaller set of
presumably uncorrelated variables, that is, the principal components (PCs). Details about
PCA can be found in many previous works (Liu et al., 2019; Zou & Xue, 2018). The 13
water chemistry variables included in the PCA were epilimnion and hypolimnion
concentrations of DIP, TP, NH4*, NOs", DIN, and DO, plus the chl-a concentration in the

epilimnion.

As required in PCA, we first filtered the dataset to remove missing data points. Water
quality parameters that had non-existing values for more than 25% of the sampling dates
were removed. We further excluded data from 1997 to 2000 because during that time the

DO concentrations were artificially manipulated by using an aerator (section 3.3.1). The
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PCA was performed and visualized in R 4.1.2 (R Core Team, 2021) using the factoextra
package (Kassambara and Mundt, 2020).

3.3.3.3. Multiple Linear Regression (MLR)

In the MLR analyses, the water chemistry PCs were treated as the dependent (or y)
variables. The goal was to identify the (independent) explanatory variables that most
contribute to the temporal trends of the water chemistry PCs. To compare the regression
coefficients from the MLR analyses, we first normalized the values of each explanatory
variable by that variable’s mean value to make them unitless. The MLR analysis was
performed with the JMP statistical software (SAS Institute Inc.) based on the following

formulation:
y = bo + b1x1 + bzXz + + bl'xi (33)

where y is the dependent variable, x; the i" explanatory (or predictor) variable, b, the
regression constant, and b the it" coefficient of the corresponding explanatory variable
(Brix et al., 2017; Liu et al., 2015; Weisberg, 2005).

The predictors included in the MLR analyses were: watershed imperviousness (as a
measure of urbanization), lake CI- concentration (as a measure of deicing salt usage),
external P loading to the lake, water column stratification (using the Brunt-Vaisala
frequency), and the following climate parameters: 14-day average temperature and 14-
day total rainfall prior to sampling, average yearly temperature and rainfall, and yearly
95% percentile of rainfall. The latter is used as a measure of a year’s extreme precipitation
events that can play an important role in pollutant wash-off in urban areas (Carpenter et
al., 2018; Knapp et al., 2008; Rahimi et al., 2021; Ummenhofer & Meehl, 2017; Vincent
et al., 2018; Whan & Zwiers, 2016).

The explanatory variables selected are known drivers of water quality changes (Carey et
al., 2013; Garnier et al., 2013; McGrane, 2016; Pringle, 2001; Pickett et al., 2011; Walsh
et al.,, 2005). Obviously, the analyses can only provide insights into the roles of the
selected explanatory variables. Other variables, such as lake ice cover and duration, are
likely responsible for part of the temporal variability of the PCs (Carey et al., 2012;
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Cavaliere & Baulch, 2018; Rodgers & Salisbury, 1981), however, they are not included
here because of the lack of a corresponding data time series.

3.4. Results
3.4.1. Time series trends
3.4.1.1. Dissolved oxygen (DO) and anoxic factor (AF)

Hypoxic conditions were first recorded in LW in the 1980s (Reports number 4 and 5 in
Table Al). For the observation period considered here (1996-2018), average DO
concentrations were 10.2 and 1.1 mg L™ in the epilimnion and hypolimnion, respectively.
Maximum and minimum DO concentrations were 17.8 and 2.4 mg L in the epilimnion,
and 12.0 and 0 mg L in the hypolimnion. The time series DO depth profiles shown in
Figure 3.3 indicate a transition around the year 2005 characterized by a lengthening of
the annual periods of DO deficient conditions in the hypolimnion (i.e., the dark blue color
in the figure), sometimes extending throughout the entire year. The depth of the
redoxcline also increased, from around 4 m at the beginning of the data series to around
6 m in the most recent years. The DO trend analysis for LW revealed a statistically
significant (p<0.1) decrease in DO concentrations, especially in the hypolimnion
(Kendall’'s T =-0.35) (Figure 3.4). The average value of AF for the entire period (excluding
years with artificial aeration) was 72 days per year. The annual AF exceeded 80 days in
2005, 2008 and 2015. As expected from the DO trend analysis, Figure 3.4 shows an

increasing trend of AF with time (Kendall’s 7= +0.42).
3.4.1.2. Chloride

The average CI- concentration in the epilimnion increased from 43 mg L in 1996 to 175
mg Lt in 2018 at which time the watershed’s imperviousness exceeded 60% (Figure 3.2b,
Table B2). Of all the water quality variables tested, the CI- time series showed the
strongest positive trend with time (Kendall’s T = 0.94, Figure 4). Several distinct phases
of CI-increase can be distinguished (Figure 2.2b, Table B2). From 1996 to the turn of the
century only a small increase of the ClI- concentration was observed. This was followed
by a much faster increase up to ~90 mg L* by the year 2008, while the watershed’s

imperviousness rose to 36%. The next phase, from 2008 to 2012, was again
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characterized by a relatively slow growth of the CI- concentration as the imperviousness
reached 45%. The last phase saw the most rapid rise of the CI- concentration to about
175 mg L in just six years. During that same period, major efforts were undertaken to

expand directly connected imperviousness (section 3.3.1).
3.4.1.3. Brunt-Vaisala frequency (BVF)

August BVF depth profiles are shown in Figure 3.5 for the beginning and end of the
observation period (1996 and 2018) plus intermediate year 2007. Overall, the shape of
the profile became wider over the years while the maximum BVF values moved to deeper
depths. The latter is consistent with the generally downward trend observed for the
redoxcline (Figure 3.3). As for Cl, maximum BVF values exhibited an increasing trend
with time (Kendall’'s 1 = +0.12, Figure 3.4).

3.4.1.4. Phosphorus: concentrations and speciation

Over the entire time period considered, the TP and DIP concentrations in the hypolimnion
were about 10 and 30 times higher than those measured in the epilimnion, respectively.
In the epilimnion the DIP varied from 0.001 to 0.059 mg L with an average value of 0.005
mg L, while TP concentrations ranged from 0.003 to 0.116 mg L with an average value
of 0.032 mg L. The hypolimnion concentrations of DIP ranged from 0.001 to 0.513 mg
L't with an average value of 0.175 mg L%, while TP varied from 0.017 to 1.33 mg L and
averaging at 0.249 mg L. The epilimnion TP concentration showed a decreasing trend
over time (Kendall's T = -0.27, Figure 3.4 and 3.6, Table B2). The hypolimnion TP
concentration similarly exhibited a decreasing trend, although less pronounced than that
in the epilimnion (Kendall’s T = -0.24, Figures 3.4 and 3.6, Table B2). Since 2000, the DIP
concentrations in the epilimnion and hypolimnion have experienced slight declines (Table
B2).

The DIP:TP ratios in the epilimnion and hypolimnion exhibited statistically significant
increasing trends over time (Kendall's T = +0.13 and +0.23, respectively in the epilimnion
and hypolimnion, Figure 3.4). As can be seen in Figure B1, a relatively large increase in
DIP:TP occurred after 2010, particularly in the epilimnion. Further note that the minimum

hypolimnion DIP:TP value of 1998 coincided with the time the aerator was in operation.

62



Depth (m)

Figure 3.3. Mid-lake depth distributions of dissolved oxygen concentrations (DO)
between 1996 and 2018. Note the lengthening of the yearly period of anoxia (blue color)
after 2003.
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Figure 3.4. Kendall’s tau values for Mann-Kendall trend analyses. The figure includes

the results for the water quality parameters, MLR explanatory variables, and principal

components (PCs) that show a statistically significant (p < 0.1) trend with time over the
period 1996 to 2018. Hypo = hypolimnion, Epi = epilimnion.
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Figure 3.5. Mid-lake Brunt-Vaisala frequency (BVF) depth profiles for the month of
August in 1996, 2007, and 2018.
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3.4.4.5. Nitrogen: concentrations and speciation

As for TP and DIP, the DIN (= sum of ammonium, nitrite and nitrate) concentrations in the
hypolimnion were much higher than for the epilimnion (Table B2). The maximum DIN
concentration in the epilimnion was 1.64 mg L and the average value was 0.15 mg L.
The DIN concentrations in the hypolimnion reached a maximum value of 6.71 mg L%, with
an average concentration of 1.54 mg L. In both epilimnion and hypolimnion, the DIN
concentrations showed increasing trends (Kendall's 1 = +0.12 and +0.27 for epilimnion

and hypolimnion, respectively) (Figure 3.4).

The speciation of DIN also differed markedly between the epilimnion and hypolimnion
(Table B2). In the hypolimnion, nearly all DIN was under the form of NH4*. The average
NOs" concentration in the hypolimnion was 0.04 mg L while the average concentration
of NHs* was 1.50 mg L*. In the epilimnion, the average concentrations of NOs" and NH4*
were 0.05 and 0.10 mg L, respectively. The epilimnion was also more depleted in DIP
relative to DIN, compared to the hypolimnion (Table B2). The yearly average DIN:DIP
and DIN:TP mass ratios in the epilimnion were 32.7 and 5.3, respectively, and 9.3 and
6.8 for the corresponding values in the hypolimnion (Figure B2). (Note: to convert to molar

N:P ratios, the mass N:P ratios are multiplied by 2.21.)
3.4.4.6. Chlorophyll-a

The chl-a concentration is commonly used as a measure of the abundance of algal
biomass in lakes (Jones & Bachmann, 1976; Quinlan et al., 2021; Reynolds & Descy,
1996). The long-term average value of chl-a for LW was 9.8 ug L indicating eutrophic
conditions. The concentrations, however, varied widely between years, in the range 0.2 -
41 ug L. The average chl-a concentration in fall (11.4 yg L) was higher than that
observed in summer (9.3 ug L1). The chl-a time series data did not exhibit a statistically

significant temporal trend (p>0.1).
3.4.2. Principal Components Analysis

The percentages of the variations across the entire 13-dimensional water chemistry
dataset that are explained by the PCs are presented in Figure B3. The results indicate

that 76% of the variation in the data was explained by the first four PCs that, in descending
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order, contributed 33.3%, 20.2%, 11.7% and 10.8%. In the following section, we focus on
these four PCs. Given their relative contributions, we refer to PC1 and PC2 as the major
PCs and PC3 and PC4 as the minor PCs. The PC1 versus PC2 biplot is shown in Figure
3.7. The three variables that most strongly correlated with PC1 were the concentrations
of the reactive forms of N and P in the hypolimnion: DIN, DIP, and NH4* (Figure 3.7, see
also Figure A4). Additionally, the correlations were all positive (Figure 3.7, see also Figure
3.8). For PC2 the three strongest, also positive, correlations were with the concentrations
of DIN, DIP, and NH4* in the epilimnion (Figure 3.7 and Figure 3.8, see also Figure B4).
The main three variables correlating with PC3 and PC4 were the concentrations of NOs',
DIP and chl-a in the epilimnion (for PC3), and chl-a and DO in the epilimnion plus NOs" in
the hypolimnion (for PC4) (Figure B4). These variables only weakly contributed to PC1
and PC2 (Figure B4) and therefore plotted relatively close to the center of the PC1-PC2
biplot (Figure 3.7).

The major cluster of variables that correlated positively with PC1 (hypolimnion DIN, DIP,
NH4*, and TP) also correlated positively with PC2 (Figure 3.7 and 3.8). In contrast, the
major cluster that correlated positively with PC2 (epilimnion DIN, DIP, NH4*, and TP)
correlated negatively with PC1. Moreover, the DO concentrations in epilimnion and

hypolimnion were negatively correlated with PC1 but showed little connection to PC2.
3.4.3. Multiple Linear Regression (MLR)

We used MLR to delineate which of the 9 selected predictor variables (see section
3.3.3.3.) most impacted the temporal variations of the PCs. During the stepwise
development and assessment of the MLR models, variables that had no impact on the
PCs were discarded while the others remained in the pool of significant predictors (using
a p-value of 0.1 as the cut-off). The remaining predictor variables are those in the grey
shaded cells in Table 3.1. The table further identifies in bold text the predictor variable(s)
with the largest regression coefficient(s) for a given PC. The value of a regression
coefficient is a measure of the sensitivity of the PCs to the predictor variable. Note that
because the predictor variables were normalized to their mean values, the relative
magnitudes of the coefficients also provide a first-order indication of the relative
importance of the predictor variables in explaining the variability of the PCs.
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Table 3.1: Results of the MLR analysis. Significant variables (p < 0.1) are identified by
the shaded boxes with bold marking the most important explanatory variables.

Urbanization Climate Loadings |Stratification|
Mean
Total
temperature| Average . Total
Urbanization| Chloride 14 days yearly ‘l;alnfall .14 yearly >85% of the P loadings BVF
: ays prior| : events
prior temperature samplin rainfall
sampling pling
PC1 0.87 3.05 330 0.99 -1.36 0.81 -0.66 0.56 4.08
(mixing/stratification) & ; g : z & : : =
PC2
(nutrient state and 0.44 0.08 297 1.36 0.68 -1.21 -0.43 0.42 -0.78
trophic conditions)
£t 2,52 153 052 061 038 | 337 122 0.75 157
(SWM infrastructure) : ' ' ' ' : ' ’ :
PC4 1
(extreme events) 1.18 -0.60 -0.68 0.63 -0.37 0.84 1.70 0.88 -1.38
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3.5. Discussion
3.5.1. Water chemistry trends

The 22 years of water chemistry parameters were analyzed for factors that are known to
play a role in the lake eutrophication - symptoms. A numerous literature shows that
excessive nutrient inputs, primarily phosphorus (P), are the most important driver of
eutrophication of freshwater lakes (Gurkan et al., 2006; Smith et al., 1999; Vollenweider,
1968). Previous studies have also shown that eutrophication can be managed by
reducing nutrient P inputs to lakes (Bhagowati & Ahamad, 2019; Carpenter et al., 1998,
Smith et al., 1999). Although P inputs have been reduced, the eutrophic conditions have
persisted in LW. We explored Cl/salinity as potential explanatory variables for such
conditions due to high increase in the ClI- concentrations (Figure 3.2b) in the lake during
the period that hypoxia in the hypolimnion intensified (Figure 3.3). From the variables for
which data series could be obtained, the two major macronutrients (P and nitrogen, N),
dissolved oxygen (DO) and chlorophyll-a have all been linked to lake eutrophication and

were therefore considered in the statistical analyses (see section 3.5.2).

During the period 1996-2018, the water chemistry of LW underwent significant changes,
especially in terms of the concentrations of Cl-, DO, TP, DIP, plus the DIP:TP and DIN:DIP
ratios (Figure 3.4). The chloride concentration increased by a factor of 4, likely due to the
increasing application of deicing agents as the watershed became increasingly urbanized
(Figure 3.2a). At the same time, however, the % imperviousness grew by only a factor of
2.3. Thus, the relative increase in LW’s CI- concentration outpaced that of urbanization,
as also noted by Corsi et al. (2010) for rivers in the northern United States. In addition,
the changes in slope on Figure 3.2b indicate that the expansion of urban cover alone
does not explain the pace at which the CI- concentration has been building up in the lake.
Additional factors can include the type of deicing agent used (e.g., road salt versus brine)
and the development of, and connectivity to, the stormwater management (SWM)
infrastructure (Sorchetti et al., 2022). In particular, the rapid increase in Cl- between 1996
and 2010 possibly reflects the expansion of the total imperviousness in LW’s catchment,
while the development of directly connected imperviousness may explain the switch to a
faster rise of the CI- concentration after 2010. Directly connected imperviousness tends
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to accelerate the transfer of contaminants, including CI-, to streams and lakes (Brabec et
al., 2002; Duan & Kaushal, 2015; Walsh et al., 2005). Spatial distribution of impervious
surfaces in the watershed could be an important factor controlling contaminant loads
(Brabec et al., 2002; McGrane, 2016), including that of chloride (Richardson & Tripp,
2006), to the lake. Detailed reconstructions over time of the spatial distribution of
impervious land cover (Luo et al., 2018), as well as the types and application rates of de-
icing agents, would provide further insights into the salinization trajectory of the lake

(Ramakrishna & Viraraghavan, 2005), and more research on these are needed.

Rising CI- concentrations in lakes negatively impact water quality and drinking water
supply (Kaushal et al., 2005, 2018), as well as aquatic ecosystem health (MacLeod et al.,
2011; Tiquia et al., 2007). They can further cause changes in a lake’s mixing regime
(Bubeck et al., 1971; Novotny et al., 2007, 2008). With increasing CI- concentrations and,
hence, increasing density of the water, more energy is required to overcome the thermal
stratification (Mortimer, 1974). In turn, reduced vertical mixing causes the expansion of
DO depleted conditions in the hypolimnion (Figure 3.3) and is consistent with the
broadening of the depth interval of positive BVF values (Figure 3.5) plus the increasing

trend of the maximum BVF value over the time period considered (Figure 3.4).

The external TP loads to LW, as well as the TP concentrations of both epilimnion and
hypolimnion, have been generally declining (Figures 3.4 and 3.6). A possible reason is
increasing TP retention by SWM infrastructure, especially stormwater ponds, in the
urbanizing watershed of LW (Goh et al., 2019; Kratky et al., 2017, 2021) (Goh et al., 2019;
Kratky et al., 2017, 2021). In contrast to TP, however, DIP concentrations exhibit
negligible, or only very slightly decreasing, trends during the 1996-2018 period (Figure
3.4). As aresult, the DIP:TP ratios in the lake have been on the rise (Figures 3.4 and B1).
Also worth noting are the minimum DIP concentrations measured in 1998 and 1999 in the
hypolimnion, which occurred during the short-lived operation of the aerator in the lake
(see section 3.3.1). Oxygenation of the bottom waters by the aerator likely inhibited the

internal DIP loading from sediments to the water column.

Although the ultimate retention of P in sediment is dependent on a variety of factors,

including the flux of organic matter to sediment and the relative concentrations of iron and
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sulfur (Orihel et al., 2017), the influence of dissolved oxygen at the sediment-water
interface on internal DIP loading is well established (Markelov et al., 2019; O’Connell et
al., 2020; Orihel et al., 2017; Parsons et al., 2017). When the hypolimnion remains fully
oxygenated, P tends to be retained in the sediments, while the sediments tend to release
DIP when the bottom waters become anoxic. Thus, the general trend toward longer
annual periods of DO depletion of the hypolimnion (Figure 3.3) and the corresponding
increase of the AF has likely promoted internal P loading in LW. This is consistent with
generally increasing trends of the DIP:TP ratios (Figure B1). In the epilimnion, the most
pronounced increase in the DIP:TP ratio occurred after 2012, that is, when LW’s CI-

concentration rose above 100 mg L.

The DIP:TP ratio provides a rough indicator of the relative bioavailability of P, given that
DIP represents the fraction of TP that is most easily assimilated by biota (Kao et al., 2022).
Thus, the decreasing trends of the average TP concentrations in both the epilimnion and
hypolimnion are in part being offset by the increase of the DIP:TP ratios. In addition to in-
lake internal loading, SWM infrastructure in the watershed may also cause changes in
the lake’s DIP:TP ratio. Stormwater ponds, which are the dominant SWM structures in
LW’s watershed, generally reduce downstream TP loadings (Goh et al., 2019; Jefferson
et al., 2017; Kratky et al., 2017). However, they also modify P speciation, often
preferentially accumulating particulate P or even becoming net sources of DIP (Duan et
al., 2012; Frost et al., 2019; Marvin et al., 2020; Song et al., 2015, 2017).

The relative roles of internal and external P loading in modulating the trends in LW’s
DIP:TP ratios will need to be further investigated. The available data show that despite
the decreasing average TP concentrations in LW, there has been no detectable
improvement in the DO concentrations in the hypolimnion. We hypothesize that the rising
salinity of LW is responsible for strengthening water column stratification, hence reducing
the DO supply to the hypolimnion while enhancing internal P loading.

3.5.2. Statistical analyses

The first principal component (PC1), which explains around 33% of the water chemistry
trends, is positively correlated with the hypolimnion DIP, DIN and NH4* concentrations

and inversely with the hypolimnion DO (Figure 3.7, Figure 3.8 and B4). Thus, we propose
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that PC1 encapsulates the water column stratification, the redox state in the hypolimnion
and the mixing regime of LW. As PC1 increases, stratification strengthens, DO in the
hypolimnion decreases and the concentrations of DIP and NH4* increase while as PC1
decreases, mixing increases resulting in higher hypolimnetic DO, lower DIP and
decreased NH4*. This is supported by the observed seasonality of PC1 (Figure B5). In
southern Ontario lakes, thermal stratification typically starts in May and then increases
until late summer (Kao et al., 2022) . As expected, PC1 shows an increasing trend from
May to September-October. The drop in PC1 between October and November can then
be attributed to the breakdown of the summer stratification during fall turnover. Moreover,
the trend analysis of PC1 shows a positive, admittedly weak (p = 0.38), temporal trend
during the period of observation potentially suggesting a strengthening of the summer

thermal stratification over time (Figure B6).

The results of the MLR analysis indicate that BVF is the top predictor of PC1 (Table 3.1),
hence confirming that the variability in the data explained by PC1 is closely related to the
lake’s stratification and vertical mixing regime. PC1 also correlates positively with the CI-
concentration (Table 3.1), which is attributed to the stabilization of the water column
stratification by the increasing water density. The other significant predictor for PC1 is the
average air temperature (positive correlation) during the two weeks preceding a given
sampling date. The latter likely reflects the steeper thermocline during warmer summer

months.

The depth distributions of DO indicate a deepening of the redoxcline by approximately 2
m between 1996 and 2018 (Figure 3.3). A comparable observation has been made by
Kraemer et al. (2015) based on data from 26 lakes around the world. These authors found
that, from 1970 to 2010, stratification in most of the lakes became more stable while also
experiencing a deepening of the thermocline. Jane and Rose, 2021 report widespread
declines of DO concentrations in both the surface and deep waters of temperate lakes.
These authors invoke warmer air temperatures for lowering the O2 solubility in surface
waters and a strengthening of the thermal stratification for causing DO loss in the deeper
waters. We propose that, in regions where the use of deicing agents is extensive,
salinization is an additional driver of the intensification of lake stratification and, hence,

the lowering of hypolimnetic DO concentrations.
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While PC1 correlates negatively with the DIP, DIN and NH4" concentrations in the
epilimnion, PC2 is positively correlated with the DIP, DIN and NH4* concentrations in both
the epilimnion and hypolimnion (Figures 3.7 and 3.8). The decreasing trend of PC2
(Figure 3.4, Figure B6) over the period 1996-2018, further parallels that of the TP
concentration in the epilimnion (Figure 3.6). Also, in contrast to PC1, the monthly average
PC2 values do not experience a distinct drop in November (Figure B5). This points to a
link between the long-term changes of PC2 and the overall trophic and nutrient state of
the lake, rather than to internal loading processes. The dependence of PC2 on the air
temperature, both during the two-week period preceding sampling as well as averaged
over the year (Table 3.1), could reflect the enhanced transfer of biomass-associated N
and P produced in the watershed during warmer years (Butturini & Sabater, 1988), but
additionally it could reflect trophic state of the lake. We therefore tentatively relate PC2 to

the overall trophic and nutrient state of the LW.

The interpretations of PC3 and PC4 are less straightforward. The epilimnion chl-a, NOs",
and DO concentrations contribute most to both PC3 and PC4 (Figure B4). The
correlations between chl-a and DO are negative, however (Figure 8). Also, in contrast to
PC1, PC3 and PC4 are inversely related to BVF (Table 3.1). For PC3, the strongest
predictor variables are the extent of urbanization (positive) and the yearly precipitation
(negative). Hence, PC3 may in part reflect nutrient processing and movement of nutrients
within the SWM infrastructure in the lake’s watershed. We speculate that, during drier
years, longer water residence times and the accompanying more stagnant conditions in
SWM ponds promote the mobilization of DIP and the elimination of NO3s™ by denitrification
as seen in dammed reservoirs and during anoxic conditions in wetlands (Parsons et al.,
2017). The proposed impact of variable water residence time in the SWM ponds is
consistent with the negative and positive correlations of PC3 with the epilimnion NO3z™ and
DIP concentrations, respectively (Figure 3.8). Drier years likely also result in less flushing
out of deicing salt applied during preceding winters, hence, providing a possible
explanation for the inverse relationship between PC3 and the CI- concentration in the lake
(Table 3.1).

The rather similar correlation and regression coefficients for PC3 and PC4 seen in Figure

8 and Table 3.1 imply a closeness of the two principal components. The most notable
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differences include the statistically significant increasing trend of PC4 with time ( =0.18,
p = 1.6e-05), compared to little change in PC3 (1 =-0.0063, p = 0.88) (Figure 3.4, Figure
B6), and the importance of the yearly 95% percentile of rainfall as a predictor of PC4
rather than the yearly rainfall for PC3 (Table 3.1). Therefore, PC4 could record the impact
of more extreme precipitation events on the transfer of N and P to the lake. Intense rainfall
tends to cause more direct runoff from surrounding soils. Thus, the inverse relationships
of PC4 with chl-a and DO could be attributed to increased turbidity that negatively impacts
photosynthetic activity while enhancing heterotrophic activity in the lake’s surface waters.
Nutrient loads exported from soils also tends to be characterized by high N:P ratios
(Downing and McCauley, 1992), consistent with the positive correlation of PC4 with the
epilimnion nitrate concentration but a negative one with the epilimnion TP concentration
(Figure 3.8).

3.5.3. Implications

Seasonal stratification plays a key role in the biogeochemical functioning of lakes. With
the establishment of a stable thermocline, the hypolimnion becomes increasingly isolated
from the atmosphere thereby causing deoxygenation and the build-up of reduced
chemical species, such as ammonium. It also activates the recycling of DIP from the
sediments. That s, internal P loading gains in importance relative to the external P loading
of the lake (Markelov et al., 2019).

According to our results, a key impact of urbanization on the biogeochemistry of LW is
related to the growing impervious land cover and the accompanying increase in road salt
application, which leads to a strengthening of the lake’s water column stratification. Lake
eutrophication is usually attributed to excessive P enrichment fueling enhanced algal
growth (Schindler, 1971). Since the year 2000, however, the concentrations of TP and
DIP in LW exhibit downward trajectories, while the chl-a data series imply little change in
primary productivity of the lake. Thus, the symptoms of eutrophication, in particular the
lengthening of the annual period of low hypolimnion DO concentrations, could be caused

mainly by the progressive salinization of the lake.

Many temperate lakes experience declining DO concentrations and more intense
stratification, changes that tend to be ascribed to climate warming (Jane et al., 2017). Our
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results suggest that, in cold and cold-temperate regions, salinization may be an additional
driver of these changes. As shown by Dugan et al. (2017), in the past decade the CI
concentrations of lakes in urban watersheds in North America and Europe have been
exhibiting generally increasing trends (Sorichetti et al., 2022), like the one observed in
LW. Thus, the proposed salinization-driven water column stratification may be
widespread. Efforts to control the external nutrient loading to such lakes may therefore
be offset by the enhanced internal P loading caused by growing DO depletion of bottom

waters (Sgndergaard et al., 2003).

Historical use of road salt in urban watersheds has also likely created chloride legacies
in groundwater and soils (Mazumder et al., 2021). These legacies could continue to
supply excess CI to the lakes in these watersheds, even if winter salt applications were
reduced or altogether halted. Protecting the health of urban lakes therefore calls for
integrated management strategies that account for the impacts of past and ongoing road
deicing practices on a lake’s mixing regime. This, however, will require further work to
better understand the relative contributions of climate change, urbanization, and

salinization to changes in lake water quality.
3.6. Conclusions

The impervious urban land cover increased significantly in LW’s watershed during the
period (1996-2018) for which water quality data are analyzed in this study. The growing
impervious and directly connected impervious land covers have been accompanied by
an increase in the annual duration of anoxic conditions in the hypolimnion, as well as an
increase in the DIP:TP ratio. The increasing anoxia and intensification of the water column
stratification have been occurring despite stable, even slightly decreasing, external TP
loads to the lake, likely because of the expansion of stormwater management
infrastructure in the watershed since the early 2000s. At the same time, in-lake TP
concentrations have declined, while chl-a concentrations show no evidence of increasing

algal productivity.

Statistical analyses (PCA and MLR) of the water chemistry time series data shed light on
the mechanism(s) responsible for the intensification of eutrophication-like symptoms in

LW. The progressive salinization of the lake emerges as a major driver of the
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strengthening of water column stratification and the accompanying changes in water
quality, in particular the expansion of hypolimnion anoxia and the enhancement of internal
P loading. The latter contributes to maintaining LW in its eutrophic state. To our
knowledge, this is the first study that links salinization with lake eutrophication symptoms.
Lake management in regions where the use of de-icing agents is widespread therefore
needs to consider the multi-faceted role of salinization in changes lake water quality,
including those that traditionally are associated to increasing external nutrient loading.
Further research on the water quality impacts of de-icing agents will require reliable data

on their types and application rates.
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Chapter 4
Road salt-induced salinization impacts water geochemistry and mixing regime of

a Canadian urban lake

Modified from:

Radosavljevic J., Slowinski S., Rezanezhad F., Shafii M., Gharabaghi B., and Van
Cappellen P. (2023). Road salt application is reducing vertical mixing and degrading
water quality in a Canadian cold-temperate urban lake water. Submitted to Applied

Geochemistry.
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4.1. Summary

The extensive use of road salts as deicers during winter months is causing the salinization
of freshwater systems in cold climate regions worldwide. We analyzed 20 years (2001-
2020) of data on lake water chemistry, land cover changes, and road salt application for
the Lake Wilcox (LW) located in southern Ontario, Canada. The lake is situated within a
rapidly urbanizing watershed in which, during the period of observation, on average 785
tons of road salt were applied annually. However, only about a quarter of this salt has
reached the lake so far. That is, most salt has been retained in the watershed, likely
through accumulation in soils and groundwater. Despite the high watershed salt retention,
time series trend analyses for LW show significant increases in the dissolved
concentrations of sodium (Na*) and chloride (CI), as well as those of sulfate (S04%),
calcium (Ca?"), and magnesium (Mg?"). The relative changes in the major ion
concentrations indicate a shift of the lake water chemistry from the mixed SO4%>-Cl-Ca?*-
Mg?* type to the Na*-Cl- type. Salinization of LW has further been strengthening and
lengthening the summer stratification of the lake, which, in turn, has been enhancing
hypoxia of the hypolimnion and increasing the internal loading of the limiting nutrient
phosphorus. The theoretical salinity threshold at which fall overturn would become
increasingly unlikely was estimated at around 1.23 g kg1. A simple chloride mass balance
model predicts that, under the current trend of impermeable land cover expansion, LW
could reach this salinity threshold by mid-century. Our results also highlight the need for
additional research on the accruing salt legacies in watersheds because they represent
potential long-term threats to water quality for receiving freshwater ecosystems and

regional groundwater resources.
4.2. Introduction

Salinization of inland freshwaters is a rising problem globally (Kaushal et al. 2005, 2021;
Novotny and Stefan, 2010; Perera et al., 2013). It is driven by domestic and industrial
effluents, human-augmented chemical rock weathering, mine drainage, agricultural
runoff, seawater intrusion, and road salt application (Kaushal et al., 2018, 2019, 2021).
Salinization usually results in increasing trends in the concentrations of chloride (CI),

sodium (Na‘), calcium (Ca?*), magnesium (Mg?*), potassium (K*), sulfate (SO4%) and
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dissolved inorganic carbon (DIC) of streams, lakes, wetlands, and aquifers (Corsi et al.,
2015; Dugan et al., 2017; Ladwig et al., 2021; Trenouth et al., 2015). Elevated salinity
impairs freshwater ecosystem health by diminishing habitability for sensitive biota,
altering the food web community structure, changing the base cation composition,
increasing heavy metal mobilization, and modifying the mixing regime (Cafiedo-Arguelles
et al. 2016; Couture et al., 2015; Koretsky et al., 2012; Ladwig et al., 2021; Norrstrom et
al., 2001; Scott et al., 2018).

Many recent salinization trends have been reported for lakes in urban areas of cold winter
regions, primarily related to the runoff of salts applied on roads, sidewalks, and parking
lots as deicing agents in the winter (Dugan et al., 2017; Haake & Knouft, 2019; Kaushal
et al., 2005, 2017; Meriano et al., 2009; Trenouth et al., 2015). According to Dugan et al.
(2021), current trends in de-icing salt application practices have put more than 7,000
lakes in North America at risk of water quality impairment due to salinization. Urban runoff
enriched in ions contained in deicers can alter the natural ion balance in receiving water
bodies (Rhodes and Guswa; 2016; Sutherland et al., 2019) and, hence, change the
geochemical water type. The latter is essential when assessing impacts on water quality
because water type is linked to alkalinity and pH buffering capacity. Road salt application
can mobilize the base cations Ca?*, Mg?*, and K* from soils via displacement by Na*
(Eimers et al., 2015; Norrstrom and Bergstedt, 2001; Rhodes and Guswa, 2016; Rose,
2012; Rosfjord et al., 2007; Sutherland et al., 2018). However, changes in geochemical

water type caused by road salt application have received limited attention thus far.

Impervious surfaces in urban landscapes (e.g., roads) and stormwater sewers serve as
direct pathways for the transport of salt to downstream water bodies (Foley et al., 2005;
Kaushal et al., 2017; Corsi et al., 2015; Dugan et al., 2017, 2021; Haake & Knouft, 2019;
Meriano et al., 2009; Wyman et al., 2018; Tabrizi et al., 2021). Enhanced salt transport
with stormwater runoff reduces the watershed retention of salt ions that would otherwise
infiltrate in the soils and further into groundwater (Perera et al., 2013). Chloride watershed
retention efficiencies in the range 30-90% have been reported for various watersheds
(Oswald et al., 2019; Meriano et al., 2009). Moreover, Oswald et al. (2019) showed that
watershed CI retention efficiency decreases with increasing impervious land cover across

a series of watersheds in southern Ontario, Canada. To our knowledge, the changes in
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watershed CI retention during periods of rapid urbanization have not yet been reported
in the literature.

Lake water column stratification and the associated lake mixing regime are also modified
by salinization. Intensification of stratification, in turn, may adversely affect lake bottom
water oxygenation and enhance the in-lake recycling of oxygen-sensitive species, such
as nutrients and trace metals (Ladwig et al., 2021; Markelov et al., 2019; Orihel et al.,
2017; Parsons et al., 2017; Straile et al., 2003). Temperate lakes are typically dimictic
with turnover occurring two times per year in spring and fall, while stratifying in summer
(Lewis, 1983; Spigel & Imberger, 1980). The water density profile is the determinant of
vertical mixing dynamics in lakes; it is modulated by both temperature and salinity
(Boehrer and Schultze, 2008; Boehrer et al., 2013, 2017; Eklund, 1965; Ladwig et al.,
2021; Woolway et al., 2019, 2022). In freshwater lakes, the temperature is the dominant
variable controlling water density variations. In some lakes, however, salinization has
become an important driver of changes in water density (Ladwig et al., 2021; Millero &
Poisson, 1981) that, in turn, can lead to disrupted, delayed, or even ceased vertical water

column mixing (Ladwig et al., 2021).

In this study, we assess the impact of road salt applications on the water chemistry and
mixing regime of Lake Wilcox (LW) in southern Ontario, Canada. Rapid urbanization of
LW’s watershed has resulted in rising loads of salt ions to the lake through stormwater
runoff. Harmful algal blooms (HABs), high dissolved phosphorus concentrations, and
expanding periods of bottom-water hypoxia in LW became growing concerns in the 1980s
(Reports 5 and 6 in Table Al; Radosavljevic et al., 2022). Even though the total
phosphorus loading to the lake decreased after the implementation of stormwater ponds,
eutrophication-like symptoms have persisted. In a previous study, we showed that these
symptoms are caused by the rising salinity of the lake (Radosavljevic et al., 2022). Here,
we hypothesized that salinization is driving coupled changes in LW’s water chemistry and
stratification regime. We analyzed lake water chemistry data available for 20 years (2001-
2020) to delineate the trajectories of the major dissolved ion concentrations (Cl-, Na*,
Ca?*, Mg?*, SO4*> and DIC) and determine how the lake’s geochemical water type has
been changing during salinization. Moreover, to predict how lake ClI- and Na*

concentrations, water density, and the lake’s vertical mixing regime may further evolve
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under different future road salt management scenarios, we developed mass balance

models to quantify the accumulation of CI- and Na* in the watershed versus in the lake.
4.3. Material and methods
4.3.1. Water quality dataset

Water quality data used in this study, provided by CRH, consisted of bi-weekly measured
concentrations of major ions and other physicochemical parameters in LW’s epilimnion
and hypolimnion for the period 2001 to 2020. The data included water temperature, pH,
alkalinity (as CaCOs), and the aqueous concentrations of Na*, potassium (K*), Ca?*, Mg?*,
and CI-, SO4% and DIC.

4.3.2. Water quality data analyses
4.3.2.1. Geochemical water type: Piper diagram

Piper diagrams are a common graphical representation of the major chemical ion
composition of natural waters and are used to classify water geochemical types (Piper,
1944). A Piper diagram shows a water chemical composition as percentages of cations
and anions. It was used here to display the trajectory of LW’s water geochemistry over
the period of 2000 to 2020.

4.3.2.2. Salinity threshold for meromixis

Imberger & Patterson (1989) introduced the “lake number” (LN) concept to estimate the
hypolimnetic salinity threshold above which lake turnover becomes increasingly unlikely.
The concept has been successfully applied in several studies (e.g., Ladwig et al. 2021;
Lindenschmidt & Chorus, 1998; Robertson & Imberger, 1994). The lake number is a
dimensionless parameter describing the balance between a lake’s mass moment and the
wind moment, formulated as:

o(st4%) 5

Pz U?A0Zyo)

LN = 4.1)

where St is the Schmidt stability (Schmidt, 1928), which represents the amount of energy
needed to mix the entire water column or, equivalently, the potential energy of the water

column [J m?], g is the gravitational acceleration [m s?], Ao the surface area of the lake
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[m?], B the angle between the metalimnion surface to the lake bottom [-], p, the bottom

water density [kg m=], u the wind friction velocity [m s], and z,,,; the depth of the center

of volume [m]. Note that by multiplying St in eq (1) by g % the potential energy is obtained

in units of /. When LN > 1, the water column is stable and whole water column vertical
mixing is unlikely. When LN < 1, vertical mixing is expected to occur (Ficker et al., 2017,
Lindenschmidt & Chorus, 1998).

Here, we estimated the threshold salinity for dynamic stability, LN = 1, under average
conditions for the 2016-2020 period. Like other lakes in southern Ontario, LW experiences
peak stratification during summer, followed by turnover during fall (Boehrer & Schultze,
2008; Woolway & Merchant, 2018). Hence, we calculated the threshold salinity for fall
turnover using the average August-September temperature profile as representative of
late summer stratification and the average September-October wind velocity as
representative for fall turnover. The wind velocity data were measured 10 m above ground
surface at the Richmond Hill meteorological station of Environment and Climate Change
Canada. Because wind velocity is highly variable, we also calculated the threshold
salinities for the lower and upper boundaries of the range that contains 90% of wind
velocities measured during the 2016-2020 period for which extensive data is available.
Other data needed to calculate the various terms on the RHS of Eq. (4.1) is provided in
Reports 4, 5 and 6, and in Table Al. Detailed information about LN and the threshold

salinity can be found in the Supplementary Information, section C2.
4.3.2.3. Trend analysis

The Mann-Kendall (MK) trend analyses were performed using the XLSTAT software
(Addinsoft, version 2022). Positive values of the MK statistic indicate an increasing trend,
negative values suggest a decreasing trend, and a zero value signifies no change over
time. The magnitude of the MK statistic's deviation from zero serves as evidence for the
presence of a significant temporal trend in the data series (Hirsch et al., 1982). To
enhance comparability between data series with varying numbers of observations, we
present the Kendall's-T (tau) values alongside the MK statistic. These 1 values rescale the
MK results within the range of -1 to +1 (Helsel and Hirsch, 1992). More insights into the
MK test could be found in Hirsch et al. (1982) and Kendall (1975).
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4.3.3. Mass balance modeling

We developed simple lake mass balance models for Cl- and Na* to assess the impact of
watershed de-icing salt management scenarios on water column salinity and stability (i.e.,
stratification). The model, inspired by previous studies of Sutherland et al. (2018), Doerr
et al. (1994), and Sonzogni et al. (1983), predicts how the lake water column Cl- and Na*
concentrations change as a function of the external watershed Cl- and Na* loads.
Assumptions in the model include: (i) the lake is a perfectly mixed system, and (ii) Cl- and
Na* are conservative ions, that is, no reaction terms were considered that removed or
added CI- or Na* from or to the water column (Sonzogni et al., 1983; Sutherland et al.,

2018; Doerr et al., 1994). The model steps forward in time on a yearly time scale:

Ciy1 = (C; + ACi41) (4.2a)
ACiy1 = (Op41 My — v - ) - At (4.2b)

where C; is the average annual Cl- (or Na*) lake water concentration in the i-th year, AC;,
is the change in the lake’s mean annual CI- (or Na*) concentration from year i to year i+1,
o041 represents the contribution to AC;,; of the change in external loading from year i to
year i+1 [mg L y?], n; is the number of years [unitless] since 2000, which was the first
year for which a complete set of water column CI- (and Na*) data were available (n; = 1,
2,3...,fori=1,2,3..), yis the lake’s flushing rate constant that controls the removal

rate of CI- (or Na*) from the lake via the outlet [y!]; and At is the time step (here 1y).

Equations (2a) and (2b) were fitted to the observed Cl- and Na* concentration data for the
period 2001-2020, hence retrieving the yearly values of g;,,,. The Supplementary
Information, section C3 provides details of the fitting procedure. For any given year, the
external load of CI- (or Na*) normalized to the volume of the lake, L [mg L y], was then

given by:
Lg = 0j41 " Nj4q (4.3)

For 2016, 2017, 2018, and 2019, CRH reports annual CI- load estimates based on

measured discharge and chemistry data for the various inflows to LW. (Note: the available
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data were insufficient for the other years to calculate annual loads.) The CRH load
estimates agreed with the model-derived values obtained here.

The model was run for several future Cl- and Na* loading scenarios from 2020 till 2050.
In the business-as-usual scenario, the areal salt application rates in the watershed were
kept the same as in 2020, but the imperviousness continued to increase linearly to 80%
by 2050, which is a realistic endpoint under current regional urban development planning
(W. Withers, personal communication). In the two mitigation scenarios, the external load
changes rates (i.e., g;,,) dropped instantaneously from their 2020 values (o;,;= 5.3 and
2.8 mg L y! for CI and Na*, respectively) by 50% or 75% and then remained constant

at their new values from 2021 to 2050.
4.3.4. Watershed salt application and retention rates

The road salt, and therefore CI- and Na*, application rates to the watershed were derived
from CRH’s 2011 and 2016 Salt Management Plans plus Report 6 in Table Al, according
to which event-based salt type and application rates are adjusted to reflect projected air
temperature, snow depth, and ice conditions (see Table C2). As a result, areal application
rates during salting events may range from 40 to 110 g m-? depending on the weather
conditions (Report 6 in Table Al). However, because total annual road salt usage was
not available for each individual year during the period 2000-2020, we used the average
salt application rate of 52 g m? reported by CRH, a value close to the average value of
58.1 g m2 estimated previously for the same region (Lembcke et al., 2017; Fu et al.,
2013). The average application rate was then combined with the average number of
salting events per year to estimate the total amount of road salt applied annually. Based
on the Road Operations and Data Analysis (ROADA) GPS Truck data, the number of
weather events requiring road salt application during the period of observation (2001-

2020) ranged from 58 to 63 per year, with an average of 61.

For each year from 2001 to 2020, the annual salt loading to the watershed (L;,:4;) Was
calculated by multiplying the average salt application rate (52 g m2) with the average
yearly number of salting events (61), LW’s watershed surface area, and the fraction of
imperviousness where road salt is applied (sidewalks, roads, school property and parking

lots). Thus, the growing imperviousness was the only variable that changed from year to
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year (see Supplementary Information, section C3, for more details). Given that clear road
salt (NaCl), was the main deicing agent used in the watershed during the 2001 to 2021
period, the road salt application rates were converted to Na* and Cl- application rates

using the mass ratios of 0.6:1 and 0.4:1 of Cl- and Na* in NaCl.
The yearly amounts of CI- and Na* retained in the watershed (Lg) were calculated as:
LR = Ltotal - LE (4-4)

where the value of L; was obtained with Eq. (4.3). The retention efficiency (RE) of Cl- or

Na* in the watershed, expressed as a percentage, was then obtained as:

RE = R

o 100% (4.5)
Upper and lower bounds for the watershed loads and retention efficiencies of Cl- or Na*
were assigned using the highest and lowest reported application rates of road salt (i.e.,
110 and 40 g m™), as well as the highest and lowest reported number of yearly salting
events (63 and 58). Our approach may underestimate the total road salt application rates
in the watershed because it does not account for blasting (locally higher application rates
on curves or steep slopes) or multiple salt truck crossings at wide intersections after an
event. Underestimations of the watershed salt applications would translate into
underestimations of the retention efficiencies. However, the associated uncertainties are

likely well within the calculated upper and lower bounds.
4.4. Results
4.4.1. Water chemistry trends and geochemical water type

The Mann-Kendall (MK) analyses showed significant increasing trends in both epilimnion
and hypolimnion for the major dissolved ions, DIC, and alkalinity (Figure 4.1 and Table
4.1), except for K*. Some of the concentration time series are illustrated in Figures 2.
Minimum, maximum, and average values for the various water geochemical variables are

given in Table 4.1.

As seen also on the Piper diagram (Figure 4.3) the main cation in the epilimnion of LW

were Na* and K*, followed by Ca?* and Mg?* (bottom left triangle in Figure 4.3), while CI-
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was the main anion followed by SO4? and DIC (bottom right triangle in Figure 4.3). The
hypolimnion exhibited the same trends with the water geochemistry evolving from the
mixed Ca?*-Mg?*-Cl- -HCOs" type (zone 3 in Figure 4.3) to the Na*-Cl type (zone 2 in
Figure 4.3; note that Figure 4.3 only shows the results for the epilimnion, however, the
results are identical for the hypolimnion). Moreover, the epilimnion concentrations of Na*
and CI" (in molar units) exhibited a strong positive relationship with a slope of 0.902
(Figure C2).

4.4.2. Critical salinity threshold for fall meromixis

The average wind speed in September-October during the 2016-2020 period was 4.8 m
s, with 90% of the measurements comprised between 3.1 and 5.0 m s (Figure 4.4).
According to Eq. (4.1), the salinity threshold for the average wind velocity was 1.23 g kg-
1, which corresponds to a Cl- concentration of 385 mg L. The fall turnover would be
inhibited at higher salinities, hence turning LW from a dimictic to a monomictic lake. The
present salinity of 0.55 g kg is below the threshold value for the average wind velocity
(4.8 m st) and at the lower end of the 0.49 and 1.34 g kg™ salinity range for the 90% wind
velocity range (3.1-5.0 m s™). The rapidly rising salinization of LW therefore implies that

fall turnover may increasingly be bypassed in the years ahead (see section 3.3.2).
4.4.3. Mass balance modelling
4.4.3.1. External Cl-and Na* loads

The estimated yearly external loads of Cl-and Na* from 2001 to 2020 ranged from 44 to
229 t yr! and 26 to 146 t yr, respectively (Figure 4.5), with an average of 120 t yr? for
Cl- and 62 t yr? for Na*. The model-predicted external Cl-load averaged from 2016 to
2019 was 227 t yrt, which compared very well with the observed average load of 221 t
yr! derived from inflow concentration and discharge data measured at LW'’s inflow point

during the same 4 years.
4.4.3.2. Future road salt management scenarios

In the business-as-usual scenario, by 2050, lake CI- and Na* concentrations would reach
395 and 245 mg L™ values, respectively. Note that the 2050 CI- concentration (as well as

the salinity) would then exceed the threshold value of 385 mg L™ for fall turnover under
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the average wind velocity of 4.8 m s1. In the mitigation scenarios, the CI- concentrations
in the lake would decline to 45 mg L? (50% reduction of ag;,,) and 30 mg L (75%
reduction of g;,,) by mid-century (Figure 4.6). Moreover, the Cl- and Na* concentrations

would reach their new steady state values within about 10 years (i.e., around 2030).
4.4.4. ClI-and Na* watershed application and retention efficiencies

On average 758 t yr! (range: 545-1078 t yr1) of road salt was applied to LW’s watershed
during the 2001-2020 period (Figure 4.7). The corresponding average amounts of Cl-and
Na* were 454 t yr! (range: 327 to 628 t yr') and 302 t yr! (range: 218-418 t yr?)
respectively (Figure 4.8). The cumulative mass of Cl- applied as road salt in the watershed
for the period 2001 to 2020 was 9101 t and for Na* 6067 t (Figure 4.8). For comparison,
the cumulative masses of Cl- and Na* retained in the watershed between 2001 and 2020
were 6480 t and 4655 t, respectively (Figure 4.8).
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Table 4.1. Minimum, maximum and average values and Kendall-T values of major
cation and anion concentrations, alkalinity, electrical conductivity, and calcite saturation
index (SI) in the hypolimnion (Hypo.) and epilimnion (Epi.) of Lake Wilcox for the 2001-

2020 period.
Minimum Maximum Average Kendall-T n
value value value (p<0.001)
Alk. Epi (CaCO3 L) 56 223 107 0.235 176
Alk. Hypo. (CaCOs L™) 99 206 142 0.671 161
EC Epi. (uScm™) 213 963 551 0.925 324
EC Hypo. (uS cm™) 231 1506 561 0.941 324
Na* Epi. (mg L) 19 122 58 0.889 176
Na* Hypo. (mg L™ 6 210 61 0.792 214
Cl- Epi. (mg L) 50 198 109 0.938 320
Cl- Hypo. (mg LD 49 301 90 0.731 176
DIC Epi (mg L) 3.7 41 23 NS 251
DIC Hypo. (mg L) 31 55 38 0.660 103
S04% Epi. (mg L) 0.3 20 16 0.405 299
S04% Hypo. (mg L) 1 14 13 0.186 167
Ca?* Epi. (mg L) 21 74 41 0.393 218
Ca?" Hypo. (mg L) 32 77 52 0.541 214
Calcite SI Epi. -1.8 0.03 -0.33 0.092 165
Calcite Sl Hypo. -1.10 0.003 -0.59 0.095 165
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Figure 4.1. Kendall’s tau values for the Mann-Kendall trend analyses of water chemistry
variables that show a statistically significant (p < 0.01) trend in the hypolimnion (Hypo.)
and epilimnion (Epi.) of Lake Wilcox for the 2001-2020 period.
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Figure 4.2. Concentration time series of calcium (Ca?*), magnesium (Mg?*), sodium
(Na*), chloride (CI), dissolved inorganic carbon (DIC), and sulphate (SO4%) for both
epilimnion and hypolimnion over the period 2001 to 2020.
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Figure 4.3. Piper diagram for LW’s epilimnion major ion water chemistry, for the period
2001 to 2020.
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values calculated with Eq. (4.1) as a function of the wind velocity (red circles). The
mean wind velocity is 4.8 m s,
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Figure 4.5. Annual mass loadings of Na*and CI to LW during the period of observation
(2001-2020), where the error bars represent the standard deviation.
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45. Discussion
4.5.1. Salinization correlates with urbanization

Electrical conductivity and major ion concentrations have been on the rise in LW over the
past two decades (Figures 4.2, C3, C4). Similar temporal trends have been observed in
other cold and cold-temperate lakes (Dugan et al., 2017; Kaushal et al., 2013, 2017). In
LW, these trends correlate with the increase in imperviousness of the watershed that, in
turn, correlates with increasing amounts of road salt applied during the winter season
(Radosavljevic et al., 2022). The lake mass balance models for Cl- and Na* presented
here corroborate this finding. While LW road salt is the main driver of salinization, other
sources of excess ions may contribute to salinization in other lakes, including those not
experiencing cold winters. In urban and urbanizing watersheds, these additional sources
comprise fertilizer applications, detergent inputs, domestic sewage, industrial waste, and
runoff from construction sites (Lind et al., 2018; MacLeod et al., 2011; Haq et al., 2018).
Therefore, the effects of salinization associated with urbanization on water chemistry and

mixing dynamics seen in LW may be widespread around the globe.

The most significant increasing trends in ion concentrations are those observed for ClI-
and Na* (Kendall’s-t of 0.938 and 0.889, respectively, Figure 4.1). The correlation of
these trends with watershed imperviousness (p<0.001) is the result of the increased
runoff of stormwater to the lake plus the growing amounts of de-icing salts applied as the
fraction of urban area in the watershed expands (Scott et al., 2019). The simultaneous
increases in lake water Ca?* and Mg?* concentrations may in part reflect the presence of
these ions in the deicing salts used in LW’s watershed (Table C2). The main source of
Ca?* and Mg?*, however, is likely cation exchange with Na* as observed in previous
studies (Norrstrom and Bergstedt, 2001; Rhodes and Guswa, 2016; Rose, 2012; Rosfjord
et al., 2007; Sutherland et al., 2018).

4.5.2. Changing geochemical water type

As a result of the road salt applications, the water chemistry of LW is evolving from the
mixed Ca?*-Mg?*-Cl- -HCOz type to the Na*-Cl type (Figure 4.3). The excess Na* ions
delivered to the lake are reducing the relative contribution of base cations (Mg?* and Ca?*)
that would generally dominate under pristine conditions. The Piper plot also shows that
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strongly acidic anions (Cl- + SO4%) overtake amphoteric anions (i.e., DIC). Over time,
LW’s pH buffering capacity is therefore decreasing making it more sensitive to pH
perturbations due to, for example, increasing atmospheric CO2 concentrations, warmer
air temperatures, and shifts in algal growth (Hasler et al., 2018, Raven et al., 2020).
Therefore, the concern is that lowering pH buffering capacity due to salinization may
reduce the resiliency of the lake ecosystem toward climate change. Changes in water
geochemistry like those reported here are expected to occur in other urban lakes where

salinization is disproportionally increasing the Na* and CI- ion concentrations.
4.5.3. Watershed salt ion retention

The retention efficiencies of Cl- and Na* decrease with the increasing imperviousness of
the watershed (Figure 4.9). This trend in salt ion retention has also been observed in
other watersheds (Oswald et al., 2019; Perera et al., 2013). It reflects the decline in transit
time of stormwater with increasing expansion of the urban land cover and, hence, leaving
less time for solutes to infiltrate into the subsurface (McGrane et al., 2016; Morales and
Oswald, 2020). The annual watershed CI- retention efficiencies for LW during the 2001-
2020 period fall within the previously reported range of 30 to 90% (Novotny, 2009; Oswald
et al., 2019).

The relationship between the CI- (and Na*) retention efficiency and the fraction of total
impervious land cover shows an inflection around 2011 (Figure 4.9). One possible reason
is that, prior to 2011, road salt management changed from applying a salt-sand mixture
while only salt has been applied since 2011. Another, likely more important, reason is the
increase in the connected impervious cover near the lake that occurred around 2011.
Connected impervious cover decreases the overall water travel time. In addition,
impervious areas close to, and directly discharging into, a receiving water body more
strongly impacts water quality than more upland impervious area not connected directly
with the receiving water body (Brabec et al., 2002). Oswald et al. (2019) similarly showed
that, in addition to the total impervious land cover, the spatial distribution of
imperviousness, especially the proximity of the impervious areas to the watershed outlets

to the lake, is an important control on the salt ion retention efficiency.
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Figure 4.6. Results of mass balance modeling of in-lake Na* and CI- concentrations

under different future salt loadings scenarios (see section 4.3.3 for details). For each

scenario, results for only one of the ions, Na* or CI, are shown. See text for detailed
descriptions of the scenarios.
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Our mass balance calculations do not include CI- and Na* ions other than those added
with winter road salt applications. Additional sources of ClI,, Na*, and other major ions
include water softeners (Kaushal et al., 2016) and runoff from construction sites (Neave
& Rayburg, 2006). Thus, the CI- and Na* loads to LW’s watershed and, hence, their
retention efficiencies may be somewhat higher than estimated here.

4.5.4. Watershed salt legacies

The estimated Na* and CI retention efficiencies imply that significant amounts of salt ions
are accumulating in the watershed. The fate of these ion legacies should receive further
attention. Given its high mobility, CI- will likely reach the groundwater and be transported
away from the surface source areas (Mackie et al., 2022). By contrast, more Na* is
expected to accumulate in the soil compartment, where it can occupy cation exchange
sites (Rhodes et al., 2017; Sun et al., 2012;). Note that the less than 1:1 molar Na*:CI
ratio in the lake water (Figure C2) is consistent with the lower mobility of Na* in the
watershed compared to Cl. Future research on the spatial and temporal subsurface
distributions of Na* and CI- in urbanizing watersheds may help delineate possible long-
term risks to water resources and aquatic ecosystems associated with salt legacies. For
example, significant unknowns remain about how the transport pathways and timing of
ClI- may be affected by reactive processes (Asplund and Grimvall, 1991; McCarter et al.,
2019; Oberg, 2002; Snodgrass et al., 2008, 2017).

4.5.,5. Salinization and lake mixing

The 2020 salinity of 0.55 g kg in LW indicates the lake may still be relatively far from the
salinity threshold of 1.23 g kg™ where, in principle, salinization may prevent fall turnover
(Bubeck & Burton, 1989; Ladwig et al., 2021; Sibert et al., 2015). The business-as-usual
scenario suggests that LW could reach the salinity threshold by mid-century (Figure 4.9).
Nonetheless, even at the current level of salinization, the vertical mixing regime of LW
has already been significantly affected (Radosavljevic et al., 2022). The last two decades
have seen a strengthening and lengthening of the summer stratification of the water
column, together with a deepening of the thermocline and the expansion of hypoxia of the
hypolimnion. As shown in our previous work, these changes are driven by increasing

salinity, rather than nutrient enrichment or climate warming (Radosavljevic et al., 2022).
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The salinity threshold of 1.23 g kg is calculated for the average fall wind velocity for the
2016-2020 period. Wind velocity patterns, however, are inherently variable and
unpredictable. Figure 4.4 shows that even wind velocities slightly lower than the average
of 4.8 m s can significantly decrease the salinity threshold for whole-lake mixing. Given
the current upward salinization trajectory (Figure 4.6), LW is increasingly at risk of
experiencing severe curtailment of seasonal mixing events. The resulting decrease in
ventilation of the deeper waters could further deteriorate the water quality and ecological

functions of the lake (Cunillera-Montcusi et al., 2022).

In the 50% and 75% salt load reduction scenarios, lake CI- concentrations by 2050 would
be 75 and 32 mg L%, that is, concentrations well below the 120 mg L Canadian guideline
for sustainable freshwater ecosystem health (Wallace et al., 2016). The mitigation
scenarios also show a rapid stabilization of the CI- concentrations following an
instantaneous external load reduction to the lake. This is expected given the relatively
short water residence time (and therefore fast flushing rate) of LW of ~2 years. Achieving
a given target external salt load reduction to the lake will require adaptive management
strategies that adjust road salt applications in the watershed as urban land cover,
stormwater management, and hydrological connectivity of impervious areas continue to
evolve. In addition, climate change and the fate and pathways of legacy salt ions remain
largely unknown factors that will likely modulate future salinization and water column

stratification trends of the lake.
4.5.6. Environmental implications

Our results consistently point to salinization of LW as being the result of increasing road
salt applications to impervious areas in its urbanizing watershed, consistent with findings
for other cold climate lakes (Dugan et al., 2017). Salinization reduces the vertical mixing
of the water column and therefore causes longer periods of deoxygenation of the deeper
waters. This can lead to further deterioration of water quality, for instance, by releasing
toxic solutes from sediments under oxygen-depleted bottom waters. In addition to solutes
such as ammonium, hydrogen sulfide and trace metals (Torres et al., 2015), hypoxic and
anoxic conditions also promote the benthic release of dissolved phosphate (O’Connell et

al., 2020). The latter process, known as internal phosphorus loading, can fuel excess
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algal growth and thus contribute to worsening lake eutrophication (Hintz et al., 2017;
Jenny et al., 2016; Radosavljevic et al., 2022).

Mitigating lake salinization in urban watersheds requires integrated and adaptive
management strategies. Salt emissions, including road salt applications and other
anthropogenic sources, should be reduced. In regions with cold winters, areal salt
application rates can be optimized by better aligning salt application rates with event-
specific temperature and icing intensity conditions (Kaushal et al, 2016; Snodgrass et al.,
2017), for example, by investing in intelligent salt trucks equipped with mobile weather
stations that map a city’s microclimate and continually update winter storm and road

pavement temperature forecasts (Tabirizi et al., 2021).

The implementation of infiltration-based low-impact development options (LIDs), such as
bioretention cells, permeable pavement, and green roofs, can further help reduce the
direct surface salt runoff from urban areas. However, these LIDs may facilitate salt
intrusion into underlying aquifers and, hence, threaten drinking water source areas
(Granato et al., 1995; Snodgrass et al., 2017). Other approaches include the
implementation of traffic-calming measures that help reduce salt application rates without
jeopardizing road traffic safety (Trenouth et al., 2015), and the installation of enhanced
roadside drainage systems to protect salt-sensitive areas (Tabrizi et al., 2021). Given the
complex nature of the freshwater salinization problem, solutions developed through
collaboration of researchers, watershed managers, and the public hold the greatest

promise.

Our mass balance calculations imply that the majority of Na* and CI applied to LW’s
watershed accumulates in the watershed, likely in soil and groundwater compartments.
The salt legacies could thus act as long-term sources of Cl-and Na* to LW even after salt
application rates are greatly decreased (Mackie et al., 2022; Oswald et al., 2019). The
build-up of soil and groundwater salt legacies also affects soil fertility and drinking water
supply. Thus, overall, the findings in our study call for consistent water quality monitoring
programs that enable the simultaneous determination of salinization trajectories along the

whole watershed-lake-groundwater continuum. For instance, the trajectories of salt ion
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concentration measured in stream baseflow during summer may help characterize salt

ion legacies in shallow groundwater (Mazumder et al., 2019; Perera et al., 2013).
4.6. Conclusions

Two decades of water chemistry time series data for Lake Wilcox (LW) illustrate the
impacts of urbanization-driven salinization on the water geochemistry of the lake. A
simple mass balance modeling is used to reconstruct the historical salt loadings to LW,
and to forecast the future trajectories of lake water column CI- and Na* concentrations
under different watershed salt application scenarios. The mass balance calculations imply
that most of the Na* and CI ions applied as road salt are being retained in the watershed,
likely accumulating in, and thus contaminating, soil and groundwater compartments. The
accumulation of Na* and CI- legacies in the watershed could act as a source of these ions
to the lake in the future. The calculations further show that the watershed retention
efficiencies of Cl- and Na* have been decreasing with expanding impervious land cover,
thus increasing the risk of accelerating lake salinization in the future. Under the current
salinization trajectory, vertical mixing of LW would be impaired by mid-century, hence,
fundamentally altering the physical, biogeochemical and ecological functioning of the

lake.
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Chapter 5
Increase in salinity amplifies eutrophication symptoms in freshwater lakes of

North America

Modified from:

Radosavljevic J., Shahvaran A.R., Slowinski S., Alcott L., Nandita B. Basu, Parsons C.T.,
Rezanezhad F. & Van Cappellen P. (2023). Increase in salinity amplifies eutrophication

symptoms in freshwater lakes of North America. In prep.
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5.1. Summary

The acceleration of global urbanization continues to fuel concerns surrounding water
qguality impairments in urban lakes, particularly their eutrophication. Cultural
eutrophication of freshwater environments is generally assumed to be driven by the
anthropogenic augmentation of phosphorus (P) inputs which can alleviate limitations on
primary production. Salinization is also recognized as a stressor on urban freshwater
guality, particularly in cold climate regions in which salts are applied to road surfaces as
de-icing agents. While the ecological damages caused by P enrichment and salinization
to freshwaters are both well established, thus far, their impacts on water quality have only
been considered independently. Although improvements to the management of urban
stormwater and wastewater have decreased P inputs to freshwater systems in recent
decades, many lakes worldwide remain eutrophic, as indicated by declining dissolved
oxygen (DO) concentrations and rising dissolved inorganic P (DIP) concentrations in their
hypolimnions. Our previous study of an urban freshwater lake in Ontario, Canada,
showed that persistent eutrophication symptoms can be linked to salinization associated
with impervious land cover expansion, rather than high external P loading. In this
research, we present multiple decades of water chemistry data analyses for several North
American urban lakes to study how increased lake salinization rates intersect with water
temperature and lake morphometry to promote stratification, thus, increasing
eutrophication symptoms. Our trend analysis shows progressive salinization (observed
through significant increases in chloride or electrical conductivity) of all the lakes
investigated. Calculation of Brunt Vaisala frequency, as an index of stratification over time
showed that, on average, lake stratification is becoming more stable, and increased
salinity plays a greater role in enhancing lake stratification, than temperature. The
increasing salinity trends are accompanied by increasing hypolimnion hypoxia and
increasing DIP:TP in all lakes, thereby demonstrating the mechanistic link between
salinization and eutrophication. Rising salinity intensifies water column stratification, in
turn, reducing the oxygenation of the hypolimnion and enhancing internal P loading from
the sediments. These results highlight that stricter management of de-icing salt
application rates should be considered to control lake eutrophication symptoms in cold

climate regions.
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5.2. Introduction

Human impacts on freshwater quality have been recognized for decades (e.g., Dodds et
al., 2013). Cultural eutrophication has led to the increased incidence of harmful algal
blooms, declines in bottom water oxygen concentrations, and numerous other detrimental
impacts (e.g., Paerl, 1999). Lake eutrophication is primarily driven by the excess supply
of phosphorus (P), the limiting nutrient for primary production in most freshwater lakes
(Worsfold et al., 2016). The source of this excess P can be both external watershed
loading as well as the diffusion of P from lake bottom sediments (i.e., internal loading).
The accumulation of legacy P in bottom sediments in many eutrophic lakes results in
significant internal P loading even after external P loads are reduced, impeding recovery
of lakes (Orihel et al., 2017; O’Connell et al., 2020). This phenomenon has recently
received increased attention in temperate and cold regions (Cyr et al., 2009; Nirnberg et
al., 2018) where seasonal thermal stratification leads to efficient sediment P recycling
(Lepori and Roberts, 2017; Tu et al., 2019).

Whilst every effort has been made to reduce external lake P inputs via the implementation
of best management practices (BMPs), laws, and regulations, many lakes continue to
suffer from persistent hypoxia (oxygen depletion) and anoxia (absence of oxygen) (Jane
et al., 2023; Carey et al., 2022), as well as elevated and increasing internal P loading
fluxes (NUrnberg et al., 2018; Carey et al., 2022). This has led to an increasing interest in
understanding the underlying causes of lake bottom-water oxygen depletion and internal
P loading, in order to better develop effective management strategies (Markelov et al.,
2019; Parsons et al., 2017).

Indirect drivers related to land use and land use change can also play a significant role in
causing eutrophication-like symptoms (e.qg., lake hypoxia or anoxia) (Jenny et al., 2016).
A seasonal example is the adverse impacts of the excessive use of road salt deicers,
which elevate water density via increasing the water column salinity, strengthening lake
stratification (Ladwig et al., 2021; Radosavljevic et al., 2022), resulting in longer hypoxia
and anoxia in deep lakes (Jenny et al., 2016), and in turn, increasing internal P loading

(Nurnberg et al., 2023). Temperate urban lakes are more susceptible to road salt-driven
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salinization and the associated intensification of these eutrophication symptoms
(Kortesky et al., 2012; Radosavljevic et al., 2022).

While the impact of temperature on lake stratification and mixing is relatively well studied,
the potential for water column salinity to affect lake stratification has received less
attention. The density profile of a lake water column is the determinant of mixing dynamics
(Boehrer and Schultze, 2008). In freshwater lakes, temperature effects on water density
are typically the dominant control on lake stratification, and the adverse effects of
increasing air and water temperatures on on lake stratification have been recognized
(Coats et al., 2006; Saulnier-Talbot et al., 2014). However, the addition of salt ions to
freshwater increases water density, and salinity can in some cases become a stronger
regulator of water density than temperature (Millero and Poisson, 1981; Ladwig et al.,
2021).

Given the global ongoing challenge of water quality deterioration despite the regulatory
efforts, it is crucial to understand the drivers to be able to identify potential solutions. Here,
we investigate the temporal trends in bottom water dissolved oxygen and P remobilization
from sediments (i.e., internal P loading) along with changes in water column salinity in
multiple freshwater urban lakes in North America using a multi-variate dataset spanning
over two decades. We assessed the change in water column stability using the Brunt—
Vaisala frequency (BVF) which is a common approach to quantify the strength of thermal
stratification in lakes. Using these comprehensive data and statistical trend-analysis
approaches, we identified drivers of change in water chemistry and water column stability
trends. All lakes experienced a decrease in P external loadings, and all researched lakes
are affected by road salt due to the presence of typical winter conditions. The established
link between salinization and eutrophication symptoms (i.e., DO depletion and P
remobilization) is clearly seen on this continental scale. This research has the potential
to inform the development of effective strategies for water quality management in the face
of global land use and climate change. However, addressing this complex issue will
require a shift away from a dichotomous view of the environment versus human safety in
temperate regions. Such an approach can help to create a more sustainable and resilient
future for both people and the planet.
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5.3. Methods
5.3.1. Research sites and data availability

We synthesized available data from 9 lakes (in the U.S.A, and in Canada) located in
urban, cold temperate regions (Figure 5.1, Table 5.1) spanning the last two to four
decades (see table 5.1 for the time span when data were available for each lake). The
lakes we examined had varying characteristics, including surface area ranging from 0.05
to 744 km?, maximum depth of 4.3 to 41 m, and mean depth of 2.7 to 15 m (Table 5.1).

A variety of datasets were collected from different sources, including water quality
monitoring data downloaded from the North Temperate Lakes US Long-Term Ecological
Research Network (NTL LTER); Freshwater Society; Minnesota Pollution Control
Agency; Lake Simcoe Region Conservation Authority and data provided by the City of
Richmond Hill (CRH) (Table D1), as well as satellite images obtained from Esri's Wayback
Living Atlas, Google Earth Pro and USGS Land Look.

There were a limited number of urban lakes that had the necessary data for the analyses
required in this study. The water chemistry of the epilimnion of lakes, including urban
lakes, is often monitored whereas the hypolimnion water chemistry is not often available,

which excludes those lakes with only epilimnion data from this analysis.

Thus, the lakes were selected because of the availability of the long-term data on needed
water chemistry that overlap with the period during which the watershed experienced
urban development and excessive road salt application. Those lakes provide a unigue
setting to relate the temporal changes in eutrophication symptoms to the salinization-
caused disturbance of water column stratification, as hypothesized.

The water quality dataset was in the most cases comprised of bi-weekly or monthly
sampling from March to October during the period of observation for each lake (exception
is L8, which has yearly data from 2012-2017 yearly data, but before that monthly data
were available). All lakes are freshwater lakes that underwent change in land cover
towards more urbanized, located in North America, and had already reported increased
salinity gradients, observed through increase in Cl-, due to the excessive use of road salt

(data sources: Table D1).
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Data included in each lake’s dataset were dissolved oxygen (DO) concentration depth
profiles, concentrations of total P (TP) and dissolved inorganic P (DIP) of hypolimnion,

and chloride (CI") or electrical conductivity (EC).

Furthermore, according to the reports of Clean Water Alliance from 2021, lakes in
Wisconsin experienced decreasing trends in TP (L1-L4, L7) due to erosion controls
implementations. According to Environmental Indicators Initiative, the lakes in Minnesota
(L8, L9) experienced decreasing TP inputs due to improving wastewater treatment
facilities. The same case is for Lake Simcoe and Lake Wilcox, where retention ponds
were implemented (Radosavljevic et al., 2022). Those lakes provide a unique setting to
relate the temporal changes in eutrophication symptoms to the salinization-caused

disturbance of water column stratification, as hypothesized.
5.3.2. Water density and stratification analysis

For each lake, we determined the average whole-lake temperature and bottom water
temperature from temperature profiles or data collected at 1 m above the lake bottom.
Further, we calculated water density for each lake using widely accepted methods (1)
using given temperature (in °C), assuming negligible effects of any solutes on density, as
detailed described in Martin and McCutcheon (1999) and (Il) according to the combined
effects of salinity and water temperature based on the methods of Millero and Poisson
(1981). Water density values are needed to quantify the strength of thermal stratification
using the Brunt-Vaisala frequency (BVF). The densities calculated using both
temperature and salinity are more realistic, especially for those lakes with significant
salinity (Ladwig et al., 2021).

The BVF is the angular frequency of oscillation of a water parcel if displaced from its
original position in the water column. Further, it represents the amount of work required
against gravity to break down thermal stratification in the water column (Mortimer, 1974).
High BVF values indicate a stronger resistance to vertical mixing at the thermocline. In
order to assess interannual variability in the intensity of stratification, we compared BVF
depth profiles calculated for the month of August for each year. In North American lakes,
July—August exhibit the highest monthly air temperatures and water column stratification
is most pronounced. In addition, by August, the lake's temperature distribution retains
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negligible memory from the preceding spring mixing event. The BVF values were
calculated for every 2 m depth, forming unique BVF profiles for each lake. Details on
calculation could be found in Radosavljevic et al., 2022, as well as in methods section of

chapter 3 of this thesis.

Using rLakeAnalyzer (Read et al., 2011; Ladwig et al., 2021), we were able to compute
multiple values of the BVF. rLakeAnalyzer employs widely accepted methods for
calculating lake stratification indices from in situ temperature profiles, salinity, and

hypsographic data (Ladwig et al., 2021).
5.3.3. Trend analysis and correlation test

Mann-Kendall (MK) trend tests were carried out to determine the temporal trends for each
lake for all the variables of interest using the XLSTAT software (Addinsoft, Version 2022).
The MK tests were done separately for each lake: for DO concentrations and DIP:DP
ratios of hypolimnion; for Cl- concentrations or EC values for the water column, as well as
for the temperature; and for BVF maximum values with density derived with and without

imposed salinity (as described above).

Relationships among the considered variables (DO and DIP:TP data of hypolimnion, CI-
and BVF values; and two morphometric predictors (see in next section)) were tested using
Pearson's correlation with statistical significance at p<0.01.
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Figure 5.1. Location of research sites.
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Table 5.1. Summary of the lakes’ characteristics.

Lake symbol Name of the Surface area Mean depth Maximum Country Perioq of_c_iata

lake (km?) (m) depth (m) availability
L1 Mendota 39.4 12.8 25.3 Wisconsin, US 1990-2018
L2 Monona 13.0 8.2 23.0 Wisconsin, US 1990-2018
L3 Waubesa 8.1 4.8 12.0 Wisconsin, US 1992-2019
L4 Kegonsa 12.9 5.2 9.1 Wisconsin, US 1992-2019
L5 Simcoe 744 15.0 41.0 Ontario, CA 1980-2018
L6 Wilcox 0.55 5.6 17.4 Ontario, CA 1996-2020
L7 Wingra 1.3 2.7 4.3 Wisconsin, US 1990-2018
L8 Brownie 0.05 5.9 14.0 Minnesota, US 2005-2017
L9 Johanna 0.8 5.2 13.1 Minnesota, US 1998-2018
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5.3.4. Predictors of stratification trends

To analyze the relative contribution of different predictor variables to the trends in the BVF
values in the lakes, we used a multiple linear regression model (MLR). First, we calculated
BVF values for each lake, and in the MLR analyses, the BVF values were treated as the
dependent variables in order to identify the (independent) explanatory variables that most
contribute to the strength in stratification. To compare the regression coefficients from the
MLR analyses, we first normalized the values of each explanatory variable by that
variable's mean value to make them unitless. The MLR analysis was performed with the
JMP statistical software (SAS Institute Inc.) based on the formulation described in Brix et
al., 2017; Liu et al., 2015; Radosavljevic et al., 2022, as well as in Chapter 3 of this thesis.
Further, we calculated absolute values of normalized coefficients, to be able to show the
relative importance of each predictor as a percentage. The predictors included in the MLR
analyses were grouped into two categories: lake morphometric predictors and density
predictors. The lake morphometric predictors were: (i) the depth ratio, the ratio between

mean (Z,eqn) and maximum depth (z,,4) (s = %); and (ii) the morphometric ratio, the
ratio between the mean depth and the surface area (4,) (n, =Z’;%). The density
predictors were the (iii) average temperature and the (iv) average salinity.

5.4. Results

5.4.1. Stratification and water chemistry trends

Dissolved oxygen in hypolimnion ranges from 0 to 4.1 mg L™, and in general, the lakes’
bottom waters became more DO depleted through time. In all but one of the lakes (L5),
this decreasing DO trend was significant (p<0.05). (Figure 5.2). DIP in hypoliimnion in all
lakes increased (p<0.05). DIP to TP ratios vary from 0.4-0.9, and in all lakes, it has a
significant increasing trend (Figure 5.2, Table D2). Salinity (observed through
concentrations of CI) in all lakes underwent significant increasing trends during the period

of observation (Figure 5.3).

The surface water temperature in all lakes varies between 6.7 and 24°C, while bottom
temperature ranges from 1.5 to 6°C. On average, lake surface temperatures warmed by
0.54°C during 15 to 30 years, however, the bottom temperatures experienced no
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statistically significant trend (p=0.478) with increases less than 0.05°C in most of the
lakes. Slight bottom water temperature decreases were observed in two lakes (L3 and
L6, p<0.05), and one experienced a slight increase (L4). The average density of the water
column in all lakes was between 996.8 and 1001.51 kg m, with an average increasing
rate of 0.15-0.23 per year. Subsequentially, lake stratification is becoming more stable,
with deeper and steeper thermoclines (Figure 5.4). The maximum values of the BVF
varies from 0.0012 to 0.0058 sec?, with almost all of the investigated lakes experiencing
significant increases in BVF (p<0.05). Only one lake (L5) had no significant trend in BVF
(p>0.1). Trend test for the BVF, when density of the water column is obtained just from
the temperature data, showed no statistically significant trend (Table D3).

Pearson correlation indicated a high positive correlation between DIP:TP ratios with both
concentrations of Cl- and BVF (+0.71 and +0.84, respectively), while DO was negatively
correlated with them (with -0.51 for CI- and -0.81 for BVF). Depth ratios (r;) were also
positively correlated with BVF (+0.65).

5.4.2. Predictors of stratification trends

Whole-lake salinity, together with depths ratios (r;) explained a high percentage of the
variance in stratification trends, followed by average lake temperature, whilst
morphometric ratios comparatively were unimportant. In sum, whole-lake salinity, depths
ratios and water temperature account for 82% of the explained variation in the BVF trend
(Figure 5.5). On average, water salinity, depth ratios and temperature explain 31, 27 and
24% of changes, respectively.

From the beginning to the end of the period of observation, the importance of the
explanatory variables changed. On average, the importance of salinity in the first 10 years
of available data for almost all lakes (except L8), when increase in Cl- was not extremely
rapid, importance of salinity was around 26%, while temperature had around 29%
importance (Figure D1). Furthermore, according to the BVF profiles, the thermocline
deepened in almost all the lakes (Figure 5.4). Here, we defined thermocline depth as the
depth at which the water column has the highest density gradient (Cantin et al., 2011,
Ladwig et al., 2021).
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5.5. Discussion

Our analysis of the change in North American lakes provides evidence that pollution from
road salts can have a significant impact on the mixing dynamics of freshwater lakes in
temperate regions where TP best management practices are implemented to reduce TP
loads to the lakes. We conducted separate calculations to evaluate the contribution of
temperature-induced density gradients and salinity-induced density gradients to lake
stratification. When considering density values without taking salinity into account,
changes in buoyancy frequency (BVF) were not statistically significant (p>0.1) in most
lakes. However, when salinity was included in the calculations, significant increases in
BVF (p<0.05) were observed, indicating that salinity plays a crucial role in enhancing

density, thus, stratification in urban temperate lakes in North America.

While BVF is sensitive to temperature changes, and according to literature, tropical
regions are more responsive to temperature changes compared to temperate and arctic
regions (Kraemer et al., 2015; Lewis, 1996), particularly due to climate change, in this
research we showed that changes in the stratification patters in lakes impacted by
increased salinity, BVF is more likely to be responsive to changes in salinity (compare
figures 5.5 and D1).

Furthermore, our multiple linear regression (MLR) model indicates that increasing salinity
is the primary driver of changes in stratification indices (also observed in Ladwig et al.,
2021) once lakes reach chloride concentrations above 60 mg L. Many lakes in North
America are exhibiting increasing trends in chloride concentrations due to the excessive
use of road salt (Dugan et al., 2017), with further projected increases in the future
(Kaushal et al., 2021).

In the context of the lakes observed in this study, some of the findings (Koretsky et al.
2012; Sibert et al. 2015) suggest that the runoff of salt during winter months may already
be causing a delay in the mixing process. However, further research is required to
establish a conclusive link between winter salt runoff and the observed delay in mixing.
Although it is not anticipated that these lakes will reach a salinity threshold that would

impede lake fall turnover within the next decade (Ladwig et al., 2021), thereby hindering
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the mixing process, the long-term trend of increasing salinization and strengthening of

thermal stratification is a cause for concern.

In the case of the lakes studied here, as well as potentially many other temperate North
American lakes, the use of road salts should be reduced to prevent unwanted changes in

the mixing regimes of urban lakes.

In addition to salinization, the depth ratios are positively correlated with the BVF values,
as has also been shown at the regional scale (Butcher et al., 2015). This finding suggests
that the extension of the stratified season in lakes that fully mix or the reduction in the
spatial extent of mixing in lakes that partially mix will be most common in relatively deep
lakes (Gorham and Boyce, 1989). Thus, global patterns in the responses of lake stability

to salinization (or climate change) will, in part, depend on global patterns of lake depth.

Biogeochemical processes, primarily driven by microbial activity, play a crucial role in the
uptake of dissolved oxygen (DO) at the interface between lake sediments and the water
column. This uptake removes DO from the water, and typically, diffusive transport from
the water above replenishes the DO levels (Novotny et al., 2012). However, when the
supply of DO from convective or wind mixing from the water above becomes insufficient,
the bottom waters of lakes and the underlying sediments become depleted of oxygen,
leading to anaerobic conditions (Ladwig et al., 2021). This situation is exacerbated by

increased water density resulting from thermal stratification (Verburg et al., 2003).

Over the past two to three decades, there has been a significant and abrupt increase in
water density in the North American lakes studied here, primarily due to the rising salinity
levels caused by the excessive use of road salt (Dugan et al., 2017; Kaushal et al, 2021).
This rise in density has been accompanied by notable changes in the mixing patterns of
the lakes (Ladwig et al., 2021), impairing the replenishment of DO to the hypolimnion,
consequently leading to an increase in the extent and duration of seasonal hypoxia
(Jenny et al., 2016).
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Figure 5.2. Trend test results for the chloride concentrations, strength of stratification
(BVF) and eutrophication symptoms parameters (dissolved oxygen (DO)) and dissolved
inorganic phosphorus to total phosphorus ratios (DIP:TP)).
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Figure 5.3. Chloride concentration trends in selected lakes.
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Furthermore, the period of consistent seasonal hypoxia coincided with an increase in
deep-water ratios of DP:TP. This increase is primarily attributed to increased internal P
loading within the lakes, despite a reduction of TP inputs due to the implementation of
various best management practices (BMPs) aimed at reducing P loading to the lakes
(Yang & Lusk, 2018).

The findings of our study highlight that salinization is the primary driver behind increasing
thermal stratification, which ultimately leads to oxygen depletion in the hypolimnion of
temperate lakes in North America. Oxygen depletion (i.e., hypoxic and anoxic conditions)
further leads to disturbed P cycling in lakes of North America. Although in our study the
temperature is not the main driver of changes in water stability, this deleterious effect on
lake oxygen levels can also be observed, albeit to a lesser degree, as a result of climate
warming, as indicated in some previous studies (e.g., Sahoo et al., 2015; Schwefel et al.,
2016; Ficker et al., 2017, 2019).

The prolonged occurrence of hypoxia or anoxia in urban lakes worldwide is a pervasive
phenomenon which has been reported in numerous studies (e.g., Jenny et al., 2016).
Furthermore, emerging research has shown that anoxia persists even in cases where
external inputs of total P (TP) to lakes have decreased (Tong et al., 2020). Interestingly,
many of these lakes have experienced a simultaneous increase in both eutrophication
symptoms, namely oxygen depletion and internal P loading fluxes, alongside a rise in
water column salinization. However, it is important to note that the reasons for increased
salinization may not be uniform across all cases, unlike the excessive use of road salt
observed in North American lakes. Consequently, there is a pressing need to expand this
line of inquiry from a continental to a global scale and delve deeper into the underlying

mechanisms driving these changes.
5.6. Conclusions

Here, the long-term water chemistry and temperature data from lakes in North America
are used to study the impact of salinization on increasing eutrophication symptoms of
lakes. Further, it is determined how increased lake salinization rates intersect with lake
temperature and morphometry to alter its stratification. Calculations of lakes mixing

indices over time showed that, on average, a lakes’ stratification becomes more stable
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with deeper thermoclines. Increasing salinity plays a crucial role in enhancing lake
stratification, becoming a stronger regulator of water density than temperature in the
temperate urban freshwater lakes studied here. The addition of salt ions increasing water
density, modifying the mixing dynamics and stability of lake water columns. This, in turn,
leads to the promotion of eutrophication symptoms i.e., decrease availability of oxygen
exacerbating internal P loading, thus, further impairing water quality.

It is essential to consider the implications of salinization for in-lake P cycling dynamics
when developing management strategies for urban lake ecosystems. Proactive measures
aimed at mitigating the impact of salinization and controlling P inputs are crucial for the

preservation and restoration of freshwater quality in these environments.

Whilst the link between salinization and eutrophication symptoms (i.e., oxygen depletion
and internal P loading), is evident in North American lakes, this study highlights the need
for a global perspective on understanding the underlying mechanisms, regardless of the

driver of the salinization.
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Chapter 6
Conclusions and Perspectives
6.1. Summary of major findings

This thesis presents a comprehensive analysis of water quality data, sediment core data,
and modelling work that examines the impact of land use/land cover changes and
salinization on urban lake systems and the cycling of P within them. Specifically, using a
dated sediment core (Chapter 2), | demonstrate that the shift from agricultural to urban
land use resulted in reduced sediment and TP loading to the lake, which can be attributed
to the implementation of best management practices (BMPs). Furthermore, this shift in
land use also influenced productivity and P cycling within the lake. Notably, despite the
observed reduction in TP loadings, my results reveal a surprising increase (of around

15%) in P recycling on the sediment-water interface (i.e., internal loading) within the lake.

This thesis employs a case study approach, focusing on Lake Wilcox (Chapters 2, 3, and
4) and several cold-climate lakes in North America (Chapter 5), to illustrate how the
urbanization and the accompanying salinization of downstream lakes can impact the
lakes’ mixing regimes, resulting in oxygen depletion in the hypolimnion and increased
cycling of P within the lake (i.e., promotion of internal P loading). Specifically, Chapter 3
provides clear evidence that salinization, that correlates with urbanization, strengthens
thermal stratification, which contributes to the ongoing symptoms of apparent

eutrophication in the lake, even when TP inputs to the lake have decreased.

In addition, Chapter 4 highlights the potential negative impacts of salinization resulting
from the use of deicers, which can extend beyond thermal stratification and hypolimnetic
anoxia. Specifically, my findings suggest that a dimictic lake can become monomictic if
the water column salinity continues to increase. The salinization of the lake is also
characterized by a shift in the geochemical composition of the water from mixed hydro
carbonate-sulphate to sodium-chloride. Furthermore, a mass balance model was
developed in Chapter 4 to assess various road-salt management scenarios and predict
changes in Cl- and Na* concentrations in the lake. This model can be a valuable tool for
management practices for other lakes and provide initial estimations of water salinization

levels to practitioners under different winter management practices. Additionally, the
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model allows for estimations of the Na* and CI" loading to the lake from the watershed
and the retention of Na* and CI" in the watershed. | found that urbanization reduces salt
retention in the watershed, resulting in more salt runoff being flushed to the lake.
Specifically, my results indicate that a 30% increase in impervious cover from 2001 to

2020 resulted in a decrease in salt ion retention in soil and groundwater from 86% to 65%.

In Chapter 5 of the thesis, | investigated the impact of excessive use of deicers, primarily
road salt, on urban lakes situated in cold climatic regions of North America. My results
revealed that urban lakes in such areas experience the promotion of eutrophication
symptoms, including increased levels of DIP (from internal loading) and bottom water
anoxia, due to the increase in salinization and affected lakes' mixing regimes. This
research represents a significant advancement in my understanding of the complex
interactions between salinization and eutrophication in lakes. Through the use of multiple
case studies and comprehensive data analyses, this study has successfully
demonstrated the interconnectedness of these two previously considered separate
issues. This novel scientific insight highlights the need for a more integrated approach to
lake management, as the effects of one problem on the lake ecosystem cannot be fully

understood without considering the influence of other related factors.
6.2. Future work

Overall, the research presented in this thesis provides new insight into the
interrelationship between salinization and eutrophication symptoms in lakes and into the
influence of land use changes on P loading to and cycling within lakes. Further, it
highlights the importance of reducing road salt application in urban areas to mitigate the
impacts on lake stratification and ecosystem health. Further investigation is needed to
develop and evaluate effective management strategies for mitigating the negative impacts
of salinization and the accompanying increase in internal P loading. To further advance
the research presented in this thesis, several areas should be the focus of the future

investigation.
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6.2.1. Advancing the understanding and quantifying the importance of the
stressors to changes in thermal stratification

Thermal stratification plays a crucial role in controlling the biogeochemical processes in
lakes. In this thesis, | demonstrated that salinization increases water density, resulting in
stronger thermal stratification, which has significant implications for P cycling in lakes.
Despite significant advances in the understanding of lake stratification and its impact on
P cycling presented in this thesis, several directions could enhance the comprehension
of the principal stressors affecting lake mixing. The research in this thesis further
highlights the impact of human activities such as urbanization and the excessive use of
road salt on thermal stratification in lakes. | recommend that future studies investigate the
cumulative effect of multiple stressors, including salinization, to quantify the contribution
of each stressor to the strength of thermal stratification. The changes in temperature,
precipitation, and wind patterns that are anticipated with climate change will alter lake
stratification patterns. Future research should explore how these changes will interact to
affect lake stratification and the ecological functioning of lakes. Moreover, the influence
of the physical characteristics of lakes, such as altered flushing rates resulting from the
dynamic climate and the disturbed hydrological cycling triggered by urbanization, on
thermal stratification, remains inadequately studied. Hence, it necessitates further inquiry
to ascertain their significance in importance for disrupting thermal stratification. To gain
a better understanding of the cumulative effects of salinization, climate change, and
physical characteristics of lakes on thermal stratification, | suggest the development of a
novel modelling approach that takes into consideration all the above-mentioned variables.
This would provide a more comprehensive understanding of the potential consequences

of biogeochemical cycling in lakes and improve overall water quality management.

Furthermore, a comprehensive understanding of changes in stratification regimes
induced by urbanization and climate change is critical in predicting the potential
development of anoxia in lakes. This knowledge would significantly enhance existing
models of P internal loading fluxes. Integrated research that considers physical,
biogeochemical, and ecological aspects of lake stratification changes and how they are
influenced by natural and human-induced factors is necessary. Further research is

required to evaluate the effectiveness of various management strategies aimed at
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mitigating the negative impacts of salinization and internal and external P loadings on
lake ecosystems. These management strategies may include nutrient management
practices, land-use planning, stormwater management practices, and lake restoration or

remediation approaches.
6.2.2. Advancing the understanding of LULC change impacts on lake P cycling

This thesis highlights the significance of using a detailed sediment core analysis approach
to unveil the impact of historic LULC changes on P cycling, algal productivity, and bottom
water oxygen conditions. To enhance the reconstruction of past lake conditions, research
could focus on the comprehensive analysis of sediment cores from other lakes around
the world that have undergone different phases of LULC change and should be merged
with historical records of the particular watershed. The sediment coring process should
yield a core of sufficient length to capture the pre-developed or pristine conditions of the

lake.

Furthermore, this research provides new insights into the importance of both
accumulation rates and concentrations of elements. Thus, future studies on a similar topic
should consider both factors to avoid misinterpreting the obtained data. Furthermore, to
gain a better understanding of the impacts of different land use changes on P
biogeochemical cycling and processes within the lake, further analyses should include P
speciation analysis, which contributed significantly to the discussion in this thesis.
However, to provide a more comprehensive understanding of the anoxic and oxic cycles
of lakes, which are crucial for the P remobilization from sediments, as well as the critical
mechanisms driving changes in P cycling, iron and sulfur species analysis should be
conducted additionally. Adopting this approach in research would enable the
documentation and quantification of the magnitude and timing of shifts in algal
productivity, bottom water oxygenation, and P cycling. Current sediment core studies are
restricted to specific lakes or regions, and there are few studies (Bhattacharya et al.
(2022) is one example) that analyze temporal trends in multiple sediment cores to

generalize patterns in historical changes across lakes and regions.

6.2.3. The emerging relationship between the impact of salinization and

eutrophication symptoms in lakes
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The research presented in Chapters 2-5 has established a clear link between salinization
and the development of bottom water anoxia, leading to increased internal P loading.
Therefore, the development of a process-based model that accounts for both thermal
stratification and salinization is a logical next step. Such a process-based model would
be capable of predicting the impact of these factors on internal P-loading fluxes
associated with P biogeochemical processes, while also considering the reinforcement of

thermal stratification.

In Chapter 5, | demonstrated the occurrence of similar trends in internal loading fluxes
and oxygen depletion in road-salt-affected urban lakes in North America as observed in
my Chapter 3 case study on LW. Additionally, more lakes in cold regions should be taken
into consideration if data are available. This phenomenon may be observed globally,
regardless of the source of salinization. For instance, in Southern China, despite a
reduction in TP due to improved wastewater treatment facilities and/or the implementation
of best management practices (BMPs), many lakes have still been maintained in a
eutrophic state (Tong et a., 2020). These lakes also experienced an increase in electrical
conductivity (salinization) in the water column due to excessive urbanization (Chen et al.,
2019; Jiaetal., 2021; Tao et al., 2013; Wang et al., 2018; Xu et al., 2010). Further analysis
is required to determine whether this phenomenon is a result of increased lake
stratification and anoxic conditions. Therefore, the findings of this thesis have the potential

to be expanded globally.

Furthermore, in the analysis of lakes in North America affected by road-salt use, it is
observed that some lakes (such as Lake Simcoe) experienced an increase in internal P
loading, despite the fact that thermal stratification was not affected by salinization and P
loadings to the lake were reduced. This finding underscores the need to expand this study
to investigate the additional impact of salinization on P internal loading fluxes, specifically
ion exchange at the sediment-water interface. The proposed research in this sub-chapter
IS necessary to evaluate the effectiveness of various management strategies aimed at
mitigating the adverse effects of salinization and internal and external P loadings on lake
ecosystems. Such management strategies would include nutrient management practices,
land use planning, stormwater management practices, and lake restoration/remediation

approaches.
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6.2.4. Recommendations for considering salinization to mitigate eutrophication
symptoms of the lakes

In light of the comprehensive findings presented in this thesis, a significant and innovative
relationship emerges between two huge challenges in water quality management: (1)
eutrophication symptoms and (2) salinization. Prior to this study, these two huge water
quality concerns were conventionally addressed separately. However, this research
underscores the compelling link between salinization and lake water quality deterioration
(i.e., eutrophication symptoms such as oxygen depletion), shedding new light on their
interconnectedness. Negative effects of salinization on lake water quality and
eutrophication symptoms have been highlighted throughout the entire thesis, with
Chapter 2 and 3 particularly highlighting the newly established connection. In chapter 5,
it is shown that the issue might be applicable on a broader scale —particularly to those

lakes significantly impacted by salinization arising from road salt application.

The urge to integrate salinization into freshwater protection policies emerges as an
essential approach from the findings in this thesis. Traditionally, the focus is solely on
phosphorus as the principal driver of eutrophication and consequent water quality
deterioration symptoms (i.e., anoxia) (Jenny et al., 2016). However, this perspective has
now decisively shifted to recognize the crucial influence of salinity. The detailed
interaction between salinization and eutrophication, carefully explained in this research,
emphasizes the pressing need to take a comprehensive approach when developing
strategies for water management (Radosavljevic et al., 2022). Disregarding salinity would
regrettably dilute the efficacy of policy interventions, given that this research firmly
establishes salinization as a potent amplifier of eutrophication symptoms, further
impacting lake water quality. Understanding how salinity acts as a catalyst in the
amplifying eutrophication symptoms, policies should be carefully designed to reflect the
complex challenges that freshwater ecosystems have been undergoing. Integrating
salinity considerations into protective measures enhances their effectiveness and
significance, leading to a coherent and sustainable approach in protecting freshwater

resources.

131



6.2.5. Recommendations for mitigating the use of road salt in urban areas of cold

climate

In this thesis, the negative effects of excessive road salt use have been highlighted, with
Chapter 4 particularly elucidating this issue. Despite widespread recognition among
governmental entities, municipalities, researchers, and citizens of the negative impact of
road salt on freshwater ecosystems and the environment at large, the reduction or
cessation of its use remains a distant possibility. This reluctance can be attributed to the
prioritization of public safety and the indispensable role of road salt in winter maintenance.
As such, persuading the responsible parties to adopt alternative measures presents a
formidable challenge.

To address the issue of excessive salt usage, several strategies may be employed. Some
of the most important could include (1) enhancing current management practices at the
municipal and regional levels could lead to effective control and reduction of salt usage
(Hintz et al., 2022); (2) raising public awareness through education campaigns could
encourage individuals to make informed choices regarding their salt intake (Stone &
Marsalek, 2011); (3) the development of innovative techniques and technologies could
provide alternative solutions for reducing salt usage (Trenouth et al., 2015); (4) a
collaborative effort between government bodies, municipalities, researchers, and
practitioners may be necessary to coordinate and implement effective solutions (Imperail,
2005). Lastly, (5) considering the success of different approaches used in other countries

may offer valuable insights and potential solutions to this issue (Hassall, 2014).

Improving management practices could include several measures that can be
implemented (Stone & Marsalek, 2011). Improving de-icing management practices
through real-time weather forecasting and the use of smart sensors can optimize
application rates and enable the use of alternative deicers when needed, reducing salt
usage while maintaining road safety (Gillis et al., 2021). Additionally, the calibration of salt
spreaders is one of the key factors that can contribute to minimizing excessive salt usage
while ensuring public safety, as well as improving snow and ice removal. Careful
placement of snow collectors is an important factor in reducing the runoff of melted snow

containing high levels of road salt from entering water bodies or aquifers, along with
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protecting salt storage year-round and ensuring that it is properly covered can play a
significant role in minimizing environmental runoff of salt (Kelly et al., 2019).

Effective public education and outreach initiatives hold immense potential to enhance
knowledge and promote behavioral change towards sustainable practices that can
significantly mitigate the adverse effects of salt on water quality. These initiatives can
sensitize individuals to the grave ecological and health consequences associated with
salt runoff from sidewalks, driveways, and roads, including the contamination of
freshwater sources, degradation of aquatic ecosystems, and potential harm to human
health. Through targeted educational campaigns and outreach programs, communities
can be empowered to embrace alternative de-icing agents and reduce their reliance on
excessive salt usage (Rafieifar et al., 2016; Wentzel-Viljoen et al., 2017). This, in turn,
can help to reduce salt runoff into water bodies, protect natural habitats, and promote a
cleaner and healthier environment for future generations. Such public education and
outreach programs can be developed and implemented through a range of approaches,
including online learning modules, community workshops, and engagement with schools,
businesses, and civic groups. By encouraging individuals to adopt more sustainable
practices and promoting awareness of the impacts of salt on water quality, public
education and outreach initiatives hold immense potential to bring about lasting positive

change for the environment and society as a whole (Wentzel-Viljoen et al., 2017).

New technologies and techniques are needed that reduce or switch the use of road salt,
and they should be environmentally friendly, cost-effective, and efficient (Tabrizi et al.,
2021). Potential deicer materials should be effective in melting ice and snow while
minimizing their impact on water bodies, vegetation, and wildlife. Smart infrastructure can
be developed to improve the efficiency and safety of winter road maintenance. For
example, heated pavements can be installed to melt snow and ice, reducing the need for
deicing materials (Li et al., 2022). Additionally, advanced sensor networks should be
deployed on roads and bridges to monitor weather conditions, pavement temperatures,
and other variables. This information can be used to predict icing conditions and optimize

the application of deicing materials (Hernandez Gonzalez et al., 2020).
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Collaboration between government, municipalities, researchers, and practitioners is
essential for developing effective solutions to reduce the use of road salt (Sparacino et
al., 2022). A targeted monitoring program is a critical component of any effort to reduce
road salt use. Such a program can help identify areas where excessive salt is being
applied and monitor the effectiveness of salt reduction measures. By analyzing data on
salt use and runoff, researchers and practitioners can gain a better understanding of the
impacts of road salt and develop more effective solutions. The cause-effect analysis is
another essential element in reducing the use of road salt for which collaboration is
necessary. It involves identifying the root causes of excessive salt use and developing
strategies to address them (Fay et al.,, 2013; Hull, 2008). For example, some
municipalities may be using excessive salt due to outdated equipment or insufficient
training. By addressing these underlying causes, governments and practitioners can
reduce salt use while maintaining safe and effective road conditions. Finally, the
development and optimization of solutions to reduce salt use are crucial for achieving
long-term success. Researchers and practitioners can work together to identify and test
innovative approaches to snow and ice removal that reduce salt use without
compromising safety (Sparacino et al., 2022). These solutions may include new
technologies for spreading salt more efficiently or alternative materials such as beet juice
or cheese brine (Parker & Tatum, 2021).

The countries that have freshwater salinization as a huge problem, could implement some
of the good management practices used or proposed by other countries. Salt runoff could
be collected, processed if necessary and reused as brine (Alleman et al., 2004; Garg et
al., 2018). Another way to manage salty runoff is by injecting it into aquitards, and that
can help reduce the risk of contamination of nearby groundwater resources and surface
water (Foley, 1994). It is important to note that the collection and reuse of salty runoff
requires careful planning and management to ensure that the water is properly treated
and disposed of. Additionally, proper monitoring and regulation are essential to prevent

any adverse impacts on the environment and human health (Equiza et al., 2017).
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6.2.6. Recommendation for stormwater management infrastructure implementation

and maintenance

The Lake Wilcox watershed, the focus study site of this thesis, has undergone significant
changes in land cover since the beginning of the 20" century, including the
implementation of stormwater management systems (SWMs), including ponds, trenches,
and bioretention cells. This is also the case for many areas all around the world (Schroer
et al., 2018). Optimal SWMs implementation, maintenance and improvement are crucial
to preserve and improve the water quality of receiving water systems (e.g., lakes). In this
thesis, | highlighted the importance of not just the absolute quantity of P coming to the
lake, but also the relative amount of different P species. Urbanization followed by water
guality degradation has led to the constant upgrading and retrofitting of stormwater
management systems worldwide (Taguchi, et al., 2020). Optimal stormwater
management system implementation in urban areas involves a combination of traditional
and innovative techniques. While stormwater management ponds were initially designed
for peak flow reduction and sediment settling, they are now also retrofitted to retain
nutrients and contaminants by increasing the water residence time, a crucial variable that
enhances the retention of dissolved and particulate contaminants (Ellison & Brett, 2006).
Low-impact development (LID) infrastructures, such as the above-mentioned bioretention
cells, have also been developed to address the export of P from urban catchments with

substantial impervious area fractions (Zhou et al., 2023).

The maintenance of SMWs is crucial for ensuring their optimal performance, and to
therefore prevent harm to downstream receiving water bodies. Regular inspections of the
SWM infrastructure can help identify any issues early on and address them before they
become more serious. Inspections should include checking the condition of the SWMs
liner, checking for signs of erosion, and ensuring that the inlet and outlet structure is
functioning properly (Pedretti et al., 2012; Tahvonen, 2018). Additionally, vegetation
management and choosing plants that can uptake significant amounts of nutrients are
important as well as ensuring that vegetation does not impede the flow of water in the
SWM systems (ponds in particular) (Muerdter et al., 2016; Paus & BrasKerud, 2014). It is
also important to prevent invasive plant species from taking over the SWM structure (Li,

2015). Sediment accumulation can reduce the effectiveness of the pond in treating
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stormwater runoff. Sediment removal should be performed periodically to maintain the
pond's capacity and effectiveness (Gu et al., 2017; Heal et al.,, 2006). Nutrient
management is another important aspect of SWMs maintenance (Adhikari, 2003).
Regular monitoring of nutrient levels can help identify when nutrient removal practices
are needed, and when is the point that SWMs do not work as designed (Rosenzweig et
al., 2011).

Moreover, the P retention performance of SWM ponds could be improved by adding Ca-
rich compounds to form stable calcium-associated P species that are effectively retained
in the sediments (Babin et al., 1994; Dunne et al., 2005) One way to enhance this process
is by adding calcium carbonate-containing materials, commonly referred to as "liming,"
such as calcinated egg shells, spent lime, or steel slag, to increase both the pH and
dissolved calcium concentrations. These materials have been successfully used in the
past to remove P in experimental column systems (Christianson et al., 2017), batch
studies with wastewater (Yin et al., 2013), simulated stormwater (Prabhukumar et al.,
2015), and at the field-scale to treat stormwater (Kuster et al., 2022) and agricultural runoff
(Kirkkala et al., 2012). While the use of iron-containing materials can also enhance
phosphorus retention (Prabhukumar et al., 2015), the phosphorus species formed via
associations with iron are often phosphate ions and/or organic phosphorus forms sorbed
to iron oxides/hydroxides (Orihel et al., 2017), which are redox-sensitive and not stable
long-term phosphorus sinks. In contrast, calcium phosphate minerals are redox-stable
sinks for P (Slomp & Van Cappellen, 2007).

In addition to improving the performance of SWM systems, other recommended
measures for stormwater management in urban areas could include (1) installing green
roofs on buildings that help reduce the volume of runoff, improve water quality, and
enhance the thermal performance of buildings (Palla et al., 2010); (2) implementing
permeable pavement for roads, sidewalks, and parking lots that would allow water to
infiltrate the ground, reducing runoff and improving the water quality of receiving water
bodies (Imran et al., 2013; Zhu et al., 2019) and (3) educating the public on the importance
of stormwater management and ways to reduce their impact on runoff can lead to greater

community involvement in stormwater management efforts (Barclay & Klotz, 2019).
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Overall, an effective stormwater management system in urban areas should involve a
combination of traditional and innovative techniques tailored to the specific needs of the
surrounding environment and community. In that way, the optimal water quality of

receiving water bodies (i.e., lakes) could be ensured.
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Data availability

The sediment core depth profile data obtained in this study are openly available on the
Federated Research Data Repository (FRDR) website at the following link:
https://doi.org/10.20383/ /103.0634.

Summary of geological and pedological characteristics of the area

The bedrock of the LW watershed is comprised of Blue Mountain Formation Shale
overlain with primarily glaciofluvial surficial deposits. The LW area is within the Oak
Ridges Moraine formation, which is comprised of a ridge of sand and gravel and Halton
till that is composed from glaciolacustrine-derived silty to clayey till (TRCA, 2008). The
soils in the LW watershed are predominantly sandy loams with some pockets of clay

loam, loam, and muck (Government of Canada, 2013) with mainly imperfect drainage.

Text S1

Summary of geological and pedological characteristics of the study site

The bedrock of the Lake Wilcox (LW) watershed is comprised of Blue Mountain
Formation Shale overlain primarily by glaciofluvial surficial deposits. The LW area is
within the Oak Ridges Moraine formation, which is comprised of a ridge of sand and
gravel and Halton till that is composed from glaciolacustrine-derived silty to clayey till
(TRCA, 2008). The soils in the LW watershed are predominantly sandy loams with
some pockets of clay loam, loam, and muck (Government of Canada, 2013) with mainly

imperfect drainage.

Text S2: Supplementary text for Methods section

Calculation of sediment mass accumulation rates
Mass accumulation rates are calculated as described in Appleby et al. (2001) and Aba et

al. (2014). The age (t,) of the sediment layer at depth (z) is calculated as:

t, = /31 - In (M) (A1)

Az

where, A,,; is the total cumulative inventory of unsupported %1°Pb in the sediment column

(Bq m), 4, is the inventory of unsupported 21°Pb in the sediment column below depth z
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(Bg m2), and A is the decay constant of 219Pb. Note that here, t, = 0 corresponds to 2019

when the sediment cores were collected in the lake.

The mass accumulation rate (R,) (g cm2 y?t) as a function of depth z in the dated core

is calculated as:

= (A2)

Z 7 (mr2)At,

where, m, is the mass of sediment of the core slice centered on depth z (g), r is the inner
radius of the core tube (cm) and At, is the duration of deposition of the depth interval of
the core slice (y). Linear sedimentation rates (cm y*) as a function of depth are calculated
by dividing R, by the sediment dry bulk density (g cm-3).

X-ray diffraction (XRD)

Powder X-ray diffraction (XRD) analyses were conducted on freeze-dried and ground
(<63 pm particle size) sediments using a PANalytical Empyrean XRD Il with a Co-X-ray
tube (operated at 40 kV and 45 mA) and a PIXcel3D detector. The XRD sample holder
was back-loaded with the sample and the XRD pattern of each sample was collected from
10 to 70° 26 with a step size of 0.026° 26. The X-ray beam path was defined using a fixed
1/2° divergent slit, a 1° anti-scatter receiving slit and 15 mm mask on the incident side,
and a large beta-filter (iron) and a 7.5 mm anti-scatter slit on the diffraction side. Soller
slits (0.04 rad) were fitted to both the incident and diffracted beams. Scans were
accumulated for 5 hours to generate a spectrum. The crystalline phases in the solid
samples were identified using HighScore Plus software and a combination of the free
Crystallography Open Database and the PAN-ICSD Database. Next, the relative
abundance of each crystalline phase was estimated with the Rietveld refinement routine

built into the HighScore Plus software.
Scanning Electron Microscopy and Energy Dispersive X-Ray Spectroscopy (SEM-EDS)

The surface morphology of the sediment samples was captured with a scanning electron
microscope (SEM) (TM3000, Hitachi) with 15 kV accelerating voltage. The freeze-dried
and sieved (< 125 um particle size) samples were mounted on a carbon tape attached to

an aluminum SEM stub and images for each sample were collected using the SEM. The
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relative elemental composition on the sediment surfaces was quantified using a Bruker

Energy Dispersive X-Ray Spectroscopy (EDS) and the QUANTAX 70 software.
Land use/land cover (LULC) classification

The LULC scheme comprised three classes — forested, agricultural, and urban — based
on the widely used classification system developed by Anderson et al. (1976) for the
interpretation of remote sensing data at different scales and resolutions (for an example,
see: Yuan et al., 2005). In the classification system used, “residential, commercial
services, industrial, transportation, communications, industrial and commercial, mixed
urban or built-up land, other urban or built-up lands” are all folded into the urban LULC
class; forested land includes “deciduous forest land, evergreen forest land, mixed forest
land, orchards, groves, vineyards, and nurseries”; while “crop fields, pasture, and bare

fields” form the agricultural LULC class.

The LULC values for Phases 4 and 3 are those of Radosavljevic et al. (2022) (listed in
the references), based on the reports provided by the City of Richmond Hill (Table Al).
For Phase 2, we extracted LULC from historical reports (Robinson & Clark, 2000a,b,c).
Manually estimated LULC values for Phase 2 from aerial images (Map and Data Library,
2019) agreed with the values obtained from the reports. For Phase 1, we relied on a
detailed historical account of the development of early farming around the lake (Stamp,
1991).

Text S3: Supplementary text for Results section
Delineation of the four LULC phases using breakpoint analysis

To delineate the four watershed development phases, we applied a breakpoint analysis
to the sediment mass accumulation rate time series using the Davies Test (DT) in the
Segmented Package in R (Muggeo, 2008). The Davies test analyzes variations in slope
at k equidistant time points in the data series (Davies, 1987). At each time point, the null
hypothesis of no change in slope (i.e., no breakpoint) was tested at a significance level
of 5%. In cases with no evidence of a slope breakpoint (i.e., failure to disprove the null

hypothesis), a linear regression was performed on the log-transformed data. Further, if
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there were less than 5 points on either side of a breakpoint, then the breakpoint was

removed, and ordinary least squares regression was used.

The dates where breakpoint occurred in the sediment accumulation rate, as determined
by the DT, are given in the table below. The column on the right summarizes our final
selection of the dates separating the four watershed development phases after
considering the ensemble of historical data and information available. The results of the

DT breakpoint analysis methods is also shown in Figure A4.

DT-determined breakpoint years | Selected phase breakpoint years
1944 1945
1975 1975
1997 1997
2014 2014
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Supplementary figures
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Figure Al. Location of Lake Wilcox in southern Ontario, Canada and the current
delineation of the lake’s watershed (red dashed line in panel on the right). On the
righthand panel, the red “X” symbol indicates the sediment core sampling location.
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Figure A2. Activities of the radioisotopes 2°Pb, ??°Ra, and 13’Cs (top x-axis), and ?1°Pb
constant rate of supply (CRS) age model-estimated sediment deposition date (bottom x-
axis) as a function of depth in sediment core 2.
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Figure A3. Diagram showing the workflow of the sequential P extraction procedure
(SEDEX). (Figure provided by Ariel Lisogorsky.)
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Figure A5. Absolute concentrations of the different sediment P pools determined by
sequential chemical extractions versus year of deposition. Numerals 1 to 4 at the top
and the corresponding color shadings indicate the four catchment development phases
separated by five-year buffer periods between phases; AL stands for the active (or early
diagenetic) surface sediment layer.
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Figure A6. Humic-bound P pool (PHum) concentration versus TOC concentration. Points
are labelled with the year the sediment was deposited (rounded to the closest year).
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labelled with the year the sediment was deposited (rounded to the closest year).
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Figure A8. Elemental maps (left to right: Fe, S, Ca, Al, and P) overlain on scanning
electron micrographs collected for the sediment core sections corresponding to the
depth intervals 7-8 cm, 23-24 cm, 51-52 cm and 73-74 cm (ordered from shallow to
deep moving from core top to bottom). The morphology and elemental composition of
the large spherical shaped particles are consistent with framboidal pyrite or greigite.
These particles were observed in all core sections.
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Figure A9. Box model diagram showing the fluxes included in the lake TP budget
calculations. Also shown in the lighter color are the efficiency metrics described in the
main text (in section 4: Phosphorus budget calculations) and their relationships to the

fluxes. F,,; is the external loading flux, Fg,, is the deposition flux, Fy,,, is the burial flux,
Fin¢ is the internal loading flux, F,,, is the outflux at the lake outlet, RE,,; is the whole-
lake TP retention efficiency, RE,, is the efficiency of TP removal from the water column
to the sediments (i.e., the deposition efficiency), and RE,.. is the sediment TP recycling
efficiency.
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Figure A10. Burial rates (BR) of geogenic elements versus year of deposition: (a) Al,
(b) K, (c) Ca, (d) Fe. Numerals 1 to 4 at the top and the corresponding color shadings
indicate the four catchment development phases separated by five-year buffer periods
between phases; AL stands for the active (or early diagenetic) surface sediment layer.
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Figure A11l. Percentages of clay, silt and sand versus year of deposition. Numerals 1 to
4 at the top and the corresponding color shadings indicate the four catchment
development phases separated by five-year buffer periods between phases; AL stands
for the active (or early diagenetic) surface sediment layer.
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Figure A12. Example of an XRD spectrum for a sediment sample from Phase 2. Main

peaks of different minerals were identified. (Qtz — quartz; Ky* - kyanite (* - kyanite XRD

pattern, but more likely a plagioclase feldspar mineral); Ab — albite; Cal — calcite; Byt —
bytownite; Py — pyrite.
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Figure A13. (a) Peak identification for different minerals in Phase 2, and (b) peak
identification (upper panel) with reference (bottom panel) for pyrite. Note: score for
pyrite identification was 30.
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Table A1l. Summary list of reports on Lake Wilcox water quality provided by the city of
Richmond Hill and referred to in the main text by their corresponding numbers. The
reports are available from the authors upon request.

Number of Report & Title: Year: Type:
Author(s):
(1) Gore & Storrie Master drainage/service 1989 Plan/Report
plan for the Lake Wilcox —
Oak Ridge’s District
(2) Gore & Storrie OPA71 Phase Il 1993 Technical
Environmental Studies. Appendices
(3) Gore & Storrie North Lake Road Sanitary 1994 Report
Sewer
(4) Lee G. & Lake Wilcox Remediation 1996 Report
Freshwater Strategy
Research
(5) Nurnberg G., Water Quality and 2012 Report
LaZerte B. & Remediation Options for
Freshwater Lake Wilcox
Research
(6) AECOM Canada Richmond Hill 2019 Report

Ltd.

Lake Wilcox Management
Plan Update
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Table A2. Bathymetry of Lake Wilcox (from Report 5 in Table Al).

Water depth (m)  Area (ha) Volume (102 m?3)
0 55.6 941.4
2 38.5 689.9
4 30.5 537.3
6 23.3 397.1
8 16.4 272.2
10 10.8 170.9
12 6.3 92.9
14 3.0 40.5
16 1.1 10.6

17.4 0.03 0
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Table A3. Total concentrations of the elements Al, Fe, S, Mn, K, Na and Ca extracted
from the sediment core samples using the method of Aspila et al. (1976), as described
in section 2.4 of the main text, given along with the year of deposition (rounded).
Concentration units are umol g1, except for Ca which is in units of mmol g*.

d;)eoas'i Sfm Fe s Mn K Na Ca
2020 276 141 269 116 49 129.8 41
2019 271 129 279 12.8 45 57.7 4.4
2019 264 119 267 13.9 41 44.6 4.7
2018 297 121 239 132 46 30.7 4.8
2017 314 127 268 135 50 34.6 4.7
2016 310 127 290 133 48 34.9 4.6
2014 353 143 316 126 54 30.1 45
2013 37 155 377 13.4 54 325 41
2012 317 127 318 137 45 20.8 4.4
2010 320 129 345 13.1 45 31.0 41
2009 353 129 347 137 51 30.3 43
2007 346 128 304 133 50 313 4.0
2005 426 147 442 13.0 59 32.0 3.8
2003 339 123 369 15.4 47 317 4.0
2001 201 122 492 30.6 41 42.7 3.0
1999 326 122 465 135 47 27.7 4.0
1997 350 131 462 12,0 49 25.2 4.0
1095 370 136 438 12.0 56 22.4 43
1093 367 131 414 118 54 215 4.4
1091 364 131 417 113 57 20.9 43
1990 383 130 408 11.4 63 19.1 4.4
1088 367 123 395 111 54 20.1 4.4
1087 373 123 362 11.0 60 193 45
1085 375 121 343 11.0 56 20.8 46
1984 359 118 332 107 56 21.9 4.6
1083 368 121 330 106 54 176 45
1082 390 125 351 9.7 56 19.7 45
1081 388 124 346 9.4 55 17.8 45
1980 396 126 329 9.0 60 175 4.4
1979 386 122 322 8.7 59 16.9 43
1979 384 124 318 8.6 58 19.4 43
1978 308 128 300 85 61 16.9 4.4
1977 375 124 304 8.7 52 127 42
1976 378 120 303 7.9 53 14.9 4.0
1975 367 121 310 8.1 50 14.9 4.0
1974 368 118 201 7.9 52 15.1 4.2
1973 374 119 282 7.6 54 135 41
1973 353 118 205 75 50 125 41
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1972 348 116 303 7.4 51 13.5 4.0
1971 332 111 313 7.1 47 114 4.1
1970 326 122 292 8.4 39 8.7 4.0
1969 323 110 299 7.1 46 9.7 4.0
1968 401 135 254 8.6 50 9.7 4.1
1967 353 125 256 8.4 42 7.2 4.1
1966 345 123 277 8.2 40 5.9 4.1
1965 332 121 270 8.0 39 4.9 4.1
1964 326 116 276 8.1 38 6.9 4.0
1963 337 122 264 7.8 45 7.2 4.1
1962 335 124 255 7.8 39 4.9 4.1
1962 353 128 248 7.8 43 4.6 4.2
1961 342 127 248 7.9 41 5.3 4.2
1960 363 131 258 8.0 43 7.0 4.2
1959 366 129 239 7.8 44 3.2 4.2
1957 359 130 244 8.0 43 4.9 4.2
1956 376 132 238 7.8 47 4.9 4.2
1955 404 139 235 7.8 54 4.2 4.2
1954 368 131 240 7.7 46 3.4 4.2
1953 396 140 240 7.7 51 4.5 4.2
1951 422 147 237 7.5 54 4.7 4.1
1950 400 146 241 7.4 50 31 4.1
1948 419 150 244 7.4 54 55 4.1
1946 445 154 232 7.4 58 5.8 4.2
1944 421 148 223 7.3 56 7.8 4.1
1942 455 160 227 7.4 60 4.5 4.0
1940 396 143 232 7.1 52 35 4.0
1938 381 141 232 7.0 50 11 4.1
1936 372 138 224 6.9 48 1.9 4.2
1933 380 136 221 6.8 55 3.7 4.2
1931 371 137 229 6.9 49 0.6 4.4
1929 389 139 209 6.5 55 4.8 4.1
1926 363 133 214 6.8 50 26.7 4.4
1924 360 126 191 6.4 53 3.1 4.4
1923 377 132 185 6.5 55 2.4 4.3
1922 354 126 185 6.2 48 2.4 4.1
1921 364 126 180 6.0 50 2.0 3.9
1920 343 126 200 5.8 47 0.1 3.8
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Table A4. Relative mineral composition from X-ray diffraction (XRD) data and Rietveld

refinement, for selected sediment core sections across the four watershed

development. Phases (WDP). BDL stands for below the detection limit; Year indicates
the year of sediment deposition (rounded). Note that the analyses only include the well-
crystallized mineral phases, not all the mineral phases. Mineral abundances are given
as percentages.

Sediment Year of Watershed  Pyrite Calcite Quartz Andesine  Bytownit  Albite Ankerite
depth sediment developme  op % % * e % %
interval deposition nt phase % %

(cm)

7t08 2013 4 1.0 33.0 12.0 25.0 23.0 5.0 1.0
23to0 24 1985 3 BDL 31.3 14.1 27.3 20.2 6.1 1.0
34 to 35 1975 2 1.0 28.7 13.9 24.8 21.8 8.9 1.0
41to 42 1969 2 1.0 30.0 16.0 27.0 20.0 6.0 BDL
50 to 51 1961 2 1.0 29.7 13.9 28.7 18.8 7.9 BDL
63 to 64 1942 1 BDL 29.0 15.0 27.0 23.0 5.0 1.0
73to 74 1922 1 BDL 32.3 13.1 25.3 22.2 6.1 1.0

*The software identified the XRD peak with that of the mineral kyanite; however, in our

judgment, the peak position is within the general range of more common plagioclase
feldspars, such as andesine.
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Table A5. Ranges of TP export coefficients reported in the literature for the different
watershed LULC types, and the corresponding loading fluxes. The values were used for
estimating TP external loading to Lake Wilcox in watershed development Phases 1 and

2.
TP export
LULC coefficients TP export [oads Reference(s)
) E in kmol y*
inmg m2y
Natural/ 10-80 0.7-5.9 Gore & Storrie (1989)
Forested
. i i Xin et al. (2019); Jedrych et
Agricultural 50-480 3.7-35.6 al. (2006); Lin et al. (2004)
Lin et al. (2004); Nurnberg et
Urban 10-300 0.7-22.3 al. (2012); Donelly et al.

(2020)
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Table A6. External TP loading fluxes to Lake Wilcox (F,,;) calculated by summing TP
runoff fluxes from the watershed (F.,,,) and TP atmospheric deposition fluxes (Fgim)-
Ranges of F.,,, are based on the watershed export coefficients reported in Table A5 and
the relative LULC distributions for the four watershed development phases. Values of
F,:m are based on estimates of the areal atmospheric TP deposition rates (r4¢m) for
southern Ontario through time (references given in the table). In addition to the F,,;
ranges, the F,,; values used in the TP budgets shown in the main text Figure 6 are also
provided. Units of F,,;, F.,,, and F,;,,, are in kmol y, those of 14, in mg m2y1.

Watershed F F ™
development ra;]"g"e mt:ludget Tatm Reference(s) Fotm Feoyt
phase
MOE, 2010; Gore &
1 1.6-15.7 3.8 13 Storrie, 1989 0.24 3.9
MOE, 2010; Gore &
2 2.4-23.9 6.7 31 Storrie, 1989; Lee, 0.56 7.5
1996
Nurnberg et al., 2012;
3 1.8-20.4 5.2 26 AECOM, 2019 0.47 5.7
Nirnberg et al., 2012;
4 1.3-19.2 3.7 26 AECOM, 2019 0.47 4.2
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Data availability statement

The data that support the findings of this study are openly available from the Federated
Research Data Repository (FRDR) website at DOI: 10.20383/103.0577. Additionally, the
raw data provided by the City of Richmond Hill and used in this study can be obtained at
DIO: 10.20383/102.0540 on the FRDR website.

Methods: Images classification

Our classification scheme, with four classes (forested, agricultural, urban, and other land
cover), is based on the land use classification system developed by Anderson et al. (1976)
for interpretation of remote sensing data at different scales and resolutions. According to
the classification system of Anderson et al. (1976), “residential, commercial services,
industrial, transportation, communications, industrial and commercial, mixed urban or
built-up land, other urban or built-up land” are all folded into to the urban land use class;
forested land includes “deciduous forest land, evergreen forest land, mixed forest land,
orchards, groves, vineyards, and nurseries”; while “crop fields, pasture, and bare fields”
belong to the agricultural land use class.

The land use coverage values we used are those given in reports made available to us
by the City of Richmond Hill, complemented with our own estimates obtained manually
from aerial images. The latter confirms the values in the reports. In both cases, the
classification system developed by Anderson et al., (1976) was adopted, which has been

widely used by others (e.g., Yuan et al., 2005).
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Supplementary tables and figures to Chapter 3.

Table B1. List of websites from which data were retrieved.

Organization/Name: Website: Accessed on:
Toronto and Region ) e
Conservation Authority https://data.trca.ca/dataset/precipitation Jun, 2019
Environment and Climate https://climate.weather.gc.ca/historical data/search Mav. 2019
Change Canada historic_data e.html Y,
Ontario Ministry of : .
. http://lwww.omafra.gov.on.ca/english/landuse/gis/a
Agriculture, Fo_od and Rural qatlas-help.htm#4 Feb, 2019
Affairs
Ontario Land Information https://geohub.lio.gov.on.ca/ Feb, 2019
Esri's Wayback Living Atlas | https://livingatlas.arcgis.com/wayback/#active=424 Dec. 2019
Google Earth Pro 03&ext=-79.48126,43.92054,-79.37946,43.96516 '
USGS Land Look https://landsatlook.usgs.gov/explore Dec, 2019
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Table A2. Mean annual concentrations and standard deviations of chemical parameters.

¥ 2
DIP Epil. | TP Epil. |NH : Epil. [NO B Epil.| DIN Epil. | DO Epil. | ¢| Epil. Chl-a  |DIP Hypol.| TP Hypol. NH4 N03 DIN Hypol.|DO Hypol.
Year 1 1 t > -1 ! 1 -1 1 E Hypol. Hypol. -1 -1
(mgl) | (mgl) | (mgl’) | (mgL) | (meL) | (mgl) | (mgL) | (Mgl ) | (mgl) | (mgl) mel) | (mgl) (mgl) | (mglL)
g mg
Mean Concentration 0.007 0.036 0.076 0.245 0.412 9.960 43.354 13.631 0.204 0.341 1.448 0.014 1.484 6.966
1996 Standard Deviation 0.007 0.011 0.102 0.460 0.560 1.843 1.547 11.051 0.132 0.208 1.047 0.021 1.025 1.269
Mean Concentration 0.008 0.039 0.042 0.012 0.133 10.457 43.200 7.340 0.144 0.262 1.475 0.016 1.487 9.339
1997 Standard Deviation 0.013 0.029 0.155 0.010 0.158 1.603 0.506 3.605 0.105 0.124 0.624 0.012 0.625 1.222
Mean Concentration 0.005 0.045 0.034 0.006 0.083 17.062 45.385 6.933 0.102 0.190 1.029 NA 1.046 10.207
1998 Standard Deviation 0.005 0.021 0.104 0.004 0.105 6.808 1.212 5.190 0.051 0.062 0.263 NA 0.264 2.076
Mean Concentration 0.006 0.043 0.102 0.016 0.178 14.803 47.400 15.225 0.092 0.228 1.632 NA 1.648 2.639
1999 Standard Deviation 0.007 0.021 0.188 0.014 0.194 6.260 0.595 2.494 0.072 0.101 0.954 NA 0.957 4.630
Mean Concentration 0.010 0.039 0.060 0.020 0.174 10.574 45.800 10.660 0.161 0.221 1.332 NA 1.370 3.305
2000 Standard Deviation 0.017 0.024 0.258 0.030 0.185 1.685 1.161 5.783 0.076 0.080 0.671 NA 0.654 2.966
Mean Concentration 0.009 0.040 0.106 0.030 0.222 9.750 52.300 9.360 0.308 0.457 1.736 0.089 1.839 0.416
2001 Standard Deviation 0.015 0.020 0.217 0.033 0.243 1.290 1.944 5.443 0.110 0.203 0.494 0.123 0.501 0.357
Mean Concentration 0.006 0.035 0.037 0.005 0.072 9.933 55.975 7.400 0.230 0.294 1.658 0.008 1.670 0.718
2002 Standard Deviation 0.011 0.016 0.093 0.003 0.095 1.976 1.204 5.358 0.139 0.157 0.953 0.013 0.949 1.951
Mean Concentration 0.006 0.037 0.045 0.011 0.103 9.482 62.717 7.508 0.205 0.270 1.544 0.019 1.449 0.250
2003 Standard Deviation 0.007 0.013 0.114 0.007 0.120 2.108 1.190 3.673 0.075 0.099 0.755 0.037 0.844 0.233
Mean Concentration 0.005 0.039 0.023 0.053 0.150 9.731 64.600 9.438 0.185 0.278 1.337 0.048 1.389 0.656
2004 Standard Deviation 0.009 0.013 0.155 0.092 0.183 2.313 0.642 6.475 0.110 0.129 0.789 0.097 0.723 1.711
Mean Concentration 0.006 0.034 0.107 0.015 0.161 9.832 74.014 13.636 0.178 0.264 1.309 0.019 1.341 0.785
2005 Standard Deviation 0.008 0.017 0.115 0.021 0.136 0.973 2.433 9.845 0.123 0.186 0.787 0.055 0.760 2.489
Mean Concentration 0.004 0.037 0.029 0.149 0.203 11.095 80.782 8.333 0.206 0.291 1.388 0.003 1.394 1.253
2000 Standard Deviation 0.008 0.016 0.119 0.484 0.447 1.515 1.588 4.140 0.099 0.121 0.661 0.003 0.663 3.134
Mean Concentration 0.002 0.031 0.012 0.038 0.068 9.793 85.008 11.862 0.233 0.277 1.849 0.023 1.871 0.378
2007 Standard Deviation 0.001 0.016 0.044 0.087 0.106 1.261 3.706 4.199 0.115 0.117 0.824 0.024 0.820 0.864
Mean Concentration 0.002 0.042 0.030 0.003 0.087 11.248 89.838 13.431 0.200 0.356 2.048 0.002 1.895 0.233
2008 Standard Deviation 0.002 0.020 0.144 0.002 0.145 1.993 1.718 9.640 0.116 0.337 1.179 0.002 1.264 0.823
Mean Concentration 0.008 0.031 0.067 0.029 0.164 11.333 93.842 14.950 0.206 0.273 1.907 0.016 1.927 0.171
2009 Standard Deviation 0.017 0.018 0.185 0.035 0.189 1.489 1.837 8.762 0.134 0.117 0.811 0.020 0.800 0.108
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Mean Concentration 0.004 0.030 0.055 0.071 0.241 10.689 95.208 6.800 0.177 0.180 1.615 0.059 1.672 0.358
2010 Standard Deviation 0.002 0.011 0.381 0.110 0.381 1.495 3.923 3.397 0.154 0.074 1.792 0.107 1.769 0.552
Mean Concentration 0.005 0.033 0.035 0.036 0.130 9.241 98.586 11.886 0.136 NA 1.383 0.047 1.434 0.535
201 Standard Deviation 0.006 0.018 0.141 0.047 0.148 1.600 2.415 6.613 0.097 NA 0.720 0.061 0.713 1.549
Mean Concentration 0.002 0.021 0.040 0.038 0.119 9.632 101.583 5.954 0.100 0.101 1.248 0.037 1.289 0.371
2012 Standard Deviation 0.003 0.009 0.104 0.041 0.137 2.483 4.231 2.532 0.079 0.059 0.715 0.033 0.726 0.364
Mean Concentration 0.009 0.024 0.041 0.077 0.181 11.011 98.273 6.418 0.201 0.254 1.805 0.042 1.851 1.064
2013 Standard Deviation 0.011 0.017 0.129 0.107 0.171 1.952 2.008 2.602 0.087 0.095 0.719 0.020 0.705 3.418
Mean Concentration 0.007 0.019 0.050 0.090 0.217 10.143 | 108.667 8.455 0.306 0.356 2.256 0.093 2.343 0.736
201 Standard Deviation 0.009 0.015 0.107 0.021 0.106 1.580 3.519 4.108 0.107 0.110 0.848 0.018 0.858 2.243
Mean Concentration 0.006 0.024 0.025 0.052 0.158 9.319 119.471 | 12.280 0.138 0.168 1.578 0.055 1.521 0.934
2015 Standard Deviation 0.003 0.010 0.069 0.016 0.076 1.247 4.446 4.282 0.100 0.098 0.887 0.015 0.948 2.432
Mean Concentration 0.004 0.017 0.021 0.020 0.072 9.642 140.923 9.470 0.131 0.151 1.330 0.030 1.368 0.530
2016 Standard Deviation 0.003 0.007 0.090 0.001 0.088 1.067 3.730 8.261 0.095 0.080 0.702 0.021 0.694 0.937
Mean Concentration 0.005 0.024 0.069 0.033 0.184 9.396 152.667 4.798 0.181 0.187 1.647 0.024 1.576 0.959
2017 Standard Deviation 0.005 0.008 0.161 0.023 0.173 1.888 5.246 0.805 0.122 0.106 0.999 0.012 1.049 2.495
Mean Concentration 0.004 0.018 0.065 0.031 0.143 9.801 168.133 8.560 0.142 0.164 1.456 0.038 1.504 1.225
2018 Standard Deviation 0.004 0.008 0.115 0.030 0.136 1.767 4.121 4.006 0.111 0.104 0.996 0.037 0.978 2.327
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Figure B1. Time series of DIP:TP ratios in epilimnion and hypolimnion for the period
1996 to 2018. The error bars represent standard deviation.

207




Epilimnion Hypolimnion

30+

++%§§}§é+}§§+++§ *§0§§- j::o'}{&‘%.t}{' .'%§é%§§+++

-

w

o
1

DIN:DIP molar ratio
o )
o o

© QL F ® P O D o O N N I

O H K O O N Qv N NN &7 & L O H L & N AN YN

SEEFFFSTST TS TP S S S
Year

© o]
L)
DN

Figure B2. Time series of DIN:DIP molar ratios in epilimnion and hypolimnion for the
period 1996 to 2018. The error bars represent standard deviation.
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Figure B4. Contributions of explanatory variables for the first four principal components:
(@) PC1, (b) PC2, (c) PC3, and (d) PC4.
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Figure B6. Time series of four PCs. For each of the four PCs, the Kendall's tau
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corresponds to the period when the lake was artificially aerated. Data from this period of
artificial aeration were excluded from the PCA analysis.
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Data availability

The data that support the findings of this study, and provided by City of Richmond Hill are
openly available on the Federated Research Data Repository (FRDR) at the following
link: http://doi.org/10.20383/103.0592. Additionally, the raw data provided by the City of
Richmond Hill and wused in this study can be obtained at DOI:
http://doi.org/10.20383/102.0540 on the FRDR website.

S1: Details on land use area estimation

In accordance with Anderson et al.'s (1976) classification system, various land use
categories such as residential, commercial services, industrial, transportation,
communications, industrial and commercial, mixed urban or built-up land, and other urban
or built-up land are consolidated into the urban land use class. This classification takes
into account the overall percentage of urbanization, which is determined by the degree of
imperviousness in a given area. A detailed description of the methodology employed can
be found in Radosavljevic et al. (2022) study.

To estimate the impervious cover within the LW watershed, we considered roofs, roads,
sidewalks, parking lots, and school property as the components contributing to the total
impervious cover. The area of roofs was determined using the approach outlined by
Jinghui et al. (2004) and Castango & Atkins (2018). By subtracting the estimated roof
area from the total impervious cover, we obtained the area occupied by roads, sidewalks,
parking lots, and school property. These areas are deemed to require salting during winter

conditions.

For the years 2009 and 2017, we obtained estimates for different imperviousness
categories as reported by the CRH (City Regional Hospital), which were then matched
with our own estimations with an error margin of approximately 5%. Detailed numerical
values for each imperviousness category can be accessed through the link provided in

the data availability statement.

S2: Details on Lake Number approach

St also represents the stability of the lake as a whole-basin, and represents the amount

of external energy required to mix the whole lake water column (Eq. S1) (Imberger &
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Patterson, 1989; Robertson & Imberger, 1994; Lindenschmidt & Chorus, 1998; and
Ladwig et al., 2021):

St=L[7(z— 2y0) Az" p,dz (S1)

where z is the depth [m] referenced from the water surface; z,,, is the depth of the center
of the volume (m); p, is water density [kg m=3], and Az is surface area [m?] for a given
depth.

To quantify the current St of LW, we used the lake’s total surface area from the lake’s
bathymetry data (Reports 5 and 6 in Table Al) as the value of Az, and we used the water
density that was calculated as a function of temperature and salinity. The density of water
was calculated from the corresponding temperature and salinity values with the Javascript
calculator developed using equation from Millero & Poisson, by the collaborative
Computer Support Group (CSG) Network of University of Michigan and National Oceanic
and Atmospheric Administration (NOAA).

The angle between the metalimnion surface and the lake bottom (f) (from Eqg. 1) is
estimated by dividing the depth of the thermocline (z;) to the square root of surface area
of the lake (Ao) (see Lindenschmidt & Chorus, 1998 and Ladwig et al., 2021 for further

details).

The friction velocity (u) is estimated using (Lindenschmidt & Chorus, 1998; and Ladwig
et al., 2021):

u? =%-C-U120 (S2)

where, % is the dimensionless ratio between the air and surface water densities, C is

the dimensionless drag coefficient, and u is wind velocity at 10 m above the surface [m s
pair
po
Chorus (1998). A wind velocity of 4.8 m s** was used, which represents the average wind

1. The values of 0.0012 for and 0.000013 for C were used after Lindenschmidt &

speed for the LW watershed (Government of Canada, 2020).

We quantify the salinity threshold St* that would result in a balance of stabilizing to kinetic

forces as:
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* A
st* =g+ (St-22) 2 = ppoeom " u? - A3 (S3a)

This is the critical amount of salt that will — theoretically — result in amixis during fall.
Further, St* was quantified in R using rLakeAnalyzer (Read et al. 2011) to calculate the

Lake Number, and the Nelder—Mead optimization routine to derive the state when:
St" > LN = 1= g (5t 2) 2 = proseom u* - 47" (S3b)

In other words, we used the water salinity and temperature data for 2020 to calculate the
water density in 2020 and therefore also the 2020 value of St for LW. We then calculated
the St, threshold value, St* which is the theoretical value of St and salinity which would
cause meromixis in an initial dimictic lake, by setting LN equal to 1 (i.e., when LN =1 (or
LN>1), St = St *). When LN is 1, the water column is stable and not prone to mixing
(Lindenschmidt & Chorus, 1998).

Code with all summarized inputs parameters can be found on the link under Data

Availability section of the paper.

S3: Details on ClI- (and Na*) modeling approach

To fit the parameter o (i) for each year being simulated, we fit a polynomial function to the
time series Cl/Na* concentration (i.e., C(n;)) trend using (see Fig. S6 and S9) Eq.S4 for
Cland Eq.S5 for Na*:

C(n;) = 0.057n;> — 1.23n;2 + 11.42n; + 46.87 (S4)
C(n;) = 0.025n;3 — 0.55n;2 + 5.90n; + 27.83 (S5)

We then took the derivative of Eq. S6 and S7 to describe the dependence of AC;,, over

time for ClI- and Na*, respectively (see Figures S7 and S10):

ACiy1 = 0.17n;2 + 2.46n; + 11.42 (S6)
AC;y; = 0.19n;2 — 3.00n; + 13.78 (S7)
By setting Eq. 2b (given in the main text) equal to Eq. S6 and S7 and rearranging, we

were able to use the polynomial fit parameters for AC;,, versus n; to solve for the value
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of 0;,, at each value of t (i.e., for each year) using equation S8 and equation S8 for CI
and Na*, respectively:

_ 01702 + 2.46m; + 11.42+4y¢;

ng

(S9)

g;

0.19n;2-3.00n; + 13.78+y:c;
o, = i i YCi (Sg)

ni

The change in water column CI- concentration (C(i)) with time is controlled by two factors
in this model: the external load to the lake from catchment runoff (o;,,-n;;;)and the
removal from the lake at the outlet by flushing (y - ¢;). The flushing rate constant (y) is
assumed to be constant because the residence time of water in the lake did not change
significantly during the 2001-2020 period. y is calculated as the reciprocal of the lake’s
water residence time, which is ~2.03 years (obtained from the data 2001-2018), giving a
value for y of 0.49 y1. The external load increase rate is variable with time and can be
calculated using Eq. 7 to solve for the value of ¢ for each year. The value of o; changed
from 2001 to 2010 (from 20.9 to 5.3 mg L1 y2) but remained relatively constant after 2010
with a rate of 5.3 mg Lty~2.

S4: Concentrations of chloride vs. salinity

Vengosh, 2003, USGS, 2018, and Walker, 2021 determined that salinity of 1 ppt (1 g kg-
1) corresponds to 1000 mg L of total dissolved solids (TDS) in freshwater ecosystems
highly affected by NaCl. Further, Singh & Kalra, 1975 and Thorslund & van Vliet, 2020
used the electrical conductivity (EC) to estimate TDS (TDS = f - EC, where f is the
conversion factor, and for the freshwater with electrical conductivity greater than 800 uS

cm?, the conversion factor is equal to 0.74 (Hem, 1985; Rusydi, 2017).

Figure A11 shows the high relationship between EC and CI- concentrations. We used that
relationship to predict the concentration of CI- that corresponds to salinity of 1.23 g kg
(using the conversion factor of 0.74, equivalent electrical conductivity is 1662.16 uS cm-
1, which corresponds to 385. 24 mg L™! of CI").
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Figure C1. Location of Lake Wilcox (LW) in Ontario, Canada (a), and its watershed (b).
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Figure C3. Time series of electric conductivity (EC) measures in epilimnion and
hypolimnion for the period 2001 to 2020.
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Figure C4. Time series of alkalinity concentrations, measured as CaCOgs, in epilimnion
and hypolimnion for the period 2001 to 2020.
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Figure C5. Chloride concentration, C(i), versus time with 3 order polynomial fitting
function and R? value.
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Figure C6. Chloride concentration change rate, versus time with 2" order polynomial
fitting function.
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Figure C7. Time series of (i) values from 2001 to 2020, used for the CI- lake model.
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Figure C10. Time series of a(t) values from 2000 to 2020, used for the Na* lake model.
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Table C1. Types and components of de-icers used within the Lake Wilcox sub-
watershed as part of winter management practice.

Type ofsalt  NaCl (%) MgCl, (%) CaCl, (%) CaS04(%) Other (%)
Clear salt 99.90 - - - 0.10
Thawrox™ 92.60 - 94.50 0.80 -1.20 - 0.00 - 3.40 0.00 - 1.85
ClearLine 95.90 1.06 —1.18 - - 2.29-3.04

Brine 23.30 4.44 14.92 - 57.34
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Table C2. Application rates of de-icers used during winter managment practice within

Lake Wilcox sub-watershed (note: Ln stands for “lane”).

Material Surface Application Rate Unit
City roads 100 - 130 kg per 2 Ln km
Regional roads 220 - 400 kg per 2 Ln km
Clear salt Commercial 0.08 — 0.11 kg per m?
~ 100 ici
Residential 10% of municipal
usage
Treated salt City roads 77-113 kg per 2 Ln km
City roads 0.04 - 0.08 kg per m?
Winter mix
Side walks 0.04 kg per m?
. Regional roads 80 - 100 L per Ln km
Brine
City roads 100 L per Ln km
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Data availability statement: All data for the chapter 5 could be found
www.doi.org/10.20383/103.0772 (the link will be active upon manuscript submission).
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Table D1. List of websites from the data was retrieved (and data are publicly available).

Organization/Name: Web page: Data: Accessed on:
Minnesota pollution control https://www.pca.state.mn.us/ WQ May, 2022
agency
Minnesota department of https://www.dnr.state.mn.us/ WQ May, 2022
natural resources
Wisconsin department of https://dnr.wi.gov/ WQ September, 2022
natural resources
North TeT_FErRate Lakes https://Iter.limnology.wisc.edu/ WQ September, 2022
Dane Counglgater Quality https://www.carpcwaterqualityplan.org/ WQ March, 2023
. 5'”.‘¢°e region https://www.lsrca.on.ca/opendata WQ January, 2023
conservation authority
University Of Minnesota https://conservancy.umn.edu/ WQ March, 2023
open library
Clean La_lke A”'?“C‘? (water https://www.cleanlakesalliance.org/ WQ March, 2023
quality monitoring)
USGS, Open-File Report .
2016-1050 https://pubs.usgs.gov/ wQ May, 2022
Environment and Climate Al
Change Canada https://climate.weather.gc.ca/ CD July, 2022
National \é\ll\legt:\f)r services https://www.weather.gov/mpx/mspclimate CD September, 2022
Esri's Wayback Living Atlas https://livingatlas.arcgis.com/wayback LULC March, 2023

Google Earth Pro
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Table D2. Epilimnion TP concentrations and ratios of DIP and TP in hypolimnion (for
the entire period of the available data).

DIP:TP (hypolimnion) TP (epilimnion) mg L
L1 0.76 0.045
L2 0.6 0.109
L3 0.51 0.043
L4 0.75 0.08
L5 0.4 0.007
L6 0.7 0.025
L7 0.8 0.038
L8 0.9 0.619
L9 0.6 0.186
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Table D3. Trend test coefficients for the Brunt-Vaisala frequency calculated without and
with salinity (*no statistical significance).

Kendall’s 1: BVF (t) Kendall’s 1: BVF (t, S)
(p>0.1) (p<0.05)
L1 0.15 0.28
L2 0.08 0.23
L3 0.16 0.21
L4 0.2 0.26
L5 0.12 0.18*
L6 0.15 0.21
L7 0.09 0.15
L8 0.21 0.34
L9 0.16 0.24
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Figure D1. The variance in the first 10-years trends of available data of the BVF
explained by four predictor variables as a percentage of variance explained by the full
model. L_average represents the average conditions for all lakes.
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